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1

Beyond the Stockholm Convention:
An Introduction to Current Issues and
Future Challenges in POPs Research

Stuart Harrad

Division of Environmental Health and Risk Management, School of Geography,
Earth, and Environmental Sciences, University of Birmingham, UK

The international significance of research into the sources, behaviour, fate, and effects of
persistent organic pollutants (POPs) is exemplified by the Stockholm Convention for which
the host organisation is the United Nations Environment Programme (UNEP). Following
extensive negotiation, it was adopted on 22 May 2001, entered into force 90 days after the
50th party had ratified it on 17 May 2004, and by late 2008 there were over 180 participants
(http://chm.pops.int/). The objective of the Convention is ‘to protect human health and the
environment from persistent organic pollutants’ Among other things, it recognises the need
for global action in recognition of the facts that POPs are toxic, resistant to degradation, and
bioaccumulative. Furthermore, they are capable of global transport via air, water, and
migratory species, and are deposited far from their place of release, where they accumulate
in terrestrial and aquatic ecosystems.

As of 2008, there are 12 chemicals (or groups of chemicals) that are listed under
the Convention. These 12 are listed in Table 1.1. The Convention also allows for the
inclusion of additional chemicals under its scope. Parties to the Convention may propose
such additions, and the case for their inclusion is considered by the POPs Review

Persistent Organic Pollutants Edited by Stuart Harrad
© 2010 Blackwell Publishing Ltd



2 Persistent Organic Pollutants

Table 1.1 Chemicals currently listed and under consideration for listing as POPs under the
Stockholm Convention

Currently listed Under consideration

Aldrin Chlordecone®

Chlordane Endosulfan

DDT Hexabromobiphenyl®

Dieldrin Hexabromocyclododecane
Endrin a-Hexachlorocyclohexane
Heptachlor B-Hexachlorocyclohexane
Hexachlorobenzene y-Hexachlorocyclohexane (Lindane)?
Mirex Octabromodiphenyl ether
Polychlorinated biphenyls Pentabromodiphenyl ether®
Polychlorinated dibenzo-p-dioxins Pentachlorobenzene
Polychlorinated dibenzofurans Perfluorooctane sulfonate?
Toxaphene Short chain chlorinated paraffins

“Already recommended by the POPs Review Committee (POPRC) for listing under the Convention.

Committee (POPRC). For a chemical to be included in the Convention, it must display the
following:

Persistence,

Bioaccumulation,

Potential for long-range environmental transport, and
Adverse effects.

Full details of the evidence required for these criteria to be fulfilled are included under
Annex A of the text of the Stockholm Convention. As of late 2008, a further 12 chemicals
were under consideration by POPRC for inclusion under the Convention. These are also
listed in Table 1.1.

Inspection of Table 1.1 reveals that while all those listed under the original test of the
Convention are organochlorines, those under consideration for inclusion include
one organofluorine and a number of organobromine chemicals. Hence while this book
addresses, to at least some degree, most or all of the chemicals listed in Table 1.1, it focuses
particularly on polychlorinated biphenyls (PCBs), hexabromocyclododecane (HBCD),
perfluorinated chemicals (PFCs), and polybrominated diphenyl ethers (PBDEs). These
are selected on the basis that they either:

(a) represent an example of a currently listed POP that, despite significant efforts, remains
of concern (i.e. PCBs), or

(b) are under consideration by POPRC and have been the subject of an explosion in
scientific interest in the last decade (HBCD, PFCs, and PBDEs).

Both HBCD and PBDE:s are examples of brominated flame retardants (BFRs). The recent
growth in the number of scientific papers addressing the environmental presence and
impacts of such chemicals has been quite phenomenonal. In a similar vein, there has been a
dramatic rise in concerns related to the environmental presence and impacts of perfluori-
nated chemicals (PFCs). Chapters 2 and 3 thus address current knowledge and research
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priorities related to these groups of contaminants — often referred to as ‘new’ or ‘emerging’
POPs.

Making progress with understanding the environmental processes and pathways by
which POPs transfer from their sources into wildlife and humans requires the application of
sophisticated measurement techniques. One such area that has seen particular recent growth
is the exploitation of the chiral properties possessed by several POPs. Chapter 4 describes
how recent research in this field has provided new insights into the environmental sources
and cycling of POPs.

Given the global nature of the Convention, it recognises that the nature of the problems
faced by developing countries, and their capacity to tackle these problems, are often distinct
from those associated with the developed world. For example, while in regions such as
North America and western Europe concerns are expressed about human exposure arising
from indoor contamination with BFRs emitted from items like consumer electronics,
developing world concerns about BFRs are more likely to be related to issues such as
emissions arising from the uncontrolled dumping and burning of BFR-containing waste,
often shipped from the developed world (Athanasiadou et al., 2008). The vast majority of
what is known about POPs concerns the developed world, despite evidence that substantial
problems exist in developing countries. It is for this reason that Chapter 5 of this book
addresses the situation regarding POP contamination in such regions.

The primarily agricultural applications of some organochlorine pesticides, combined
with the bioaccumulative potential and persistence of POPs that confers their well-
characterised capacity to accumulate in food chains, can lead to a perception that the
problems associated with POPs are largely to be found in rural, food-producing regions.
In reality the urban environment plays a pivotal role in driving the emissions of POPs.
Coupled with the ever-increasing rate of urbanisation, the specific physical characteristics
of our cities are also of interest as they interact with POPs in a very different fashion to rural
regions. Chapter 6 therefore examines urban issues related to POPs.

Traditionally, because measurements of human exposure to POPs via the diet exceeded
considerably that received via inhalation of outdoor air and ingestion of water, human
exposure via pathways other than diet have in the past been largely ignored. Recently,
however, researchers have realised that in instances where POPs have found appreciable
indoor applications, the resultant elevated indoor contamination, coupled with the high
proportion of time spent indoors (typically 90 % or more in many countries) renders
pathways of exposure other than diet of importance. In particular, the past widespread
deployment of PCBs in, for example, building sealants has led to concentrations in indoor
air that considerably exceed those present outdoors, to the extent that inhalation of such air is
an appreciable exposure pathway (Currado and Harrad, 1998). More recently, attention has
been drawn to the potential of incidental ingestion of indoor dust as a vector for exposure to
brominated flame retardants and perfluorinated stain-proofing chemicals that enter dust as a
result of their widespread deployment in electronic goods and fabrics, etc. (Abdallah,
Harrad, and Covaci, 2008; Jones-Otazo et al., 2005; Shoeib et al., 2005). This is of special
concern for infants and toddlers owing to their lower body weights and likely high dust
ingestion rates compared to adults. Chapter 7 therefore examines the state of knowledge
regarding the sources, levels, and human exposure implications of indoor contamination
with POPs.
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Finally, there is a perception that banning manufacture and new use of a POP will suffice
as a control measure. While such action will have a short-term beneficial impact, further
reductions in contamination are likely to be limited for as long as goods and materials
produced before the ban remain in use or are otherwise not destroyed. Where the ‘turnover’
or replacement time of such items is long, they will represent an ongoing emission source for
some time after implementation of the ban on manufacture. One example is the existence of
substantial stockpiles of unused organochlorine pesticides in developing countries. Another
scenario more pertinent to the developed world is the burden of POPs associated with goods
and materials contained within the built environment. In both such instances, the remaining
burden of these chemicals requires urgent action if their release into the environment is to be
prevented. The final chapter of this book describes how indoor contamination can migrate
outdoors, enter the food chain and thus ‘buffer’ dietary exposure. Potentially more
serious, however, is the potential for environmental contamination and concomitant human
exposure that exists if emissions arising from the end-of-life disposal of POPs-treated goods
and materials are incorrectly managed. Chapter 8 thus calls for a radical reevaluation of the
way in which we manage the life cycle of goods and materials treated with POPs, so that
environmental contamination at the end of their life is minimized.

In the four years since the Stockholm Convention came into force, there has been
substantial progress in our understanding of the environmental sources, behaviour, and
impacts of POPs. At the same time, new issues and challenges have emerged — not least the
identification of ‘new’ POPs like BFRs and PFCs — alongside the development of new
thinking and strategies to tackle the problems. This book is intended to go some way towards
identifying and describing these. In the author’s view, POPs are likely to continue to provide
extremely fertile research ground for the foreseeable future. Given the number of new
chemicals under consideration for listing under the Stockholm Convention — a trend that is
unlikely to abate anytime soon — it is imperative that scientists and policy-makers learn as
much as possible from current knowledge related to the sources, fate, behaviour, and effects
of those POPs listed currently and which have already been the subject of study for several
decades. Such action is essential to prevent us repeating the mistakes of the past.
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Brominated Flame Retardants

Robin J. Law

Centre for Environment, Fisheries, and Aquaculture Sciences (CEFAS), Lowestoft Laboratory,
Lowestoft, Suffolk, UK

2.1 Introduction

Brominated flame retardants (BFRs) are a diverse group of chemicals that are used to protect
the public from accidental fires by reducing the flammability of combustible materials such
as plastics and synthetic polymers (Watanabe and Sakai, 2003). The most widely used to
date are the polybrominated diphenyl ethers (PBDEs), hexabromocyclododecane (HBCD)
and tetrabromobisphenol-A (TBBP-A) (see Figure 2.1), although many other compounds
have been developed (Birnbaum and Staskal, 2004). Depending on the product being
produced and the flame retardant compound used, the flame retardant may be incorporated
either additively or reactively. In the former case the flame retardant is simply mixed with
the product at the production stage, in the latter the flame retardant is chemically bound. If
chemically incorporated, the flame retardant is less likely to leach from the product during
its lifetime. Up-to-date information on the levels of production of brominated flame
retardants are not available. The Bromine Science and Environmental Forum estimated
the total market demand for the major commercial BFRs by region in 2001 (Table 2.1).
Evidence of the environmental persistence of a number of BFRs has led to risk assessments
and risk reduction measures in a number of legislative areas, as well as voluntary emissions
control measures by industry. Subsequently, production and use of the penta-mix and octa-
mix PBDE formulations has ceased in the European Union following regulation in 2004,
and the deca-mix product was banned in 2008 following a ruling by the European Court of
Justice. Risk assessments for HBCD and TBBP-A have been completed within the
EU (European Commission, 2006, 2008; Eisenreich, Munn and Pakalin, 2007;
Spiegelstein, 2007). The reports of these risk assessments can be accessed on the website

Persistent Organic Pollutants Edited by Stuart Harrad
© 2010 Blackwell Publishing Ltd
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Br Br

Figure 2.1 Chemical structures of major flame retardant compounds: (a) polybrominated
diphenyl ethers, (b) hexabromocyclododecane, (c) tetrabromobisphenol-A, (d) decabromo-
diphenyl ether (BDE209)

of the European Chemicals Bureau at http://ecb.jrc.ec.europa.eu/home.php?CONTENU=/
DOCUMENTS/Existing-Chemicals/RISK_ASSESSMENT/REPORTY.

In the USA, penta- and octa-PBDE formulations were also voluntarily phased out in
2004. In Japan, the consumption of PBDEs is declining due to effective regulation and
voluntary restriction, while that of HBCD is increasing (Isobe et al., 2007). TBBP-A, the
most widely used BFR, is used primarily as a reactive flame retardant in printed circuit

Table 2.1 The usage (tonnes) of selected brominated flame retardants in different areas of the
world in 2001

Product Americas  Europe Asia Rest of the Total % of total
world world usage

TBBP-A 18000 11600 89400 600 119700 59

HBCD 2800 9500 3900 500 16700 8

Deca-mix PBDE 24500 7600 23000 1050 56100 27
formulation

Octa-mix PBDE 1500 610 1500 180 3790 2
formulation

Penta-mix PBDE 7100 150 150 100 7500 4
formulation

Total 53900 29460 117950 2430 203790
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boards (Birnbaum and Staskal, 2004), and so is be most likely to be observed close to
locations at which TBBP-A is produced and used. These should mostly be in Asia, which
currently has no controls in place on BFRs (BSEF, 2007; Law et al., 2008b).

2.2 Sources

In general, POPs are used in industrial or agricultural applications, and exposure depends
largely on proximity to these or to point-source discharges. For BFRs, the situation is
different, other than close to sites of production and use, e.g. textile manufacture. Analysis
of sewage sludges in a number of countries has demonstrated that there is little correlation
between BFR levels and the degree of industrial discharge to wastewater treatment plants.
The major source of background levels in sludge is from diffuse leaching of these
compounds into wastewater streams from users, households and industries generally
(Law et al., 2006a). Study of BFR concentrations in atmospheric samples has shown that
urban/suburban areas exhibit higher concentrations than semi-rural/rural areas (Harrad and
Hunter, 2004). BFRs are incorporated into many household products and house building
materials, and indoor air from buildings is acting as a source to the outdoor environment.
Similarly, household dust can be contaminated to high concentrations with BFRs, and this
forms a very significant exposure route, particularly for toddlers and small children (Ibarra
et al., 2007; Wilford et al., 2005). Another area that is receiving considerable attention at
present is the shredding and recycling of electronic waste (e-waste). In studies using Italian
ryegrass as a passive sampler, Wanner et al. (2007) showed summed BDE concentrations
up to 450 pg/kg dry weight around shredder plants in Bavaria. The highest concentrations
were observed in the vicinity of the oldest plant, and congener patterns were linked to the
material being processed, either containing the deca-PBDE or the penta- and octa-PBDE
products.

Occupational exposure of workers at plants using BFRs has been assessed for both
PBDEs and HBCD (e.g. see Sjodin et al., 2001). In the most recent study, Thomsen
et al. (2007b) studied HBCD in workers at a factory manufacturing expanded polystyrene to
which HBCD is added during production. As could be expected, workers exhibit serum
levels of HBCD higher than those observed in the general population, as for PBDEs. The
congener pattern for HBCD in the airborne dusts to which the workers were exposed closely
resembled that of the technical HBCD mixture used at the factory (ca. 80% y-HBCD), in
contrast to the usual distribution in humans and wildlife in which a-HBCD dominates. Of
particular concern in this respect is the situation in the Far East. In addition to areas such as
the Pearl River Delta in China having large numbers of electronics manufacturing and
assembling plants, e-waste is being imported into China at a current rate of 35 000 tonnes per
annum. Guiyu in China has become an intensive e-waste recycling site, and incomplete
combustion of e-waste and the dumping of processed materials are sources of various toxic
chemicals, including PBDEs. This is leading to increasing pollution of rivers and coastal
waters, and contamination of local fish and sediments (Guan et al., 2007; Luo, Cai and
Wong, 2007; Wong et al.,2007). BDE209 is the dominant PBDE congener in both the serum
of e-waste dismantling workers (Qu et al., 2007) and sediments in the area. The PBDE
market in Asia in 2001 accounted for 37% of world demand: 23 000 tonnes of deca-PBDE,
1500 tonnes of octa-PBDE and 150 tonnes of penta-PBDE (Guan et al., 2007).
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2.3 Overview of Measurement Techniques

This area has most recently been reviewed by Covaci et al. (2007a). Matrices commonly
analysed include air, dust, soils, sediments, sewage sludges and a wide variety of biota
samples, both terrestrial and aquatic (Law et al, 2008b). BFRs have not been widely
determined in water as these compounds are hydrophobic with high log K, values, and will
tend to bind to soils and sediments in preference to remaining in the water column. Covaci
et al. (2007a) have exhaustively covered extraction and clean-up techniques and it is not
proposed to repeat this material here — readers are referred to their review. It is, however,
worthwhile including some discussion on techniques for the determination of BFRs,
certified reference materials, quality control and the current performance within intercom-
parison exercises.

Mass spectrometry (MS) is almost universally applied within BFR analysis, although the
type of instrumentation applied and the mode of ionisation employed vary (Figure 2.2). For
the BDEs, GC-MS is routinely applied, with both high- and low-resolution MS instruments
in use. The ionisation mode used is either EIMS (electron impact MS mode) or ECNIMS
(electron capture negative ion MS mode), in the latter case generally monitoring the
bromine ions at 79 and 81 daltons. Essentially, GC-ECNIMS is functioning as a selective
detector for organobromine compounds in general. For congeners in the tri- to hepta-BDE
range (those deriving from the penta-mix PBDE formulation), the analysis and determina-
tion are relatively straightforward, and intercomparison exercises have shown a level of
intercomparability increasing with time and experience. In the octa- to deca-bromo BDE
congener range, which includes BDE183 (often considered a marker for the octa-mix
formulation), BDE209 (the main congener found in the deca-mix product) and the
intermediate octa- and nona-bromo congeners that could be generated by debromination
of BDE209 (an issue at the heart of the debate over the environmental risk posed by the deca-
mix), analysis is less simple. Taking BDE209 as the most extreme example, with a
log Kow ~ 9, due to its thermal instability, photosensitivity and its ability to bind strongly
to surfaces, including laboratory glassware, determination of this congener is problematic.
Achieving clean blanks and avoiding cross-contamination due to incompletely cleaned
glassware are key, as is optimising the GC conditions. Lack of thermal stability can be
circumvented by the use of short GC columns. Photosensitivity can be countered by using
amber glassware or wrapping clear glassware in aluminium foil and using UV light filters on
windows and fume cupboard fronts. '*C-labelled BDE congeners are available for use as
internal standards, and this is particularly important for BDE209. Protocols suitable for the
determination of BDE209 have been developed (de Boer et al., 2001) and need to be applied
stringently if good interlaboratory agreement is to be achieved. This should not cause
analysis of BDE209 to be neglected, as itis a high-production volume compound and widely
distributed in the environment, but the best available methods should be used in all studies,
with an appropriate level of quality control. Recently, a range of fluorinated BDE congeners
have been produced as alternatives to '*C-labelled congeners. Another technique that has
been applied to the analysis of BDEs is comprehensive two-dimensional gas chromatogra-
phy (GC x GC) (Korytar et al., 2005, 2006) in order to try to solve problems of co-elution of
some BDE congeners with other brominated compounds, which occurs on a single
GC column. Even with the most effective combination of GC columns, the number of
co-elutions was reduced but not eliminated entirely.
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Figure 2.2 Chromatograms of major BFRs: (a) tri- to octa-BDE congeners, (b) BDE209
(decabromodiphenyl ether), both analysed by gas chromatography—electron capture negative
ion mass spectrometry using a column of 50 m length in (a) and of 15 m length in (b), where in (a)
CB200 is the internal standard; (c and d) HBCD analysed on a diastereoisomer-specific basis by
LC-MS. TBBP-A can be analysed in the same analytical run, but is seldom detected in UK
samples. Samples analysed were: (a) blubber from a harbour porpoise SW2003/186 stranded
at Hell’s Mouth, Gwynedd, 26 March 2003, (b) dredged sediment from Billingham Reach, River
Tees, 29 November 2005, (c) blubber from a harbour porpoise SW2005/348B stranded at
Dunoon, Strathclyde, 19 February 2005, (d) blubber from a harbour porpoise SW2006/41
stranded at Putney Bridge, London, 21 January 2006

HBCD has also been determined using GC-MS, but this approach cannot be recom-
mended. This is because HBCD degrades on passage through the GC column due to its
thermal instability, meaning that it is not possible to determine the three diastereoisomers
(a-, B- and y-HBCD) using this technique, and that even for the determination of
total HBCD a broad peak is observed. The determination of HBCD on an individual
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diastereoisomer basis by LC-MS is fully established (Budakowski and Tomy, 2003; Morris
et al., 2003, 2006; Tomy et al., 2003). Care must be taken in establishing the method so as to
avoid problems with ion suppression, and internal standards ('*C-labelled or deuterated
HBCD isomers) (Morris et al., 2006) should be used routinely for quantification. HPLC on
chiral columns has also been used to identify the following separate HBCD enantiomer
pairs, (+—)a-, (+/-)B- and (+/~y-HBCD (Heeb et al., 2005; Janak et al., 2005).

TBBP-A is determined only rarely, probably because where it has been determined
concentrations are significantly lower than those of the BDEs or HBCD (see, for example,
Law et al, 2006b). Even these may be overestimates due to analytical difficulties (Law
et al., 2008a). It can be determined using LC-MS, in the method described by Morris
et al. (2006) concurrently with HBCD in a single analytical run. TBBP-A is used as a
reactive flame retardant, primarily in printed circuit boards for electronic equipment such as
computers, and so is less likely to leach from the products during use than additive flame
retardants. Studies around areas of production and use, when the compound is in its
unreacted state, are therefore recommended as a worst-case situation. This suggests that
TBBP-A may be more important as an environmental contaminant in Asia than in Europe
and North America.

The availability of certified or standard reference materials (CRMs/SRMs) is an impor-
tant aspect of analytical quality control and method development, and only two are currently
available for BFRs. These are SRM1589a (freeze-dried human serum) and SRM 2585
(household dust), both available from the National Institute of Standards and Technology in
the USA. SRM1589a is certified for four BDE congeners, with indicative values for three
more, while SRM2585 is certified for 15 congeners, including BDE209. In addition,
indicative values have been developed for a range of other reference materials (Zhu and
Hites, 2003; Kucklick et al., 2004; Stapleton et al., 2006, 2007).

Since 1999, a number of international intercomparison exercises have been organised with
the aim of assessing and improving the quality of BFR analysis, the most important are
summarised in Covaci et al. (2007a). A broad range of matrices have been used, including soils,
sediments, fish and bird tissues, reindeer meat and whale blubber. Most have involved the
determination of BDEs, but HBCD and TBBP-A were included in a few exercises. A series of
exercises conducted within the laboratory proficiency scheme QUASIMEME (Quality Assur-
ance of Information for Marine Environmental Monitoring in Europe) has shown improved
comparability over time for a number of BDE congeners (BDE47, BDE99, BDE100, BDE153
and BDE154) (de Boer and Wells, 2006). However, BDE183 and BDE209 still cause serious
difficulties for most participating laboratories. Also, only a minority of laboratories can carry
out reliable analyses for HBCD and TBBP-A. When examining data reported in the literature,
for BDE209 and HBCD in particular, readers should carefully scrutinise the quality assurance
information given before accepting data at face value.

2.4 Physicochemical Properties and Their Influence on Environmental
Fate and Behaviour

The potential for organic compounds to bioaccumulate is a function of their lipophilicity,
usually expressed as the logarithm of the octanol-water partition coefficient, or log K. In
the UK, the Chemicals Stakeholder Forum assesses compounds using criteria whereby
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Table 2.2 Indicative log Ky, values for selected BFRs

Compound Log Kow Reference

BDE3 4.8 Palm, Brorstrom-Lundén and Breivik, (2004)
BDE15 5.0 Wania and Dugani, (2003)

BDE28 5.5 Wania and Dugani, (2003)

BDE47 6.1 Wania and Dugani, (2003)

BDE99 6.6 Wania and Dugani, (2003)

BDE100 6.5 Wania and Dugani, (2003)

BDE153 7.1 Wania and Dugani, (2003)

BDE183 7.1 Wania and Dugani, (2003)

BDE209 10 Wania and Dugani, (2003)

HBCD 5.6 Commission on Life Sciences, (2000)
a-HBCD 4.9-5.3 Hayward, Lei and Wania, (2006)
B-HBCD 5.0-5.4 Hayward, Lei and Wania, (2006)
v-HBCD 5.3-5.9 Hayward, Lei and Wania, (2006)
TBBP-A 59 European Commission, (2006)

potentially bioaccumulative compounds are defined as those for which log K, > 4, with
those for which log K,,,, >5 being defined as potentially very bioaccumulative compounds.
From the indicative values of log K, given in Table 2.2, all of these flame retardant
compounds have bioaccumulation potential. (Values are described as indicative as they are
derived from a variety of experimental and estimation studies and can carry large
uncertainties; see Hayward, Lei and Wania, 2006). For large molecules, this tendency for
accumulation is inhibited due to their large size, and BDE183 (722 daltons) and BDE209
(959 daltons) are less bioaccumulative than the di- to hepta-brominated congeners.

Modelling approaches to assess the long-range transport potential of both the BDEs and
HBCD have been undertaken (Wania and Dugani, 2003; Drohmann, 2006). For HBCD and
highly brominated BDE congeners such as BDE209, it was concluded that they have a very
low potential to reach remote areas. The tetra- and penta-brominated congeners were shown
to have a similar potential for long-range transport and accumulation in the Arctic as that of
hexa- and hepta-chlorinated CBs. This suggests that some BDEs and other BFRs with
similar physical properties will undergo long-range transport, deposition and revolatilisa-
tion (a process known as the ‘grasshopper effect’; see de Wit, Alaee and Muir, 2006).
Subsequently, Ter Schure et al. (2004) reported a dominance of particle-associated BDE209
in air over the Baltic Sea, and the detection of BDE209 and HBCD in both abiotic and biotic
samples from Arctic and other remote locations (de Wit, Alace and Muir, 2006; Law
et al., 2005, 2006a) forced a reconsideration of these conclusions. Gouin et al. (2006) and
Breivik et al. (2006) have suggested that, as BDE209 is largely associated with atmospheric
particles, it has an enhanced ability for long-range transport adsorbed to aerosol particles.
For HBCD, modelling of degradation pathways indicated that HBCD is not expected to
persist in the aquatic environment (Admon et al., 2007). This work indicated that the first
stages of degradation occurred under anaerobic conditions, during which HBCD can be
sequentially debrominated to ¢, 7, t-cyclodecatriene. Then, under aerobic conditions, this
compound is mineralised to CO,. The authors concluded that the major environmental sink
for HBCD would be sediments, while environmental studies indicate very high concentra-
tions in some aquatic biota, such as harbour porpoises (Law et al., 2006b, 2006c¢).
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2.5 Overview of Toxicology

Due to the persistence, bioaccumulation and potential for chronic toxicity in both wildlife
and humans, BFRs are of concern (Birnbaum and Staskal, 2004), although the degree of
toxicological knowledge to date is inadequate for a full assessment of risks to be made.
Initially, it was assumed that the toxicology of BDEs would parallel that of CBs due to the
structural similarities (Hooper and McDonald, 2000), possibly including dioxin-like
activity for some congeners. Based upon structure—activity relationships with polychlori-
nated biphenyls, polychlorinated diphenyl ethers and other compounds, some of the
persistent and bioaccumulative BDE congeners were thought likely to cause cancer and
thyroid and/or neurodevelopmental toxicity in both humans and wildlife. Schechter
et al. (2003) noted BDE209 as a possible human carcinogen following a 2 year chronic
rodent bioassay, although this effect was observed in laboratory animals only at very high
levels of exposure. The authors also noted that the penta- and octa-mix PBDE formulations
are more bioactive, with possible endocrine, hepatic, reproductive and neurodevelopmental
toxicities. Currently, work is also underway to elucidate the toxicity of common congeners
of the BDEs (see, for example, Kuiper et al, 2004; Cantén et al., 2006; Muirhead
et al.,2006; Hu et al., 2007; Lema et al., 2007). In the most recent study of BDE toxicology,
van den Berg (2007) concluded that BDEs can no longer be considered as dioxin-like
compounds and that it is now accepted that they may have toxicological similarities with
ortho-substituted CBs such as CB153. Endocrine-related effects have also been reported for
several BDE congeners and their hydroxyl metabolites. In vitro effects of OH-BDEs have
been observed with the oestrogen receptor, thyroid hormone transporting protein (trans-
thyretin, TTR) and the stereoidogenic enzymes CYP17 and CYP19. Recent semi-chronic
studies within the EU FIRE programme with several BFRs, including penta-BDE and deca-
BDE, have shown that similar effects can also be seen in vivo.

Similar isomer-specific studies are also needed for HBCD. Acute toxicity tests sponsored
by industry have shown low toxicity for the commercial formulation (dominated by -
HBCD) (Drohmann, 2006). However, in wildlife, the «-HBCD isomer is predominant (Law
et al., 2006¢). Also, Darnerud (2003) had concluded earlier that there was a lack of relevant
studies of high quality that could form a basis for risk assessment of HBCD. Law
et al. (2006¢) noted that the database on nonlethal effects is still incomplete and highlighted
the need for more information on neurotoxicology, developmental toxicity and the potential
for endocrine disruption. Covaci et al. (2006) noted a range of effects from HBCDs
including developmental toxicity and effects on the thyroid hormone system and indicated
that further research on the levels at which these effects occur is required.

2.6 Environmental Levels — Present, Past and Future Temporal Trends

Initial concern regarding BFRs was raised by studies in Sweden in 1980, which demon-
strated the presence of polybrominated compounds (PBDEs) in environmental samples
(Andersson and Blomkvist, 1981). Subsequently, this concern was heightened by further
studies, which showed an exponential increase in levels of BDEs in human milk samples
during the 1990s (Meironyté, Norén and Bergman, 1999). This sparked an interest within
the European Union and began a programme of risk assessments of the continued
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production and use of BFRs, which is ongoing and has so far led to the removal of all three
PBDE products from the EU market. Subsequently, BDE congener concentrations relevant
to the penta- and octa-products in human milk in Sweden have begun to decline (Meironyté
and Norén, 2001). In the USA and Canada, where use of the penta-BDE product has
continued beyond the date of the EU ban, concentrations in human milk are much higher
than those in Europe and the Far East (Figure 2.3) and are probably still increasing.
Temporal trends for BFRs have been examined in a variety of matrices and locations, and I
propose to concentrate on these rather than on a catalogue of environmental concentrations.
Readers are referred to the original publications for these for the most part, or to recent
comprehensive reviews (Covaci et al., 2006; de Wit, Alace and Muir, 2006; Law
et al., 2006a, 2008b) and the references therein.

BFRs bioaccumulate in both aquatic and terrestrial food chains and are commonly
detected in samples of air, household dust, sediments and soils, sewage sludges, birds and
their eggs, fish and marine mammals (Law et al., 2006a). BDE209 is generally not detected
in aquatic biota, but can accumulate in terrestrial food chains with a biomagnification factor
< 1. Earthworms may be a significant vector for this (Law et al.,, 2006a). BDE209 has been
reported in fish, etc., at concentrations close to the limit of detection, but these data need to
be treated with caution due to analytical difficulties in the determination of this congener
listed above.

A number of recent trend studies are summarised below. Settled sediments from lakes and
undisturbed (preferably anoxic) sediments represent a historical record of contaminant
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Figure 2.3 International comparison of median (*mean) concentrations of summed BDE
congeners (ug/kg lipid weight) in human milk. After Toms et al., 2007, with supplementary
data. Data are taken from Baumann et al., 2003; Bi et al., 2006, Bordajandi, Abad and
Gonzalez, 2008; Darnerud et al., 2002; Eslami et al., 2006, Fangstrom et al., 2004; Fiirst, 2006,
Jaraczewska et al., 2006, Kalantzi et al., 2004; Ryan et al., 2002; Schechter et al., 2003, 2006,
Strandman, Koistinen and Vartiainen, 2000; Sudaryanto et al., 2005; Toms et al., 2007;
Tsydenova et al., 2007
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concentrations scavenged from the overlying waters by sediment particles, which are later
deposited in the bed sediments. Three dated sediment cores from locations in western
Europe (the Drammenfjord in Norway, the western Wadden Sea in the Netherlands and Lake
Woserin in Germany) analysed for 14 BDE congeners showed a time-dependent pattern in
BDE distribution (Zegers et al., 2003). Two of the three commercial formulations could be
distinguished. The penta-PBDE product was clearly present from the beginning of the
1970s, but the deca-PBDE product only appears in the late 1970s. This is in agreement with
data for the industrial production of these two formulations and, in the environment overall,
concentration trends generally parallel the production data as far as these can be accessed
and assessed. The octa-PBDE product was not observed. In the cores from the Netherlands
and Germany, concentrations of BDE congeners associated with the penta-PBDE product
were levelling off in the most recent layers (1995 and 1997) whereas those in Norway were
still increasing in 1999. The levels of BDE209 decreased in the most recent layers of all three
cores. The absence of all BDE congeners in the older (deeper) layers of all three cores, as
well as in several 100150 million year old layers of clay from Kimmeridge, UK, indicated
that these BDE congeners are not produced naturally, although some methoxy-BDEs are
produced by marine animals (Teuten, Xu and Reddy, 2005). In a similar study of three
sediment cores taken in Japan, the highest concentrations of summed BDEs, BDE209 and
HBCD were observed in the surface layers of each core. PBDEs appeared in the layer dated
to the mid 1940s, while HBCD was not detected until the early 1970s. Declining inputs of
congeners from the penta- and octa-PBDE products following their discontinued use in the
1990s has stemmed increases in concentrations for these compounds (Tanabe ef al., 2007).
Chen et al. (2007) studied three sediment cores from the Pearl River Estuary in south China.
Summed BDE concentrations (without BDE209) increased gradually from the mid 1970s to
the early 1990s, followed by differing trends in the three locations. BDE209 concentrations
remained constant until 1990 and thereafter increased exponentially, with doubling times of
2.6 to 6.4 years, reflecting the increasing market demands for the deca-PBDE product in
China in the 1990s due to growth in the electronics manufacturing industry. In a core from
Lake Ontario, Canada, concentrations of BDEs (tri- to hepta-bromo BDEs, BDE209) and
BTBPE (1,2-bis-(2,4,6-tribromophenoxy)ethane) began rising steeply during the early
1980s (Qiu, Marvin and Hites, 2007). Sudaryanto et al. (2007) determined BDEs in 119
sediment samples from several countries in Asia and three sediment cores from Tokyo Bay.
Higher concentrations of BFRs were found in coastal waters of Korea, which is one of the major
consumers in Asia. BDE209 was the dominant congener (80—100%) in all countries, whereas
levels of BDE congeners deriving from the penta- and octa-PBDE products were much lower.
Analyses of the sediment cores showed that concentrations of BDE209 and HBCD increased
in the upper layers, coincident with the growing use of these commercial products.

Temporal trends of BFRs in lake trout from Ontario over the period 1979-2004 were
studied by Tomy et al. (2007). Summed BDE concentrations showed a linear increase from
1979 to 1998, followed by an apparent decrease in 2004. Concentrations of HBCD were
between 2.0 and 4.1 ug/kg lipid weight, and showed a declining trend during sampling
years. BTBPE (now replacing the penta-PBDE product) showed a strong linear increase
from 1979 to 1998, followed by a small decline in 2004. BDE209 showed a linear increase in
concentrations over the whole period, consistent with usage patterns.

Takahashi et al. (2007) reviewed recent studies on BFRs in the Asia—Pacific region. BDE
concentrations in mussels from Hong Kong and Korea were higher than in those from other
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locations (Cambodia, China, India, Malaysia, the Philippines and Vietnam). The analysis of
archived marine mammal samples from Asian waters taken from a specimen bank have
demonstrated that, in general, environmental levels of BDEs and HBCD have risen
significantly over the past 30 years (Tanabe et al., 2007). In striped dolphin, for example,
mean concentrations of summed BDEs increased from 13 ug/kg lipid weight in 1978
to 640 ug/kg lipid weight in 2003. An increasing trend was also observed for HBCD, from
12 pg/kg lipid weightin 1978 to 710 pg/kg lipid weight in 2003. In the UK, concentrations of
BDEs, HBCD and TBBP-A have been determined in the blubber of harbour porpoises
deriving from the national Cetacean Strandings Project. Maximum concentrations observed
were:

Summed di- to octa-BDE congeners 15700 pg/kg lipid weight
BDE209 Not detected in any samples
HBCD 21300 pg/kg lipid weight
TBBP-A 38 ug/kg lipid weight

Investigation of possible time trends in HBCD concentrations in harbour porpoises from
the UK indicated a sharpincrease from about 2001 onward, which was not confounded by age,
sex, nutritional status or location (Law et al.,2006b). This may have been aresult of changing
patterns in the use of HBCD following controls on two PBDE formulations in the EU. A later
study, however, showed a significant decrease in HBCD concentrations to have occurred
between 2003 and 2004, possibly as a result of the closure of a manufacturing plant in NE
England and the introduction of improved emission controls during use (Law et al., 2008a).

Hassanin et al. (2005) determined BDEs in archived pasture samples collected in the UK
between 1930 and 2004. BDEs could not be routinely detected in samples before 1970. The
general trend thereafter was: (1) arise through the 1970s, (2) a mini-peak in the mid 1980s
and (3) amore recent decline consistent with controls on the use of the penta- and octa-mix
commercial products in the EU (Law et al., 2006a).

The presence of BDE209 at low but readily detectable concentrations in a variety of
organisms and lake sediments from the Arctic shows that even very nonvolatile chemicals
can reach this polar region (Muir, Alaee and de Wit, 2007), presumably due to transport on
atmospheric particles. Overall, concentrations of BFRs measured to date in the Arctic are
very low compared to those of ‘legacy’ POPs. There are a number of semi-volatile BFRs
which, due to their relatively long predicted atmospheric half-lives, could undergo airborne
transport and which therefore represent good candidates for future surveys of spatial and
temporal trends, both in the Arctic and elsewhere (Muir and Howard, 2006). For discussion
purposes, Muir and Howard list 30 chemicals with high predicted bioconcentration and a
low rate of biodegradation and 28 with long-range atmospheric transport potential. There is
now a vast quantity of data concerning BDEs, and some of this effort could in the future be
diverted to the study of ‘novel’ compounds.

2.7 Human Exposure — Magnitude and Relative Significance of Pathways

In a number of studies, intake of BFRs from consumption of fish and shellfish have been
shown to form a significant (or the dominant) part of the total dietary intake. In a US study,
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fish exhibited the highest concentrations of BDEs and HBCD, followed by meat and dairy
products. As meat is consumed to a much greater degree than fish in the USA, meat was the
primary source of dietary intake of BDEs (Schechter et al., 2007). In a more localised study
around Lake Mjgsa in Norway, Thomsen et al. (2007a) studied the relationship between
elevated levels of BDEs in fish and the anglers who consumed them. A study of 66 anglers
showed their individual dietary intakes to correlate well with serum concentrations for
several of the lower brominated congeners. Median dietary intake for summed BDEs was
30ng/kg body weight/day, the highest reported. The consumption of fish from the
contaminated lake was 98.7% of total dietary exposure. Serum levels of HBCD were also
correlated to the calculated BDE intake, although HBCD intakes could not be estimated.

Sobrado et al. (2007) determined BDEs in commercial fishery and aquaculture products
from Spain, studying 49 samples from 11 groups. Maximum summed BDE concentrations
ranged from 0.07 pg/kg wet weight in raw tuna to 3.5 pg/kg wet weight in salmon, and were
higher in the more fatty samples. In samples from Catalonia, Spain, collected in 2006,
analysis of food samples showed the highest summed BDE concentrations to occur in
shellfish (427 pg/kg wet weight), followed by oils and fats (259 pug/kg wet weight) and eggs
(80 ng/kg wet weight) (Bocio et al., 2007). Dietary intake for a male of 70 kg was 86 ng/day
(1.2 ng/kg body weight/day). This showed a 30% reduction since an earlier study in 2000.

In China, the median intake of summed BDEs via fish consumption was 1.7 to 13 ng/day
(0.02 to 0.2ng/kg body weight/day for a 70kg adult). Intakes via fish consumption are,
therefore, at the lower end of the global range, although the authors noted that human
exposure via inhalation in China is relatively high (Meng et al., 2007). HBCD, TBBP-A and
summed BDEs were studied in a total diet food study from Japan in 2002 and 2005 (Murata
et al.,2007). Estimated dietary intakes for an adult were 2.2, 1.1 and 2.3 ng/kg body weight/
day (respectively) in 2002 and 1.4, 0.1 and 1.4 ng/kg body weight/day (respectively) in 2005.

The study by Hites ez al. (2004) of BDEs in farmed and wild salmon promoted discussions
regarding the consumption of fatty fish. The health benefits of omega-3 fatty acids are clear,
but the consumption of (especially) farmed fish exposes consumers to higher intakes of
lipophilic contaminants (including BDEs) and so presumably to an additional health risk
(Law et al., 2006a). The development of less contaminated feeds for use in salmon farms
may be a way of reducing this risk.

Covaci et al. (2007b) also studied BDE:s in fish oil dietary supplements. Despite being
taken daily, the authors concluded that their consumption did not significantly increase daily
intakes of BDEs. The median daily intake from dietary supplements was 8 and 16 times
lower than the intake from fish consumption alone or from a total diet, respectively.

Trudel et al. (2007) studied dietary exposure with the aim of understanding why
concentrations in human milk from North America are 10 to 100 times higher than in
Europe. The range of exposure for infants in North America was 8-800 ng/kg body weight/
day, while in Europe it was 1-130 ng/kg body weight/day. Infants had the highest exposures,
followed by toddlers and children. Teenagers and adults had the lowest exposures.

Human milk has been widely studied in relation to BFRs, particularly the BDEs.
Figure 2.3 summarises data worldwide in order to demonstrate overall trends. As can be
seen, it is generally the case that the highest concentrations are observed in the USA and
Canada, intermediate concentrations in the UK and the Faroe Islands, and lower concen-
trations in the rest of Europe and the Far East. Australia does stand out as higher than
expected on this trend basis.
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Figure 2.4 Summed BDE congener concentrations (ug/kg lipid weight) in each pool of blood
serum analysed by the respective mean age (in years) of donors in each pool. Each data point
represents a pool of up to 100 blood samples. (Reproduced by permission from Environmental
Science and Technology, Higher Accumulation of Polybrominated Diphenyl Ethers in Infants
Than in Adults, by Toms, L.-M. L., Harden, F., Paepke, O., Ryan, J. J., Hobson, P., Mueller, . F.,
42(19), 2510-2515. Copyright 2008 American Chemical Society)

In a study of human blood serum in Australia undertaken in 2002/2003 and 2004/2005, a
trend by age was observed with elevated summed BDE concentrations in the 0—4 years and
<16 (5 to 15 years) age groups compared to the >16 years age groups (Figure 2.4). The
PBDE concentrations in the youngest groups were up to a factor of 4 higher than those in the
older groups, and any decrease with age >20 years old were small. These data presumably
reflect a greater exposure from household dust to the youngest children, reducing with age.

Although it is possible to document differences and trends in human exposure to BFRs
and the consequent levels in human milk and blood, assessing their significance in
toxicological terms is much more difficult. Knowledge of human toxicology for BFRs is
incomplete, i.e. whether the levels observed in humans (and, indeed, wildlife) are high
enough to generate effects is unclear (Birnbaum and Staskal, 2004). A recent report has
linked summed BDE concentrations in human milk with the prevalence of cryptorchidism in
boys from Denmark and Finland (Main et al., 2007). The concentration of summed BDEs
was significantly higher in human milk from the mothers of boys with cryptorchidism
(p < 0.007). Adverse effects on endocrine function (in this case, testicular descent and
hormonal function) may result from either prenatal or lactational exposure, as may
neurobehavioural effects, within specific developmental time windows (Hooper and
McDonald, 2000). If this is so, then the health of foetuses and infants can only be protected
by reducing the mothers’ exposure to BFRs and so their body burdens. Replacing some of
the current use BFRs by less lipophilic, persistent and potentially toxic alternatives would be
the preferred strategy, although effective limits to emissions of current BFRs would also
contribute. Given the higher concentrations observed in human milk from North America
than in other areas of the world, children in the USA and Canada are the most at risk
currently. Overall, additional information is needed on human toxicology for BFRs before
risks can be fully assessed.
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2.8 Summary and Conclusions

Of the main flame retardants currently in use, the PBDEs and HBCD are ubiquitous
environmental contaminants with the ability to be transported to remote areas. BDE209
generally dominates the BDE congener profile in sediments. TBBP-A has been detected at
only low concentrations to date, but additional studies are needed in proximity to sites of
production and use, the latter largely in Asia as a worst-case scenario.

There is now a large amount of data on environmental levels and trends for BDEs. In order
to develop a fuller picture of the current situation regarding the full range of BFRs currently
in use, some of this effort should in the future be diverted to the study of ‘novel’ compounds
for which data are sparse or nonexistent.

BDE209 is present in many sediments at high concentrations, but has a low bioaccu-
mulation potential. It does accumulate in the tissues of terrestrial birds, but either not or only
to very low concentrations in aquatic species (Law et al., 2006a). There is still, however,
concern that BDE209 may debrominate in the environment to yield more mobile and
potentially toxic congeners. BDE209 is photolytically labile and studies have shown
debromination to tetra- to nona-bromo congeners under both UV light in the laboratory
and outdoor sunlight (Soderstrom et al., 2004). Laboratory experiments have also shown
debromination of BDE209 fed to carp using spiked food pellets (Stapleton et al., 2004). At
least seven penta- to octa-brominated congeners were formed during 60 days exposure,
including BDE153 and BDE154. The true significance of BDE209 debromination in the
environment, however, remains to be established.

Thereisnodoubt thatthe use of BFRshas a societal benefitinreducing the frequency, severity
and impact of fires. However, many of the current compounds are persistent, bioaccumulative
and (potentially, at the least) toxic to humans and wildlife. Whether the most appropriate BFRs
are currently inuse or whether other currently available or new compounds would be as effective
with fewer environmental disbenefits remains to be established.
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3.1 Introduction and Nomenclature

Perfluoroalkyl compounds (PFCs) consist of a perfluoroalkyl chain (where all hydrogen
atoms are replaced with fluorine atoms) and a hydrophilic end group, with the general
structure F(CF,),R. The perfluoroalkyl chain may be of varying lengths, typically n =4 to
15. Several specific classes of PFCs are discussed below. As research in this field continues
and analytical standards and methods evolve, the number of PFCs observed in environ-
mental samples continues to increase.

3.1.1 Polyfluorinated Sulfonamides (FSAs)

Polyfluorinated sulfonamides have the general structure F(CF,),SO,NR1R2, where R1 is
typically —H, —CHj3; or —CH,CH3; and R2 is typically —H or —CH,CH,OH. (Table 3.1)
Generally, n = 4 or 8 and the resulting FSAs are more specifically described as perfluorobutyl
sulfonamides or perfluorooctyl sulfonamides respectively. When R2 is —CH,CH,OH, the
FSA is also referred to as a polyfluorinated sulfonamidoethanol.

3.1.2 Fluorotelomer Alcohols (FTOHs)

The general structure of fluorotelomer alcohols is F(CF,),,CH,CH,OH, where usually n = 4,
6, 8, 10 or 12 (Table 3.1). FTOHs are named based on the ratio of fluorinated carbons to
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Table 3.1 Perfluoroalkyl chemicals of interest, including chemical structures and abbreviations

Class Compound Abbreviation  Formula
Polyfluorinated N-methy! perfluorobutane NMeFBSE F(CF,)4SO,N(CH3)
sulfonamides sulfonamidoethanol CH,CH,0OH
(FSASs) N-ethyl perfluorobutane NEtFBSE F(CF,)4SO,N(CH,CH5)
sulfonamidoethanol CH,CH,OH
Perfluorooctane sulfonamide  PFOSA F(CF,)gSO,NH,

N-methy! perfluorooctane NMeFOSA F(CF,)§SO,N(CH3)H
sulfonamide

N-ethy! perfluorooctane NEtFOSA F(CF,)§SO,N(CH,CH53)H
sulfonamide

N-methy! perfluorooctane NMeFOSE F(CF,)§SO,N(CH3)

sulfonamidoethanol CH,CH,OH
N-ethy! perfluorooctane NEtFOSE F(CF,)§SO,N(CH,CHj5)
sulfonamidoethanol CH,CH,OH
Fluorotelomer 4 2 fluorotelomer alcohol 4:2 FTOH F(CF,)4,CH,CH,OH

Alcohols 6: 2 fluorotelomer alcohol 6:2 FTOH F(CF,)¢CH,CH,OH

(FTOHs) 8:2 fluorotelomer alcohol 8:2 FTOH F(CF,)sCH,CH,OH
10: 2 fluorotelomer alcohol 10:2 FTOH F(CF,);oCH,CH,OH
12 :2 fluorotelomer alcohol 12:2 FTOH F(CF,),,CH,CH,OH

Perfluoro- Perfluorobutane sulfonate PFBS F(CF,)4,SO5~
sulfonates Perfluorohexane sulfonate PFHXS F(CF,)6SO5

(PFSAs) Perfluorooctane sulfonate PFOS F(CF,)gSO3
Perfluorodecane sulfonate PFDS F(CF4)10S05

Perfluoro- Perfluorohexanoate PFHXA F(CF,)sCO,
carboxylates Perfluoroheptanoate PFHpA F(CF,)6CO,

(PFCAs) Perfluorooctanoate PFOA F(CF,),CO,
Perfluorononanoate PFNA F(CF,)sCO,
Perfluorodecanoate PFDA F(CF,)oCO,
Perfluoroundeconate PFUA F(CF,)10CO;,
Perfluorododecanoate PFDoA F(CF,);,CO,
Perfluorotridecanoate PFTriA F(CF,);,CO,
Perfluorotetradecanoate PFTetA F(CF,):3CO,
Perfluoropentadecanoate PFPA F(CF,)14CO,
Perfluorohexadecanoate PFHXxDA F(CF,);5CO,

Fluorotelomer 6:2 fluorotelomer 6:2 FTCA F(CF,)CH,CO,~
carboxylates carboxylate
(FTCAs, 6: 2 fluorotelomer 6:2 FTUCA F(CF,)¢CHCO,~
FTUCASs) unsaturated carboxylate
8:2 fluorotelomer 8:2 FTCA F(CF,)sCH,CO5~
carboxylate

8:2 fluorotelomer 8:2 FTUCA F(CF,)sCHCO,~
unsaturated carboxylate

10: 2 fluorotelomer 10:2 FTCA F(CF,);oCH,CO,~
carboxylate

10: 2 fluorotelomer 10:2 FTUCA  F(CF,);oCHCO,™
unsaturated carboxylate

Fluorotelomer 6:2 fluorotelomer sulfonate  6:2 FTS F(CF,)CH,CH,SO5™
sulfonates THPFOS
(FTSs) 8: 2 fluorotelomer sulfonate ~ 8:2 FTS F(CF,)gCH,CH,SO5~

10: 2 fluorotelomer sulfonate  10:2 FTS F(CF,);0CH,CH,SO5~
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hydrogenated carbons in the molecule. For example, when n =4, the resulting compound is
referred to as the 4:2 FTOH.

3.1.3 Perfluoroalkylsulfonic Acids/Perfluoroalkylsulfonates (PFSAs)

Perfluoroalkylsulfonic acids have the general structure F(CF,),SO3;H, where typically
n=4, 6, 8 or 10 (Table 3.1). The most common PFSA is perfluorooctanesulfonic acid
(PFOS, n=38). Given the small pKa values of these compounds, approximately —12 [1],
PFSAs dissociate completely in the environment:

F(CF,),SO3H + H,0 — F(CF,), 805~ + H;0 " (3.1)

As such, when considering this class of compound as environmental contaminants, they
are referred to as the perfluoroalkylsulfonates. It is also important to note the PFSAs are
anionic surfactants.

3.1.4 Perfluorocarboxylic Acids/Perfluorocarboxylates (PFCAs)

The general structure of perfluorocarboxylic acids is F(CF,;) COOH. Generally, PFCAs
consist of 6 to 16 carbon atoms, where x =5 to 15 (Table 3.1). Within this group of PFCAs,
the most common is perfluorooctane carboxylic acid (PFOA, 8 carbon atoms). It should be
noted, however, that trifluoroacetic acid (TFA, 1 carbon atom) is also a common and well-
studied PFCA [2, 3]. Similar to the PESAs, the PFCAs also have small pKa values, typically
2-3 [4, 5] and are dissociated at environmental pH values:

F(CF,), CO,H + H,0 — F(CF,) .CO,” + H;0* (3.2)

As such, when considering this class of compounds as environmental contaminants, they
are referred to as the perfluorocarboxylates. Some authors prefer to remove the A from the
acronyms of individual PFCAs (i.e. PFO instead of PFOA) to indicate the anion, but in this
discussion acronyms of individual PECAs are used interchangeably to refer to both the anion
and free acid forms. Like the PFSAs, PFCAs are also anionic surfactants.

3.1.5 Fluorotelomer Carboxylic Acids/Fluorotelomer Carboxylates

The fluorotelomer carboxylic acids (FTCAs) and fluorotelomer unsaturated carboxylic
acids (FTUCAs) are degradation products of FTOHs with the general structure
F(CF,),,CH,CHOOH and F(CF,),,CHCOOH respectively, where usually n=6, 8 or 10
(Table 3.1). Similar to FTOHs, FTCAs and FTUCASs are also named based on the ratio of
fluorinated carbons to hydrogenated carbons in the molecule. Although the acid dissociation
constants are not known for the FTCAs and the FTUCAs, it is assumed they will also
dissociate in the natural environment:

F(CF,),CH,CHOOH + H,0 — F(CF,),CH,CHO, + H;0 ™" (3.3)

F(CFQ)nCHCOOH +H,0 — F(CFz)nCHC02_ + H30 + (34)
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Similarly to the PFSAs and PFCAs, when considering this class of compound as
environmental contaminants, they are referred to as the fluorotelomer carboxylates and
fluorotelomer unsaturated carboxylates.

3.1.6 Fluorotelomer Sulfonic Acids/Fluorotelomer Sulfonates

Fluorotelomer sulfonic acids have the general structure F(CF,),CH,CH,SOsH, where
usually n =6, 8 or 10 (Table 3.1). Similar to FTCAs/FTUCAs, FTSs are also named based
on the ratio of fluorinated carbons to hydrogenated carbons in the molecule. The 6:2 FTS is
also known by the abbreviation of THPFOS. Similar to PESAs, it is expected that FTSs will
dissociate in the environment:

F(CFg)nCH2CstO3H +H,0— F(CFz)nCH2CstO3_ + H30 + (35)

As such, when considering this class of compounds as environmental contaminants, they
are referred to as the fluorotelomer sulfonates.

3.1.7 Fluorinated Polymers

Many of the PFCs discussed above, especially FSAs and FTOHs, are often building blocks
used in the creation of fluorinated polymers. Fluorinated polymers are characterized by a
hydrocarbon backbone, from which PFCs are appended, typically using ester, ether,
urethane or methacrylate linkages [6, 7]. It is important to note that fluorinated polymers
are not the same materials as fluoropolymers (such as polytetrafluoroethylene and polyvinyl
fluoride) which are typically characterized by a fluorocarbon backbone [7].

3.1.8 Uses of PFCs

PFCs, mainly in the form of fluorinated polymers, have been integrated into many known
industrial and consumer applications ranging from water-, soil- and stain-resistant
coatings for clothing fabrics, leather, upholstery and carpets, oil-resistant coatings for
paper products, electroplating and electronic etching bath surfactants, photographic
emulsifiers, aviation hydraulic fluids, fire fighting foams, lubricants, paints, adhesives,
floor polishes and insecticide formulations [4, 6, 8]. In addition, PFOA and other PFCAs
are used as processing aids in the production of polytetrafluoroethylene, and other
fluoropolymers [7].

3.2 Manufacturing and Production

Two main processes are used for the commercial manufacturing of PFCs, electrochemical
fluorination and telomerization.

3.2.1 Electrochemical Fluorination

Electrochemical fluorination (ECF) was invented by Simons [9] and involves the replace-
ment of all hydrogen atoms in a hydrocarbon with fluorine, in the presence of hydrogen
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fluoride (HF) and an electric current. During the ECF process, hydrogen is liberated at the
cathode, while fluorination occurs at the anode:

Cathode : 2H' +2¢~ — H, (3.6)
Anode : 2F~ — 2F + 2¢~ (3.7)

The exact mechanism of fluorination is not completely understood, although both radical
and ionic mechanisms have been proposed [4].

ECF can be used for the production of FSAs and both PFSAs and PFCAs [4]. Generally,
starting materials such as alkanesulfonyl fluoride and alkanecarbonyl fluoride are converted
to their perfluorinated counterparts using ECF:

C,Hy,+1SOF + (2n 4 2)HF — C,F,, 1 {SO,F + HF + by-products (3.8)
C,Hy, +1CO,F + (2n 4 2)HF — C,F,, . ; CO,F + HF + by-products (3.9)

The resulting perfluorosulfonyl fluoride can be converted to the corresponding PFSA by
hydrolysis or the FSAs via reaction with amines. Similarly, perfluorocarbonyl fluorides can
also be converted, by hydrolysis, to the PFCAs. It is also possible to produce PFSAs and
PFCAs directly from the ECF of alkanoic and alkanesulfonic acids, although yields are
generally lower [4]. It is important to note that, due to the aggressive nature of the ECF
process, this manufacturing technique results in a mixture of both linear and branched
isomers, typically 20-30% and 70-80% respectively, as well as shorter and longer
homologue impurities [4].

The ECF process has been used by the 3M Company since around 1947 [4]. Primarily,
ECF was used to produce PFOA and a line of perfluorooctane sulfonyl fluoride (PFOSF)-
based products including PFOS and perfluorooctyl sulfonamides. However, in 2000, the 3M
Company announced that it would be phasing out its line of perfluorooctyl products from
2001 to 2003 [10]. These products have since been replaced by analogous butyl-based
substances [11], including the perfluorobutyl sulfonamides produced using the ECF
process.

3.2.2 Telomerization

Telomerization is a process that was developed by DuPont [12, 13], and describes a
polmerization reaction between a telogen and a taxogen to produce a telomer:

YZ(telogen) + nA(taxogen) — Y—(A),—Z(telomer) (3.10)
Commercial telomerization usually involves the reaction of pentafluoroethyl iodide

(telogen) with tetrafluoroethylene oligomers (taxogen) in the presence of a catalyst, to
produce a perfluoroalkyl iodide polymer (telomer):

CF3CF,1 + n(CF, = CF,) — CF;CF,(CF,CF;), I (3.11)
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The resulting perfluoroalkyl iodides do not react with nucleophiles, such as OH, to be
directly converted into FTOHs or PFCAs [4]. As such, perfluoroalkyl iodides are reacted
with ethylene to form perfluoroalkylethyl iodides:

CF;CF,(CF,CF,), I+ (CH, = CH,) — CF3CF,(CF,CF,), CH,CH,I (3.12)

Perfluoroalkylethyl iodides can then be readily converted to the corresponding FTOHs
and PFCAs by hydrolysis [4].

It is important to note that materials manufactured using the telomerization process
consist of a mixture of compounds varying in carbon chain lengths [4]. In addition,
products manufactured using this process reflect the structural arrangement of the
starting telogen product and, as such, if a linear starting material is employed, linear
products will be produced. The telomerization process is currently being used by several
international manufacturers, including Dupont, Daikin Industries Ltd, Asahi Glass
Company Ltd, AtoFina and Clariant, for the production of FTOHs, FTSs and/or
PFCAs [8].

3.2.3 Production

The 3M Company began production of perfluorooctyl chemicals around 1947 [4, 6].
Production increased in the late 1960s and 1970s as the use of PFSAs and PFCAs as
additives in industrial and consumer products became widespread, and PFCs became
the choice additives in aqueous fire fighting foams [14]. Production continued to
increase throughout the 1980s and 1990s; maximum production was reached in
2000 [15], just prior to the announcement of the phase-out of the perfluorooctyl chemistry
by the 3M Company. At that time, the 3M Company was the dominant global manufacturer
of PFOS- and PFOA-related chemicals. According to the 3M Company [15], the global
production of PFOSF in 2000 was estimated at approximately 3535 metric tonnes, and
decreased to an estimated 175 metric tonnes worldwide in 2001. PFOA-, PFOS- and
PFOSF-based products were completely phased out by the 3M Company by 31 December
2002 [16]. As such, it is believed that the majority of the global PFOA production at this
time is via the telomerization method. Currently, the 3M Company is producing perfluor-
obutyl-based products, although production volumes of the perfluorobutyl sulfonamides are
unknown.

FTOH-based products have been manufactured since the 1970s [14]. Global production
of FTOHs from 2000 to 2002 was estimated at 5000 to 6500 metric tonnes per year [17].
Since that time, FTOH production has increased approximately twofold, to an estimated
12 000 metric tonnes per year in 2004, representing sales of approximately $700 million
annually [18]. Current production levels of FTOHs are unavailable, but are assumed to be
comparable to or greater than 2004 estimates.

A recent survey by the Organization for Economic Co-operation and Development
(OECD), has investigated production of PFSAs, PFCAs and products or mixtures
containing PFSAs and PFCAs [19]. Caution is advised that results from this survey may
overestimate actual production values. Results indicated that in 2005, 74 to 175 metric
tonnes of PFOS- and PFOS-containing products were manufactured and/or imported, of
which up to 90 metric tonnes were PFOSF. These production volumes were less than the
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3000 metric tonnes reported in 2003 [19] and are consistent with the phase-out of
PFOSF-based chemistry by the 3M Company. These results are also consistent with the
observation by the US Environmental Protection Agency that manufacture of PFOS for
certain uses for which no substitutes are available are continuing by non-US produ-
cers [20]. Manufacturing and/or importing volumes of PFSAs and PFSA-based products
(n=4 to 10) in 2005 were 91-222 metric tonnes and had significantly decreased from
volumes (up to 6000 metric tonnes) reported in 2003 [19]. However, PFBS-based products
showed a marked increase during this period and represented the majority of PESAs and
PFSA-based products, indicating that PFBS-based chemicals are replacing PFSA and
PFCA products [19].

Production of PFOA and other PFCAs were also investigated in the OECD investiga-
tion [19]. Results of the survey indicate that in 2005, 69 to 320 metric tonnes of PFOA and
PFOA-containing products were manufactured and/or imported. It is interesting to note
that PFOA in both the linear form and as mixtures of linear and branched forms was
indicated, as was the presence of PFOA as an impurity in other products and mixtures.
Manufacturing and/or importing volumes of PFOA and PFOA-containing products in
2005 was significantly less than in 2003, when quantities of up to 2000 metric tonnes were
reported [19]. The largest manufacturing and/or importing volumes were reported for
PFCAs and PFCA-containing products, with 771 to 7273 metric tonnes reported in 2005.
The majority of products reported in this category were mixtures of PFCAs (n =4, 6, 8, 10,
12, 14 and 16).

It is also interesting to note that over 350 fluorinated compounds, many of which
are PFCs, are found on the United States Environmental Protection Agency’s Toxic
Substances Control Act (TSCA) Chemical Inventory. Of these, at least 80 fluorinated
compounds were identified with production or import greater than 4.5 metric tonnes in
2002 [21].

3.3 Overview of Toxicology

3.3.1 Toxicology of PFSAs and PFCAs

There has been considerable interest over the past two decades to investigate the toxico-
logical affects of PFSAs and PFCAs. In particular, the toxicology of PFOS and PFOA has
been well studied and reviewed by Lau et al. [22, 23] and Kennedy et al. [24].

The pharmacokinetics of PFOS and PFOA have been investigated in animal studies
[22-24]. Results indicate that both PFCs are well absorbed following oral exposure, and
poorly eliminated. In addition, PFOS and PFOA are very persistent as they are not
metabolized and undergo extensive enterohepatic circulation [25, 26]. PESAs and PFCAs
are unique among other persistent halogenated organic contaminants as they do not
preferentially accumulate in fatty tissues, but instead are predominately distributed in the
liver, serum and kidney [22-24]. This may be explained by the fact that PFOS and PFOA
bind to proteins, specifically B-lipoproteins, albumin and liver fatty acid-binding
proteins [27, 28].

In general, the rate of elimination of PFCAs and PFSAs decreases with increasing length
of the perfluoroalkyl tail [23]. Differences in elimination of PFSAs and PFCAs have been
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observed between species and between genders of a single species [22-24]. For example,
the half-life of PFOS ranges from 100 days inrats to 5.4 years in humans. In rats, half-lives of
PFOA were reported to be <1 day in females and 15 days for males [29]. Reasons for the
observed gender and species differences in elimination rates of PFCs are not completely
understood. It has been hypothesized that gender differences in the elimination of PFOA
may be as a result of sex hormone-regulated renal transport via an organic anion transporter
protein [30].

PFOS, PFOA, PFNA and PFDA have been identified as peroxisome proliferators, also
referred to as PPAR agonists [22, 31-34]. In cultured rat hepatocytes, PFCAs with eight or
more carbons were observed to be the most potent peroxisome peroliferators [34]. Exposure
to peroxisome proliferators can result in a variety of toxicological effects including
increased (-oxidation of fatty acids, often resulting in an accumulation of lipids in the
liver [31-33], inhibition of the secretion of very low-density lipoproteins and cholesterol
from the liver [24] and induction of xenobiotic metabolizing enzymes such as the
cyctochrome P450 enzymes [35]. Peroxisome proliferating PFCs have also been reported
to induce nongenotoxic hepatic carcinomas in mammals [36].

PFSAs and PFCAs have also been found to inhibit gap junction intercellular communi-
cation (GJIC) in both in vitro and in vivo studies [37, 38]. GJIC is the major pathway of
intercellular signal transduction and is important for normal cell growth and function. GJIC
inhibition has been implicated as a mechanism for hepatic carcinogenicity [37] and appears
to be on the length of the perfluoroalkyl tail. For example, PFCAs with 7 to 10 carbons in the
perfluoroalkyl tail were observed to inhibit GJIC in a dose-response fashion, whereas no
inhibition was observed for PFACs with 2 to 5 carbons [37]. Similarly, inhibition was
observed with PFOS and PFHS, but not PFBS [38].

The chronic toxicity of PFOA has been investigated in a number of animal studies [24].
Typically, tumours are observed in liver cells, Leydig cells (testis) and pancreatic
cells [24]. As discussed above, both peroxisome proliferation and inhibition of GJIC
can result in tumour growth. An advisory panel to the US Environmental Protection
Agency has proposed that PFOA be deemed a rodent carcinogen with relevance to
humans [39].

3.3.2 Toxicology of FTOHs and FSAs

As will be discussed in further detail below, FTOHs and FSAs can undergo biological
degradation to form PFCAs or PFSAs respectively. As a result, most toxicological studies
investigate the hazardous effects of the PFCAs or PFSAs themselves, although a limited
number of studies have investigated the toxicity of FSAs and FTOHs.

The 8:2 FTOH, similar to PFOS and PFOA, has also been identified as a peroxisome
proliferator [40], and capable of inducing enzymatic activity in the liver and altering
hepatic metabolism. In a recent study [41], interaction between the 6:2 and 8:2 FTOHs and
human estrogen receptors was also observed, indicating possible estrogenic effects of the
FTOHs.

FSAs such as PFOSA have been observed to inhibit GJIC [38]. In a study by Case, York
and Christian [42], NEtFOSE was observed to exhibit development toxicity in mammals
and it was generally observed that profiles of developmental toxicity were similar to that of
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PFOS [22]. Unlike PFOS, NEtFOSE has shown no activity as a peroxisome proliferator [43].
Itis likely that the toxicological effects of NMeFOSE would be similar to those observed for
NEtFOSE.

3.3.3 Toxicology of FTCAs/FTUCAs

Very little research has focused on the toxicity of FTCAs or FTUCAs. A study by Phillips
et al. [44] assessed the acute toxicity of the 4:2, 6:2, 8:2 and 10:2 FTCAs and FTUCAs
to three common freshwater organisms: Daphnia magna, Chironomus tentans and
Lemna gibba. In general, toxicity was found to increase with increasing perfluoroalkyl
chain length and the FTCAs were more toxic than the corresponding FTUCAs.
This study also provided evidence that the FTCAs/FTUCAs are more toxic than
PFCAs [44].

3.4 Physical Chemical Properties and Environmental Fate

3.4.1 The Influence of Fluorine

The commercial popularity of PFCs is primarily due to their unique physical and chemical
properties, such as thermal stability, resistance to chemical degradation, repellency to water
and oils, and low surface tensions [4]. Many of these properties arise because of the unique
properties of fluorine [45].

Fluorine is the most electronegative element and attracts electrons towards itself [46]. As
such, fluorine has both a high ionization potential and very low polarizability [4, 47]. The
large difference in electronegativity between carbon and fluorine atoms results in a strong
polarization of the carbon—fluorine bond. The carbon—fluorine bond is the strongest
observed in organic chemistry (~484 kJ/mole), and strength of the bond increases with
the number of fluorine substituents bound to the carbon atom. For example, in terminal CF3
groups, strength of the carbon—fluorine bond has been reported to be as high as 531 kJ/
mole [48]. The main reason for this is the nearly optimum overlap between the 2s and 2p
orbitals of the fluorine atoms and the corresponding orbitals of carbon [49]. The unusual
strength of the carbon—fluorine bond contributes to the thermal and chemical stability of
poly- and perfluorinated chemicals [7, 45].

Although fluorine atoms are small, they are significantly larger than hydrogen atoms
(van der Waal radii of 1.47 and 1.20A respectively) [50]. As a result, perfluoroalkyl
chains are stiffer, bulkier and more inflexible than their hydrogen counterparts [51]. The
fluorine atom has three pairs of nonbonding electrons in its outer electronic shell. In a
perfluoroalkyl chain, these nonbonding electrons of the densely packed fluorine atoms
act as a ‘sheath’ or ‘coating’ around the carbon backbone. This electron cloud sheath is
an effective electrostatic and steric shield against any nucleophilic attack targeted
against the central carbon atoms [45, 49] and also contributes to the chemical stability
of PFCs.

In contrast to the zigzag formation of linear hydrocarbons, long perfluoroalkyl chains are
helical, rigid and rod-like structures [49, 52]. This structure, due to the steric repulsion
between fluorine atoms, consists of a full helical twist every 13 carbon atoms [49, 52]. Short
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perfluorinated chains are thought to have a zigzag conformation similar to their hydrocarbon
analogues, but an increasing amount of helical character is typically observed with each
additional CF, segment [53]. Furthermore, a distinct change in geometry to the helical
form is consistently observed, when the perfluorinated chain exceeds eight carbons in
length [53-55]. Chain rigidity has also been shown to be a function of the length of the
perfluoroalkyl chain [54].

Depending on the hydrophilic end group of the PFC, hydrogen bonding between the end
group and the perfluoroalkyl chain can occur [53, 56-60]. For example, in the FTOHs, an
intramolecular hydrogen bond can exist between the hydroxylic proton and the two fluorine
atoms next to the ethanol moiety (—O—HF—) [58, 59]. A similar intramolecular hydrogen
bond can also exist in NMeFOSE and NEtFOSE [61]. This intramolecular hydrogen
bonding influences the geometry of the molecule and, as such, may also influence physical
properties such as vapour pressure and octanol-water or octanol—air partitioning coeffi-
cients [58, 59].

Due to the high ionization potential and low polarizability of fluorine, the perfluoroalkyl
chain exhibits weak intermolecular interactions that are reflected in extremely low surface
tension values [49]. As such, ideal surfactants can be created when a hydrophilic functional
group, such as SO; and CO; , used to form the PFSAs and PFCAs respectively, is attached
to a perfluoroalkyl chain [4]. Interestingly, when PFSAs and PFCAs are mixed with water
and hydrocarbons, three immiscible phases are formed. In addition to the aqueous and
organic phases, a fluoros phase is also present and is indicative of both the hydrophobic
and oleophobic nature of some PFCs [49]. Similarly, highly fluorinated chemicals, such as
the PFCs, show greatest solubility in highly fluorinated solvents, a phenomenon known as
fluorophicity [62].

As discussed previously, both PFSAs and PFCAs have small acid dissociation
constants [1, 4, 5] and are dissociated at environmental pH values. It is important to
note that the dissociated and free acid forms of the PFSAs and PFCAs have different
physical-chemical properties and environmental partitioning properties. In addition,
physical-chemical properties may also differ between various salts of PFSAs and PFCAs,
depending on the counter ion present [63].

3.4.2 Water Solubility

Several studies have measured the water solubility of FSAs and FTOHs (Table 3.2).
Measured values for the water solubility of the 8:2 FTOH, at 25 °C, range from 137 ng/L [64]
to 194ng/L [65]. A water solubility of 105ng/L, at 25°C, has been reported for
NEtFOSE [66].

Water solubility values of PFSAs and PFCAs have also been determined (Table 3.2). It
should be noted that in the literature these experiments often indicate measurement of the
water solubility of the free acid, but since PFSAs and PFCAs completely dissociate in water,
these measurements are in fact for the dissociated species. (To determine the aqueous
solubility of the free acid species, experiments would need to be conducted in acidic
solutions.) Water solubility of PFOA has been determined in several studies, with
reported values ranging from 4.1 g/L at 22 °C [67] to 3.4 g/L. [68] and 9.5 g/L at 25 °C [69].
The aqueous solubility of PFDA has been reported as 5.1 g/L at 25°C [69]. To date,
measurements of the water solubility of other PFCAs are not available, but it is known that
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Table 3.2 Physical chemical properties of PFCs. No physical chemical property data is
available for FTCAs/FTUCAs and FTSs. Calculated values are indicated with an *

FTOHs FSAs PFSAs PFCAs

Water solubility  8:2 FTOH NEtFOSE PFOS PFOA
(25°C) 137 ng/L [64] 105ng/L [66] 570mg/L [70] 4.1g/L

194 ng/L [65] (22°Q) [67]
3.4g/L [68]
9.5g/L [69]
PFDA
5.1g/L [69]

Vapour pressure  4:2 FTOH NEtFOSA PFOS PFOA

(Pa, 25°C) 992 [59] 7.0 [71] 3.31 x107*(20°C)  4.19 [76]
1670 [71] NMeFOSE [70] PFNA
216 [72] 0.7 [71] 1.27 [76]
6:2FTOH  2.0x 107 [74] PFDA
713 [59] NEtFOSE 0.229 [76]
876 [71] 0.35 [71] PFUNA
44 [72] 8.6 x 107 [74] 0.105 [76]
18 [72] 0.792 [75] PFDoA
8:2 FTOH 8.03 x107 [76]
254 [59]

227 [71]

7 (64, 72]
4 [72]

31 [73]
10:2 FTOH
144 [59]

53 [71]

0.2 [72]

Henry’s law 4:2 FTOH Not available Not available PFOA
constant (log  1.83 [71] —2.99 [78]
Kaw, 25°C) —1.52 [71]

6:2 FTOH
1.66 [71]
—0.56 [77]
8:2 FTOH
1.31 [71]
0.53 [77]
0.58* [77]
Sorption 8:2 FTOH Not available PFOS PFOA
(log Koc) 4.13 [65] 2.2 [79] 0.99 [79]
2.57 [80] 2.06 [80]
PFDS PFNA
3.53 [80] 2.39 [80]
PFDA
3.4 [79]
2.76 [80]
PFUNA
3.30 [80]

(continued)
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Table 3.2 (Continued)

FTOHs FSAs PFSAs PFCAs

Bioaccumulation Not available PFOSA PFHxS PFOA
(log BAF or 3.8 (log BAF)[82] 2.7 (log BAF) [82] 3.1 (log BAF) [82]

log BCF (L/kg)) PFOS 0.602
4.1 (log BAF) [82] (log BCF) [84]

3.04 (log BCF) [84] PFDA
5.10 (log BAF) [85] 3.9 (log BAF) [82]

3.9 (log BAF) [86] 2.65

4:2 FTOH
3.26 [71]
4.80 [77]
6:2 FTOH
3.56 [71]
5.26 [77]
8:2 FTOH
4.17 [71]
5.56 [77]
10:2 FTOH
4.83 [71]

4:2 FTOH
1.97 [66]
2.31* [61]
6:2 FTOH
3.30 [66]
3.32* [61]
8:2 FTOH
4.88 [66]
4.31* [61]
10:2 FTOH
2.91 [66]
4.35* [61]

Octanol-air
partitioning
coefficient
(lOg KOA)

Octanol-water
partitioning
coefficient
(log Kow)

NEtFOSA
5.86 [71]
NMeFOSE
6.78 [71]
7.70 [74]
NEtFOSE
7.09 [71]
7.78 [74]

Not appropriate

PFOSA

4.08 [66]
4.35% [61]
NEtFOSA
4.51 [66]
5.49* [61]
NEtFOSE
5.33 [66]
5.39* [61]

Not appropriate

(log BCF) [84]
PFUNA
3.43

(log BCF) [84]
PFDoA
4.26

(log BCF) [84]
PFTetA
4.36

(log BCF) [84]

Not appropriate

Not appropriate

water solubility of PFCAs decreases with increasing length of the perfluoroalkyl chain [7].
Water solubility of PFOS has been determined to be 570 mg/L [70], indicating that PFOS is
approximately an order of magnitude less water soluble than PFOA. Although water
solubility measurements of other PFSAs are not currently available, it is assumed that,
similar to the PFCAs, water solubility of the PESAs would also decrease with increasing
length of the perfluoroalkyl chain. Water solubility values of the free acid forms of the
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PFSAs and PFCAs are assumed to be negligible. Water solubility values have also not yet
been determined for the FTCAs and FTUCAs.

It should be noted that as both PFSAs and PFCAs are surfactants, water solubility
increases abruptly when the critical micelle concentration (CMC) is reached. CMC is the
concentration at which equilibrium of singly dispersed molecules and molecules in
aggregated or the micelle form is reached. CMC values of PFOS and PFOA are approxi-
mately 4 and 3.6 to 4 g/L respectively [4].

3.4.3 Vapour Pressure

Several studies have measured vapour pressures of the FTOHs [59, 64, 71-73] (Table 3.2);
however, reported values are variable, differing by several orders of magnitude. Vapour
pressures of the FTOHs are influenced by the length of the perfluoroalkyl chain, and increase
as length of the perfluoroalkyl chain decreases. Reported vapour pressures of the FTOHs, at
25 °C, range from minimum values of 0.2 Pa (10:2 FTOH) to 216 Pa (4:2 FTOH) reported by
Krusic et al. [72] to maximum values of 53 Pa (10:2 FTOH) to 1670 Pa (4:2 FTOH) reported
by Lei et al. [71].

Two studies [71, 74] in the peer-reviewed literature have investigated the vapour
pressures of the FSAs (Table 3.2). Similar to the FTOHs, reported values are variable,
differing by several orders of magnitude. The vapour pressure of NEtFOSE has also been
determined by the 3M Company [75]. It is possible that some of the difficulties
encountered in measuring vapour pressures of the FTOHs are also applicable to the
FSAs.

Vapour pressures of the free acid forms of PFCAs have also been determined and
values vary by several orders of magnitude (Table 3.2). Kaiser et al. [76] measured the
vapour pressures of PFCAs and extrapolated values at 25 °C, which range from 4.19 Pa
(PFOA) to 8.03 x 107 Pa (PFDoA). The vapour pressure of the free acid form of PFOS,
at 20°C, has been reported as 3.31 x 10~*Pa [70]. Vapour pressures of the dissociated
forms of the PFSAs and PFCAs have not been determined and are expected to be much
less.

3.44 Henry’s Law Constants

Henry’s law constants, also known as air—water partitioning coefficients (Kaw), have been
measured for the FTOHs in two studies (Table 3.2). Lei et al. [71], reported log K oy values
that were all of a similar order of magnitude. The log K ow values reported by Goss et al. [77]
were much less than those reported by Lei et al. [71] and generally increased with increasing
length of the perfluoroalkyl tail. To date, measured log K ayw values have not been reported
for the FSAs.

Calculated Henry’s law constants, using the ratio of vapour pressure and water solubility,
can also be determined (Table 3.2). Using vapour pressure and water solubility values
presented above, a calculated log Kaw value of 0.58 for the 8:2 FTOH was suggested by
Goss et al. [77] to be more accurate than their measured log K ow value, due to difficulties
with adsorption of the 8:2 FTOH in the experimental setup.

An experimentally determined Kaw value of 1.02 x 1073 (log Kaw value of —2.99) at
25°C has been reported for the free acid form of PFOA by Li, Ellis and Mackay [78]
(Table 3.2). Measured Henry’ s law constants for other PFCAs, PESAs, FTCAs and FTUCAs
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are not available in the peer-reviewed literature. Some calculated Henry’s law constants for
PFSAs and PFCAs have also been presented, but, given the lack of physical property data
available, the vapour pressure and water solubility values used have not been for the same
chemical species. Generally for PFSAs and PFCAs, it is expected that Henry’s law constants
for the free acid species will be high, while Henry’s law constants for the dissociated species
are negligible [14]. As such, any volatilization that might occur is likely to be of the free acid
species.

It is generally accepted that in the natural environment FSAs and FTOHs are predomi-
nately in the gas phase, while PESAs, PFCAs, FTCAs and FTUCAs are more predominant
in the aquatic phase.

3.4.5 Sorption

It is well established in the literature that PFCs have a tendency to adsorb to a variety of
surfaces, including laboratory glassware and equipment [61, 64, 77]. As such, it is not
surprising that PFCs are generally expected to exhibit sorption in the natural environment.
The sorptive abilities of FTOHs have been measured in two studies (Table 3.2). Liu and
Lee [65] investigated the sorption of the 8:2 FTOH to five soils, with a range of properties,
and determined a soil organic carbon normalized distribution coefficient (log Koc) value of
4.13. Arp, Niederer and Goss [61] measured adsorption coefficients (Kyf/air), at 15 °C, of
the 4:2, 6:2 and 8:2 FTOHs on three surfaces of quartz, Al,O5; and CaCOs;. These surfaces
were suggested as laboratory surrogates for natural surfaces such as minerals, salts, soot,
water droplets and snow. Kg,,ir values ranged from 3.82 x 107 (4:2 FTOH on quartz) to
422 %107 (8:2 FTOH on Al,03) and were observed to increase with increasing length of
the perfluoroalkyl chain. No studies investigating the sorption of FSAs are currently
available in the peer-reviewed literature.

The sorption of PFSAs and PFCAs to soils has been investigated in two studies
(Table 3.2). Sullivan and Mabury reported soil log Koc values for PFOS, PFOA and PFDA
of 2.2, 0.99 and 3.4 respectively [79]. These values were generally consistent with those
reported by Higgins and Luthy [80]. In this study, sediment log Ko¢ values for PFOS and
PFDS were 2.57 and 3.53 respectively, while sediment log Ko values for a suite of PFCAs
(n=8 to 11) ranged from 2.06 to 3.30. Increasing sorption of PFSAs and PFCAs to
sediment with increasing length of the perfluoroalkyl chain was observed, with each
additional CF, moiety contributing 0.50 to 0.60 log units. In addition, the average sorption
of PFSAs was 1.7 times (0.23 log units) stronger than that observed for the corresponding
PFCA analogue [80]. To date, the sorption of FTCAs and FTUCAs has not yet been
investigated.

3.4.6 Bioaccumulation

There have been limited studies investigating the bioaccumulation of FSAs and FTOHs
(Table 3.2). A study [81] on the uptake, transformation and elimination of FTOHs and
PFOSA determined that these compounds are rapidly transformed and eliminated in fish. As
such, it is unlikely that most FTOHs and FSAs will undergo substantial bioaccumulation.
Furdui et al. [82] have reported a field-based bioaccumulation factor (log BAF) of 3.8 for
PFOSA, based on measured concentrations in Great Lakes waters and whole fish
homogenates.
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Bioaccumulation studies of PFSAs (n = 6 and 8) and PFCAs (n=7, 8, 10, 11 and 13) in
rainbow trout (Oncorhynchus mykiss) have been conducted by Martin et al. [83, 84]
(Table 3.2). These studies indicated that dietary exposure to PFSAs and PFCAs did not result
in biomagnification. Bioaccumulation was observed for PFSAs and PFCAs consisting of
more than six and seven carbon atoms respectively. The laboratory-based bioconcentration
factor (log BCF) for PFOS was 3.04 L/kg and ranged from 0.602 to 4.36 L/kg for the PFCAs.
Log BCFs were observed to increase with increasing length of the perfluoroalkyl tail and for
the PFCAs increased by a factor of approximately 8 for each additional CF, moiety for
PFCAs (n =8 to 12), but deviated from linearity for PFTetA. In addition, PFSAs were more
bioaccumulative than PFCAs.

Biological monitoring studies also provide strong evidence that PFSAs and PFCAs
can bioaccumulate (Table 3.2). The largest log BAF for PFOS, 5.1, was calculated in fish
from Etobicoke Creek following an accidental spill of fire-fighting foam [85], although
the authors note that this BAF may have been influenced by the presence of other PFCs in
the water, which could metabolize to PFOS. Taniyasu et al. [86] reported a mean
log BAF for PFOS, calculated using concentrations in water and fish of Japan of 3.9.
Furdui et al. [82] have reported BAFs for Great Lakes fish. Calculated log BAF values
for PFOS and PFHxS were 4.2 and 2.7 respectively, while log BAF values for the PFCAs
increased with increasing length of the perfluoroalkyl chain, from 3.1 (PFOA) to 3.9
(PFDA).

Biomagnification factors (BMFs) for PESAs and PFCAs have also been calculated. For
example, Tomy et al. [87] reported BMFs for PFOS ranging from 0.4 to 9, indicating that
PFOS biomagnifies in the Arctic marine food web. Kannan et al. [88] determined PFOS
BMFs for bald eagles, mink and Chinook salmon of 5 to 10 based on observed liver
concentrations. Houde ez al. [89] reported BMFs for a suite of PFCs ranging from < 1to 156
in the food web of the bottlenosed dolphin (Tursiops truncates) and reported biomagnifica-
tion of PFOS, PFDA, PFUnA and PFDoA in this marine food web.

3.4.7 Other Partitioning Properties

Octanol-air partition coefficients (Kpa) have been measured for the FSAs [71, 74] and
FTOHs [71,77] (Table 3.2). For the FTOHs, log Ko increases with increasing length of the
perfluoroalkyl chain. Lei et al. [71] reported measured values ranging form 3.26 (4:2 FTOH)
to 4.83 (10:2 FTOH), while Goss et al. [77] reported larger values ranging from 4.80 (4:2
FTOH) to 5.56 (8:2 FTOH). Lei et al. [71] also measured log Ko values for NEtFOSA,
NMeFOSE and NEtFOSE of 5.86, 6.78 and 7.09 respectively. These values are consistent
with log Ko values of 7.70 and 7.78 reported for NMeFOSE and NEtFOSE respectively by
Shoeib et al. [74].

Octanol—-water partition coefficients (Kow) have also been measured for the FTOHs and
three FSAs [66] (Table 3.2). Log Kow values of these PFOSA, NEtFOSA and NEtFOSE
were similar, 4.08, 4.51 and 5.33 respectively. For the FTOHs, log Kow values increased
with increasing length of the perfluoroalkyl chain from 1.97 (4:2 FTOH) to 4.88
(8:2 FTOH), but deviated from linearity for the 10:2 FTOH (log Kow of 2.91). These
measured Kow values are significantly greater than the Kow values calculated by Arp,
Niederer and Goss [61], using log Koa and log Kaw values, which ranged from 2.31
(4:2 FTOH) to 4.35 (10:2 FTOH).
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As PFSAs and PFCAs are both hydrophobic and oleophobic, and form multiple layers
when mixed with water and hydrocarbons [49], Kow values are not appropriate or relevant
for these PFCs [26]. Similarly, other partition coefficients and traditional environmental
fate models based on air, water and octanol partitioning are not suitable for PESAs and
PFCAs.

3.4.8 Persistence of PFCs in the Environment

As discussed above, FSAs and FTOHs are reactive in the environment, under both abiotic
and biological conditions, and can degrade to produce PFSAs and/or PFCAs. However,
PFSAs and PFCAs themselves are extremely persistent in the environment. Many of the
unique physical and chemical properties of PESAs and PFCAs that are beneficial from an
industrial or commercial point of view are the same properties that result in recalcitrant
and persistent environmental contaminants [50]. To date, no degradation of PFSAs or
PFCAs in environmental conditions, either abiotic or biotic, has been observed [26, 50].
For example, PFCAs were detected in ug/L concentrations in groundwater at two
military bases, 7 to 10 years after use [90]. In a 285-day, outdoor microcosm study
under natural conditions [91], no reduction in PFOS concentrations were observed,
confirming that this chemical undergoes little degradation in aquatic systems. Similarly,
no changes in PFOA concentrations in a 35-day outdoor microcosm study were observed
for treatment concentrations of 0.3, 1 and 30 mg/L [92].

3.5 Overview of Measurement Techniques

3.5.1 Background Contamination

The most challenging aspect of measuring PFCs in environmental samples is background
contamination. In fact, ‘contamination at every step of the analysis ... is a common
problem’ [93]. Sources of this contamination are not completely characterized, but can
include sampling, instrumental and analytical/procedural sources. This serves to highlight
the importance of field, matrix and reagent blanks [94].

One known source of contamination is contact with laboratory materials made of, or
containing, fluoropolymers such as polytetrafluoroethylene. Whenever possible, contact
with these materials should be avoided during sampling, extraction and analysis.
Sampling containers, filters, solid-phase extraction cartridges and vial caps with fluor-
opolymer septa have been reported to contain PFC contamination [95]. Internal compo-
nents of some analytical instruments are also constructed of fluoropolymers, and can
result in post-injection contamination during analysis. This contamination can be
minimized by replacing fluoropolymer components with stainless steel and polyether-
etherketone (PEEK) and/or installing an upstream guard column [94]. Instrumental
contamination due to injection-port carryover is also an issue. This can be minimized by
the routine analysis of solvent blanks after high-concentration samples or standards [94]
and by following the suggested guideline of not exceeding 10 ng of PFCs in an individual
injection on a typical mass spectrometer [94]. Impurities in low-grade solvents, reagent
water [96] and analytical standards [94, 96] also contribute to the problem of background
contamination.
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3.5.2 Sampling Techniques

Water, sediment and biological samples are typically collected in polyethylene, polypro-
pylene or polycarbonate sampling containers. Prior to use, sampling containers should be
rinsed with a high-grade solvent, typically methanol, and be checked for contamination.
There has been some debate on whether ionic PFCs adsorb to glass surfaces [97], so
generally glass sampling containers are avoided [94, 96]. Due to the volatility of the neutral
PFCs, as will be discussed below, headspace should be avoided. Acidic preservative should
not be added to samples to avoid altering the physical chemical properties of the ionic
PFCs [97] and possible suppression of analyte signals [98].

Air samples are typically collected using high-volume samplers employing glass or
quartz fibre filters for collection of the particulate phase and polyurethane foam (PUF)
with or without XAD resin for the gaseous phase [97]. To minimize contamination,
air sampling media is cleaned prior to use with high-grade solvents such as methanol,
ethyl acetate, acetone and/or dichloromethane [74, 99-102]. Removal of fluoropolymer
gaskets from high-volume air samplers to reduce background contamination is also
recommended [74, 99, 100].

As will be discussed in more detail below, PESAs and PFCAs are extremely persistent,
and therefore degradation of these PFCs will not occur under reasonable storage conditions.
Biological degradation of FTOHs to ionic PFCs can occur, however [103, 104], and all
samples should be analysed directly after sampling, if possible, and frozen for long-term
storage [94, 97].

3.5.3 Extraction and Clean-up Methods

A wide range of extraction and clean-up methodologies have been employed for the
measurement of PFCs in environmental and biological matrices, and have been reviewed
by van Leeuwen and de Boer [97]. Initially, PFCs were extracted from biological samples
employing an ion-pairing method developed by Hansen et al. [105]. This method
involves a liquid-liquid extraction, employing alkaline conditions and an ion-pairing
agent, such as tetrabutyl ammonium hydrogen sulfate, into an organic solvent. Typically
the organic solvent of choice is methyl-zerz-butyl ether. This is followed by complete
evaporation and subsequent reconstitution of the extract into a solvent suitable for
instrumental analysis. Modifications of the ion-pairing method developed by Hansen
et al. [105] have been reported for a large variety of biological samples including
mammalian liver [106, 107], fish and bird eggs [106], blood [108], whole fish homo-
genates [82, 109] and invertebrates [109].

New methods have been introduced for the extraction and clean-up of PFCs in both
biological and environmental samples. Primarily these methods have focused on solid
phase extraction (SPE) for fluid samples, and accelerated liquid extraction or liquid—solid
extraction methods for solid samples [97]. The extraction media of choice is dependent on
the polarity of the PFCs to be analysed. Typically, moderately polar media such as
Oasis WAX SPE or methanol and acetonitrile are employed for extraction of shorter chain
(C4 to Cg) PFSAs and PFCAs, while less polar or nonpolar SPE media such as C;g and
Oasis HLB are employed for the longer chain PESAs and PFCAs [97]. Neutral PFCs have
been extracted using both nonpolar media such as C,g SPE or hexane and moderate polar
such as Oasis HLB and WAX SPE, a hexane—acetone mixture or acetonitrile [97].
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Following extraction, clean-up of the raw extract is generally recommended prior to
analytical analysis. This is particularly important when employing nonpolar extraction
solvents, such as MTBE, that co-extract lipids from biological matrices which may interfere
with the instrumental analysis. Current clean-up methods for biological samples include
silica column fractionation, sulfuric acid treatment and dispersive carbon clean-up [97]. C;5
SPE and graphitized carbon are typically employed for the clean-up of sediment, soils and
sludge extracts [97]. Care should be taken during the clean-up procedure to avoid loss of
PFCs and contamination of the extract.

Water samples are generally extracted using SPE, using a modification of the method
developed by Hansen et al. [110] and employing a variety of SPE media, as discussed above,
depending on the class of PFCs to be analysed [96, 111]. Care to avoid contamination is
required at all steps in the extraction process to enable the lower detection limits (ng/L and
pg/L) often required for measurements of PFCs in aqueous samples [112]. Direct injection
methods have also been developed for a variety of aqueous samples, including groundwa-
ter [98], snow [113] and surface waters [114]. These methods are advantageous as possible
contamination during the extraction and clean-up steps is avoided and laboratory prepara-
tion time is reduced.

Air sampling media has been extracted using different solvent systems. Both particulate
and gas phase extracts have been extracted using methanol/ethyl acetate [99, 100, 102],
while other studies have employed petroleum ether/acetone for extraction of the PUF/XAD
and dichloromethane for the filter [101]. Generally extracts are filtered prior to analysis.
Some researchers have also included a clean-up step. For example, Shoeib, Harner and
Vlahos [101] passed PUF/XAD sample extracts through an alumina column and eluted with
dichloromethane in ethyl acetate, prior to the analysis of FTOHs and FSAs.

3.5.4 Analysis via Liquid Chromatography—Tandem Mass Spectrometry

Liquid chromatography combined with tandem mass spectrometry (LC-MS/MS) is the
analytical technique of choice for measurement of ionic PFCs in environmental samples.
Recent reviews on the use of this technique for the analysis of PFCs have been published by
de Voogt and Saez [111] and Villigrasa, Lopez de Alda and Barcelo [96].

Reverse phase liquid chromatography has typically been used for the separation of PFCs,
employing either Cg or C;g columns [96], although the use of perfluoroalkyl columns has
also been reported [115]. Mobile phases are typically mixtures of methanol-water or
acetonitrile—water and are often modified with ammonium acetate to improve chro-
matographic separation and MS sensitivity. Both isocratic and gradient elution methodolo-
gies have been employed [96]. LC-MS/MS methods [116, 117] have also been developed
for the separation of PFSA and PFCA isomers and generally employ linear perfluorooctyl
stationary phases and acidified mobile phases.

Analysis of PFCs via LC-MS/MS has generally been conducted using electrospray
ionization operating in negative ionization mode [96, 111]. For ionic PFCs, including
PFSAs, PFCAs, FTCAs/FTUCAs and FTSs, the pseudo molecular ion ((M—H]") is
observed. Following collision-induced dissociation, daughter ions are formed from frag-
mentation of the molecular ion, resulting in a precursor > product transition. Precursor >
product transitions commonly monitored during the analysis of ionic PFCs are summa-
rized in Table 3.3. The LC-MS/MS instrument is usually operated in multiple reaction
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Table 3.3  Precursor > product transitions used in the LC-MS/MS analysis of PFCs. Transitions
commonly used for quantitation are indicated in bold

Class Analyte Precursor > product Nature of
transitions monitored product ion
PFSAs PFBS 299> 219 (M-SO3;)~
299 > 99 FSO;~
299 >80 SO5
PFHXS 399>319 (M-SO3)~
399 >99 FSO5~
399 > 80 SO,
PFOS 499 > 419 (M-SO;)”
499 > 99 FSO;~
499 >80 SO5
PFDS 599>519 (M-SO3)~
599 >99 FSO5~
599 > 80 SO;
PFCAs PFHXxA 313>269 (M—COOH)~
313>119 CyFs
PFHpA 363 >319 (M—COOH)~
363> 169 CyF5
PFOA 413 > 369 (M—COOH)~
413>119 CyFs
PFNA 463>419 (M—COOH)~
463> 169 CyF5
PFDA 513 >469 (M—COOH)~
513>119 CyFs
PFUA 563 >519 (M—COOH)~
563> 169 CyF5
PFDoA 613 >569 (M—COOH)~
613>119 CyFs
PFTriA 663 > 619 (M—COOH)~
663 > 169 CyF5
PFTetA 713> 669 (M—COOH)~
713>119 CyFs
PFPA 763 >719 (M-COOH)~
763> 169 CsF,
PFHxDA 813>769 (M—COOH)~
813>119 CyFs
FTCAs/FTUCAs 6:2 FTCA 377 >293 (M-CO; + 2HF)
377 >63 C,HF,
6:2 FTUCA 357 >293 (M-CO; +HF)
8:2 FTCA 477 > 393 (M-CO; + 2HF)
477 >63 CyHF,
8:2 FTUCA 457 > 393 (M—-CO, + HF)
10:2 FTCA 577 >493 (M-CO; + 2HF)
577 > 63 C,HF,
10:2 FTUCA 557 >493 (M=CO, + HF)
327 >307 (M=HF)~

(continued)
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Table 3.3 (Continued)

Class Analyte Precursor > product Nature of
transitions monitored product ion
FTSs 4:2 FTS 327 > 287 (M=2HF)~
327 > 81 HSO5~
327 >80 SO;
427 > 407 (M=HF)~
6:2 FTS 427 > 387 (M=2HF)~
THPFOS 427 > 81 HSO5~
427 >80 SO;
527 >507 (M=HF)~
8:2 FTS 527 >487 (M=2HF)~
527 > 81 HSO5~
527 >80 SO;

monitoring mode (MRM) so that multiple transitions can be monitored simultaneously. This
permits the analysis of a suite of PFCs with one injection and also allows monitoring of
multiple precursor > product transitions for each individual PFC. Quantitation is generally
based on the most abundant precursor > product transition [96, 106]. It should be noted that
m/z =80 is the most abundant product ion observed in the fragmentation of PFOS (and
other PFSAs), but interference with this ion has been observed in samples [105] and, as such,
499 > 99 is the precursor > product transition most often used for the quantitative analysis
of PFOS in biological samples. Using an LC-MS/MS method for the separation of PFOS
isomers, Benskin, Bataineh and Martin [117] have identified the interference at 499 > 80 as
taurodeoxycholate and have illustrated that it can be effectively separated from the analyte
of interest. Typical detection limits obtained using LC-MS/MS for the analysis of ionic
PFCs range from pg/L to ng/L for water samples, ng/g wet weight for biota and from pg/g to
ng/g for soils and sediments [96].

In addition to ionic PFCs, LC-MS/MS has also been employed for the analysis of neutral
PFCs. PFOSA is commonly analysed as it can be deprotonated in solution. The precursor >
product transition that is typically monitored and used for quantitation is 498 > 78
(SNOy") [105]. NMeFOSE, NEtFOSE and the FTOHs have also been analysed via LC-
MS/MS. These PFCs produce very little molecular ion and are typically monitored as
alcohol-acetate adducts [111, 118].

One limitation of LC-MS/MS methodology is that compounds in the sample extract,
typically lipids, can affect the initial ionization of the analyte. This is referred to as matrix
effects and can either enhance or suppress the electrospray ionization, leading to consider-
able inaccuracies in both qualitative and quantitative analyses [96, 97]. As such, the clean-
up methodology employed, especially when working with biological samples, is of the
utmost importance. In addition, the use of mass-labelled internal standards and matrix-
matched standards, can minimize matrix effects [93, 94].

3.5.5 Analysis via Gas Chromatography—Mass Spectrometry

For the analysis of neutral, volatile PFCs, including FSAs and FTOHs, gas chromato-
graphy—mass spectrometry (GC-MS) is typically the method of choice. Martin et al. [99]
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initially developed a GC-MS method for the analysis of FSAs and FTOHs in air samples.
This method has been used and modified by other researchers [74, 100-102].

Typically, FSAs and FTOHs are separated on a DB-WAX, DB-35 or equivalent
column [74, 99—-102]. These PFCs can be ionized using either electron or chemical
ionization [57, 99]. Chemical ionization offers higher sensitivity and specificity resulting
from an abundant pseudo molecular ion ([M +H]" or [M—H]"), and is the ionization of
choice [94, 102]. Positive chemical ionization (PCI) produces a simple, yet definite mass
spectra in comparison to the elaborate spectra obtained using negative chemical ionization
(NCI) [58, 102], and is usually used for identification and quantification. During analysis,
the mass spectrometer is operated in single ion monitoring mode (SIM) and several ions are
monitored simultaneously for each PFC. Ions typically observed during the GC-MS
analysis of FSAs and FTOHs are outlined in Table 3.4. As only one ion is observed in
the PCI spectrum of PFOSA, NMeFOSA and NEtFOSA, the presence of these analytes is
typically confirmed using NCI (Table 3.4). Identification is based on the observation of
multiple ions, specific ratios of observed ions and conservation of retention time compared
to a chemical standard, while quantification is usually based on the pseudo molecular ion.

FTCAs and FTUCAs are also amenable to GC-MS analysis. The mass spectrometry of
these PFCs using both positive and negative chemical ionization has been investigated by
Ellis and Mabury [58].

GC-MS cannot be used directly for the analysis of PFCAs, but has been used for the
measurement of PFCAs following derivatization. For example, GC-MS has been used for
the analysis of PFCAs in groundwater after derivatization with methyl iodide [90] and for
the analysis of PFCAs derivatized to the 2,4-difuoroanlide in polar bear liver [119],
human blood [120], precipitation [121, 122], surface water [121] and sewage treatment
plant discharge [121]. A GC-MS method has also been developed by De Silva and
Mabury [119, 120] for the separation of PFCA isomers, following derivitization, in
environmental samples. A comparison of GC-MS and LC-MS/MS methods for the
analysis of sewage treatment plant discharge samples indicated nearly identical results
for the two analysis techniques [121]. PFOS and other PFSA derivatives are unstable and
therefore not amenable to analysis via GC-MS [96, 111].

Table 3.4 lon fragments observed in the GC-MS analysis of PFCs. Pseudo molecular ions are
typically used for quantitation (indicated in bold)

Class Analyte lons (m/z) in PCI lons (m/z) in NClI
FSAs NMeFBSE 340, 358
NEtFBSE 354, 372
PFOSA 500 483, 400
NMeFOSA 514 483, 512, 400
NEtFOSA 528 483, 400, 526
NMeFOSE 540, 558
NEtFOSE 554, 572
FTOHs 4:2 FTOH 265, 227, 293
6:2 FTOH 365, 327, 393
8:2 FTOH 465, 427, 493
10:2 FTOH 565, 527, 593

12:2 FTOH 665, 627, 693
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3.5.6 Analysis via Nuclear Magnetic Resonance

Nuclear magnetic resonance (NMR) was first used for the analysis of PFCs in human serum
by Taves in the 1960s [123]. Since that time, use of NMR for measurement of PFCs in
environmental samples has been limited. Moody e? al. [124] employed '°F NMR for the
measurement of ionic PFCs in surface water samples collected immediately following an
accidental spill of aqueous fire fighting foam, when high concentrations of PFCs were
present. Quantitation was based on the peak area of the terminal CF; group and the limit of
detection was 10 ug/L. Results obtained using the "F NMR method were consistently
higher compared to those obtained via LC-MS/MS. The researchers attributed these
discrepancies to the possible presence of other fluorinated surfactants in the samples.
Results of this study indicate that information obtained using the '’F NMR method
complements the LC-MS/MS methodology by providing unequivocal structural
information [124].

3.5.7 Total Fluorine Analysis

One of the oldest methods in the literature for the measurement of organic fluorine
compounds is the Wickbold method [125], where organic fluorine is converted to hydrogen
fluoride via combustion. The Wickbold method is useful for determining the total organic
fluorine content of a sample, but is nonspecific and does not provide information on
individual fluorinated molecules. In addition, for samples containing PFCs, the combustion
may lead to incomplete decomposition and subsequent underestimation of the total fluorine
content of the sample [125].

A method for the determination of trace levels of total fluorine in environmental samples
has been developed by Miyake et al. [126, 127]. In this mass balance approach, total fluorine
in a sample is measured using combustion ion chromatography. The sample is then
fractionated into organic and inorganic fractions using solvents, and each fraction is
analysed for total fluorine, extractable organic fluorine and fluoride (inorganic fluorine).
The organic phase is also analysed via LC-MS/MS for known PFCs to enable calculation of
the fraction of total fluorine that is contributed by PFCs. This method has been employed for
both seawater [126] and human blood samples [127]. Results indicate the presence of
uncharacterized organofluorine compounds in both sample sets and the need for further
research in this area.

3.5.8 Analytical Challenges

In addition to background contamination, other challenges are associated with the mea-
surement of PFCs in environmental samples. In particular, challenges are associated with
standards, calibration and quantitation, and matrix effects [93, 94].

Until recently, obtaining high-quality chemical standards for the analysis of PFCs was
difficult. Although some standards were available commercially, others were available only
from manufacturers, and had variable purity and isomer profiles [94, 128]. These impurities
and structural isomers were not always well documented and could contribute to inaccurate
analytical results. For example, shorter chain PFCA impurities observed in a chemical
standard of PFTA could result in a negative bias of unknown proportions in quantitation
when mixed standard solutions are used without correction [94]. Today, an increasing
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number of well-characterized PFC standards are commercially available. In addition, as
discussed above, both LC-MS/MS and GC-MS methods to separate isomers of PFCs have
been developed [116, 117, 119] and can be incorporated into analytical techniques for more
accurate measurements.

Obtaining appropriate internal standards and standard reference materials has also proven
difficult [94]. As a result, researchers have employed a variety of chemicals for internal
standards [93]. For example, Hansen et al. [105] used the 6:2 FTS/THPFOS to quantify
PFHxS, PFOS, PFOA and PFOSA in biological matrices. This internal standard was
subsequently measured in groundwater samples from military bases [98] and illustrates the
importance for researchers to scan samples for any analyte being used as an internal
standard. A suite of '*C- and '®0-mass labelled PFCs have become commercially available
and itis recommended they be employed as internal standards [93, 97, 128]. Prior to use, it is
suggested that the purity of these labelled standards be confirmed to ensure the absence of
native (unlabelled) PFCs.

To investigate the data quality of PFC measurements, a worldwide interlaboratory study
was conducted in 2005 involving 38 laboratories from 13 countries [93]. Each laboratory
analysed 13 PFCs in three environmental samples and two human samples. Results
indicated approximately 65% agreement for PFOS and PFOA in human blood and plasma
samples, but agreement for other PFSAs and PFCAs was much lower and most laboratories
underestimated the PFC concentrations in fish extracts due to matrix effects. The study
concluded that additional work is needed to improve the analytical techniques employed for
the analysis of PFCs.

Several recommendations arose from the interlaboratory study to minimize analytical
challenges and to ensure data quality. As discussed above, it is recommended that mass
labelled PFCs be employed as internal standards [93, 97]. It should be noted, however, that
some electrospray ionization suppression may still occur if these internal standards are used
at high concentrations [97]. Matrix effects can also be minimized by employing matrix-
matched calibration standards in lieu of solvent-based calibration standards [97]. Unfortu-
nately, matrix-matched standards can be impractical when an appropriate ‘clean’ matrix
cannot be found [94]. Other quality assurance and quality control measures, such as spike
and recovery analyses of an analyte added to the sample matrix, repetitive analysis of
samples to determine precision and comparison of internal standard quantitation to
quantitation via standard additions, are also useful in determining data quality [94].

3.6 Human Exposure

The presence of organic fluorine in humans was first reported by Taves in 1968, although
analytical methodologies were not adequate at the time for identification of specific
PFCs [123]. In the past several years, primarily due to advances in analytical chemistry
techniques, PFSAs and PFCAs have been measured globally in human whole blood, plasma
and serum [105, 108, 129-133]. Concentrations of PFSAs and PFCAs in human populations
in North America and worldwide have been reviewed by Lau et al. [23].

In the general population, PFOS is the predominant PFC observed in human blood, with
mean concentrations generally <40ng/g [108, 129, 133]. In individuals employed in the
fluorochemical industry, PFOA is the predominant PFC observed. In occupationally
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exposed individuals, observed levels of both PFOA and PFOS are approximately one order
of magnitude higher than those reported in the general population [23], with mean
concentrations of 5 1g/g and 1 to 2 ug/g respectively [134]. Studies of occupationallyex-
posed workers have suggested that the mean biological half-life of PFOS, PFHxS and PFOA
in human serum is 5.4, 8.5 and 3.8 years respectively [135].

Generally, higher concentrations of PFOS are observed in males than females [132]. PFSAs
and PFCAs have also been shown to vary among ethnic groups in the United States,
concentrations decreased as follows: non-Hispanic whites > non-Hispanic blacks > Mexican
Americans [133]. Humans typically have much greater concentrations of PFOA than wildlife
and overall PFC contamination profiles between humans and wildlife are different, suggesting
different sources [136]. In addition to blood, PFSAs and PFCAs have been observed in
maternal and cord blood of a pregnant woman [137], human breast milk [138] and seminal
fluid [131], indicating the exposure of these contaminants to human fetuses and their presence
in the human reproductive system.

PFSAs and PFCAs are not the only PFCs observed in humans. PFOSA has also been
observed in human tissue [23]. A recent study investigating total fluorine concentrations in
human blood by Miyake et al. [127] suggests the presence of other, yet uncharacterized,
organic fluorine compounds in humans.

Routes of human exposure to PFCs have not been well characterized and are complicated
asitis likely that several sources are involved, with relative contributions varying depending
on lifestyle and geographic location [108, 133]. The general population may be exposed to
PFCs via direct contact with treated consumer products or the intake of contaminated food
items, air, water or dust [23, 139].

Washburn et al. [140] examined exposure to PFOA in a variety of consumer products
including clothing, upholstery, sealants, waxes, paints and cleaners, and concluded that
direct exposure to PFOA from the appropriate use of products treated with fluorinated
polymers is not a significant source of contamination to the general public. Studies
investigating the direct exposure to PFOS and other PFSAs in consumer articles have not
yet been published in the peer-reviewed literature.

It has been established that not all FSAs and/or FTOHs become chemically linked during
the manufacture of fluorinated polymers and free FSAs, and/or FTOHs are present in many
commercial products [6, 141, 142]. These residual FSAs and FTOHs may be a source of
human exposure, although their significance has not yet been investigated. In products
formerly produced by the 3M Company, the concentration of residual material (free FSAs
not linked to the polymeric backbone) was typically 1 to 2% or less [6]. In a recent study,
residual FSAs and FTOHs in a variety of commercially available and industrially applied
products ranged from 0.04 to 3.8% on a fluorinated alcohol to dry mass basis [141].
Degradation of FSAs and FTOHs may also represent an indirect source of PFSAs and/or
PFCAs to humans.

Food items can become contaminated with PFCs in a variety of methods. For example,
food derived from animals may be contaminated due to exposure of the animal to
PFCs [139]. PFCs are used in grease- and water-repellent coatings for food packaging,
and food can also become contaminated directly from packaging materials [143]. Begley
et al. [143] showed that PFCs applied on food packaging can migrate into food. Accord-
ingly, PFCs have been observed in composite samples from food items such as baked goods,
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dairy, eggs, fish, shellfish, fast food and microwave popcorn [139, 144]. Concentrations of
FSAs ranged from below the detection limit to 27 ng/g wet weight [144], while concentra-
tions of PFOS and PFCAs ranged from 0.5 to 4.5 ng/g [139].

Dietary exposure to PFCs was also indirectly examined by Falandysz et al. [145]. PFSAs
and PFCAs were analysed in blood samples collected from adults in Poland. A correlation
was observed between PFSA and PFCA concentrations in blood and self-reported Baltic
fish consumption.

A risk assessment to investigate the likelihood that dietary exposures of PFOS and
PFCAs could cause adverse human health effects was conducted by Tittlemier et al. [139].
Toxicological reference points were compared with estimated daily exposure to PFOS and
PFCAs from food to derive margin of exposure (MOE) estimates. MOE values for PFOS and
PFOA were greater than 1.6 x 10* and 2.7 x 10° respectively, indicating that a difference
exists between the average Canadian’s dietary exposure and the doses eliciting effects in
toxicological feeding studies involving nonhuman primates and rodents [139].

The indirect exposure to PFCAs through ingestion of chemicals applied to food contact
paper packaging was investigated by D’eon and Mabury [146]. In this study, the load of
PFCAs in rats was quantified following exposure to polyfluoroalkyl phosphate surfactants
(PAPS), a class of nonpolymeric PFCs approved for application to food contact paper
products. Increased levels of PFOA were observed in the dosed animals, linking ingestion of
PAPS with in vivo production of perfluorinated acids [146].

A comparison study examining possible sources of PFOS and PFCAs to humans was
conducted by Tittlemier et al. [139]. The estimated daily intake of PFCAs and PFOS for
Canadians >12 years of age was 410 ng/day. Of that, 250 ng/day were estimated from food
sources and accounted for 61% of the total daily PFC exposure. PFC-treated consumer
goods, such as carpets and apparel, accounted for an estimated 120 ng/day. Daily intakes of
PFCs via water, dust and air were estimated to be 0.3, 28 and 12 ng/day respectively.

De Silva and Mabury [120] investigated the isomer distribution of PFCAs in human blood
and observed linear isomers of PFCAs to be predominant. This observation is suggestive
that organisms are more exposed to a linear source of PFCAs, such as linear FTOHs
produced by the telomerization process [120]. It is important to note that isomeric
distribution of PFCAs cannot yet provide conclusive evidence with regards to source, as
PFCA isomer discrimination in biological samples is not yet fully understood. For example,
it is possible that linear isomers are preferentially absorbed and/or branched isomers are
more readily eliminated [120, 147]. Additional biomonitoring studies are required to
characterize trends of human exposure better.

3.7 Sources of PFCs to the Environment

3.7.1 Sources of FSAs and FTOHs

Sources of FSAs and FTOHs to the environment are not completely characterized, but are
hypothesized to be of both a direct and indirect nature. Direct sources include disposal, spills
and releases during manufacturing and application processes. As discussed above, not all
FSAs and/or FTOHs become chemically linked during the manufacture of fluorinated
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polymers, and as such free FSAs and/or FTOHs are present in many commercial products
[6, 141, 142] and can enter the environment directly. It is worth noting that DuPont has
announced its intention to implement manufacturing technology that will reduce residual
(unbound) FTOHs in their products [8].

Indirect sources of FSAs and FTOHs are more difficult to assess. It has been hypothesized
that fluorinated polymers may degrade under environmental abiotic and/or biotic conditions
to produce FTOHs and FSAs [141, 148]. To date, degradation of fluorinated polymers has
not yet been confirmed, although degradation of FTOH-containing monomers to FTOHs has
been observed [149]. If this hypothesis regarding the degradation of polymers is true, it is
possible that FTOHs and FSAs could also be released to the environment indirectly via
degradation following spills of fluorinated polymers or products containing fluorinated
polymers, due to leaching from consumer products over time and during disposal of
products containing or treated with fluorinated polymers.

3.7.2 Sources of PFSAs and PFCAs

Like FSAs and FTOHs, sources of PFSAs and PFCAs to the environment are also not
completely characterized. Direct sources of PFSAs and PFCAs include use, disposal, spills
and releases during the manufacturing process of PESAs and PFCAs themselves, in addition
to the manufacturing of products containing PFSAs and PFCAs [14]. As previously
discussed, the aggressive nature of the ECF manufacturing process can result in the
production of chemical by-products, including shorter and longer PFSA and PFCA
homologues [4], which could enter the environment directly. Similarly, PFOA has been
identified, in trace levels, as a chemical by-product of the manufacturing process of FTOH-
based fluorinated polymers [150]. In addition, due to their role as processing aids, significant
quantities of PFOA and other PFCAs, particularly PFNA, may also be released to the
environment during the production of fluoropolymers [7, 14].

The first report of an indirect source of PFCAs to the environment was the thermolysis of
fluoropolymers [151, 152]. FTOHs and FSAs have also been identified as indirect sources.
Degradation of FTOHs results in the production of PFCAs, under both abiotic [153-155]
and biological [40, 103, 104, 156, 157] conditions. PFSAs are also observed in the biological
degradation of FSAs [158, 159], while abiotic degradation of FSAs produces both PFCAs
and PFSAs [160, 161].

3.7.3 Sources of PFSAs and PFCAs to the Arctic

The origin and transport pathways of PESAs and PFCAs in the Arctic is a topic of interest
that has received considerable attention by researchers. In particular, two hypotheses
have been proposed to explain the sources of PFSAs and PFCAs to the Arctic. It is
important to note that proponents of both hypotheses agree that both transport routes are
likely to occur simultaneously. However, the relative importance of each transport route
is unknown.

The first hypothesis suggests an indirect route, where FSAs and FTOHs undergo long-
range atmospheric transport to the Arctic and subsequent abiotic and/or biotic degradation
results in the production of PFSAs and PFCAs [26, 99, 100]. Atmospheric lifetimes of the
FTOHs, as determined by reaction with OH radicals, regardless of the length of the
perfluoroalkyl chain, have been determined to be approximately 20 days and, as such, are
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sufficient for widespread dissemination in the northern hemisphere and long-range trans-
port [162]. Smog chamber studies have indicated that, in the absence of NO, FTOHs can
undergo atmospheric oxidation to form a homologous series of PFCAs [153, 154]. FTOHs
have also been shown to produce PFCAs following indirect photolysis in natural
waters [155]. Biological degradation of FTOHs has been observed to produce PFCAs in
both microbial [103, 104] and mammalian [40, 156, 157] studies.

Similar to the FTOHs, smog chamber studies of the FSAs also indicate that atmo-
spheric transport to remote regions is possible [160, 161]. The atmospheric lifetime for
NMEeFBSE, as determined by reaction with OH radicals, is approximately 2 days [161],
and it is assumed that the atmospheric lifetime of NEtFBSE would be similar. As such, it
is unlikely that these compounds would undergo global long-range atmospheric trans-
port, but continental transport is possible. The gas phase N-dealkylation products of
NMeFBSE and NEtFBSE, N-methyl perfluorobutane sulfonamide (NMeFBSA) and
N-ethyl perfluorobutane sulfonamide (NEtFBSA) respectively have atmospheric life-
times >20 days [160, 161], thus allowing substantial long-range transport. In the absence
of NO,, the atmospheric oxidations of NEtFBSA and NMeFBSE have been shown to
result in the production of both PFSAs and PFCAs [160, 161]. Using these observations
as a guide, it is likely that NMeFOSE and NEtFOSE will undergo similar atmospheric
transport and oxidation. In addition, biological degradations of NEtFOSE and NEtFOSA
have been observed to produce PFSAs in both fish [159] and mammalian [158, 159]
studies.

The alternative hypothesis suggests a direct route, where long-range oceanic transport
can account for the presence of PFCAs in the Arctic Ocean and thus in Arctic biota
[14, 163, 164]. As will be discussed later in more detail, PFOS, PFOA, PFNA and PFHxS
have been reported in open ocean waters of the Pacific and Atlantic and in coastal waters of
Japan, Korea and China [95, 112, 165]. Modelling studies indicate that the observed PFOA
concentrations in oceans can be accounted for by historical and projected PFOA
emissions [14, 163, 164].

Stock et al. [166] identified that, in addition to the direct and indirect sources discussed
above, a third route by which PFCs reach the Arctic is local contamination. PFOA, PFHpA,
PFHxS and PFOS were observed in Resolute Lake in the Canadian Arctic at concentrations
(up to 90 ng/L) that were nearly 60 times that observed in other, nearby Arctic lakes. The
contamination of Resolute Lake was proposed to be as a result of a nearby airport
wastewater input and did not appear to be widespread.

3.8 Environmental Measurements

It is widely recognized that PFCs, due to their persistence, are ubiquitous in all phases of the
natural environment including the atmosphere, precipitation, groundwater, surface waters,
sediments and wildlife.

3.8.1 Atmosphere

FSAs and FTOHs were first observed in the atmosphere in 2002, by Martin et al. [99].
Concentrations of combined FTOHs and FSAs ranged from 20 to 85 pg/m® and 7 to
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393 pg/m® at an urban (Toronto, Ontario) and a rural (Long Point, Ontario) sampling
location respectively. Concentrations of XFSAs and XFTOHs were measured in six
North American cities with average concentrations ranging from 22 to 403 pg/m? and
11 to 165 pg/m? respectively [100]. In this study, larger concentrations of individual FSAs
were observed near possible point source locations. FSAs have also been observed in
urban Canadian cities by Shoeib et al. [74, 167], in both indoor and outdoor locations.
Mean indoor concentrations of NMeFOSE and NEtFOSE (1490 pg/m® and 740 pg/m®
respectively) were approximately 10 to 20 times greater than mean outdoor concentra-
tions (82 pg/m® and 87 pg/m> respectively), indicating that indoor air may in fact be a
source of FSAs to the outside environment [167]. Boulanger et al. [118] collected air
samples above Lake Ontario and observed NEtFOSA and NEtFOSE at concentrations
ranging from 0.5 to 1.1 pg/m°.

FSAs and FTOHs have also been observed in the European atmosphere [102, 168, 169].
Berger et al. [168] collected samples from two English cities and observed FSAs and FTOHs
at concentrations ranging from < 1 to 29 pg/m> and 9 to 326 pg/m? respectively. FSAs and
FTOHs were also observed in the German atmosphere [102, 169] with average concentra-
tions of ZFSAs and SFTOH ranging from 12 to 151 pg/m® and 64 to 546 pg/m” respectively.
Similar to that observed in the North American atmosphere, in the European studies,
elevated concentrations were also observed in samples collected from urban versus rural or
remote locations. Volatile PFCs have also been detected in the arctic atmosphere. Shoeib,
Harner and Vlahos [101] observed 6:2, 8:2 and 10:2 FTOHs, NMeFOSE and NEtFOSE at
concentrations ranging from below detection limits to 31 pg/m°, during a crossing of the
North Atlantic and Canadian Arctic Archipelago. FTOHs and FSAs have also been reported
in the Canadian Arctic atmosphere [166]. Typically, observed concentrations of FSAs and
FTOHs were on the same order of magnitude as concentrations reported in lower-latitude
source regions [101, 166].

PFSAs and PFCAs have also been detected in the atmospheric environment. PFOS
was first observed in atmospheric particulate matter in two Japanese cities in 2003 by
Sasaki et al. [170] at concentrations ranging from nondetectable values to 21.8 pg/m®.
PFOS was also observed in atmospheric particles above Lake Ontario by Boulanger
et al. [118] at concentrations up to 8.1 pg/m>. Berger et al. [168] observed PFSAs and
PFCAs in the particulate phase of air samples collected in England, at concentrations
ranging from nondetectable values (PFUA and PFDoA) to 828 pg/m3 (PFOA). PFOA was
observed at elevated concentrations of 0.1 to 3.84 pg/m’ in ambient air outside a
manufacturing facility [171]. A recent investigation of arctic glacial ice caps that
receive contamination solely from the atmosphere also reported the observation of
PENA, PFOA, PFDA, PFUA and PFOS [113]. Concentrations of PFSAs and PFCAs,
ranging from <0.1 to 5.9 pg/m® were also observed on atmospheric particles from the
Canadian Arctic [166].

3.8.2 Precipitation

Several studies have examined the presence of PFCs in precipitation. Loewen et al. [172]
examined a rainfall event sample collected from Winnipeg, Manitoba, and observed PFOS
at a concentration of 0.59 ng/L, but PFCAs were not observed above method detection limits
(1.1 to 7.2ng/L). FTCAs and FTUCA were also observed; concentrations of 8:2 and 10:2
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FTCAs were 1.0 ng/L and 0.3 ng/L respectively, while the 8:2 and 10:2 FTUCAs were both
observed at 0.12 ng/L. Scottet al.[121, 122] examined PFCAs (n = 2to 10) and 8:2 and 10:2
FTCAs and FTUCAs in precipitation samples collected from nine sampling locations
throughout North America. Excluding TFA and perfluoropropanoate (PFPrA, n=3),
PFOA was the predominant PFCA observed in most sampling locations. In samples
collected from remote sites, concentrations of PFOA ranged from <0.1 to 6.1 ng/L, while
aturban or near-urban sites, concentrations of PFOA were generally much larger and ranged
from 0.6 to 89 ng/L. Longer chain PFCAs (n =10, 11 and 12) were observed at concentra-
tions ranging from <0.07 to 5.2 ng/L. The 8:2 and 10:2 FTCAs and FTUCas were observed
in all samples collected from urban and near-urban sites; concentrations ranged from <0.07
to 8.6 ng/L.

3.8.3 Groundwater

Use of aqueous fire fighting foams at military bases has led to the contamination of
groundwater with PFSAs, PFCAs and FTSs [98, 173]. PFCAs were first identified in
groundwater at Naval Air Station Fallon, Nevada, and Tyndall Air Force Base, Florida, in
1999 by Moody and Field [90]. Total concentrations of PFCAs (n = 6 to 8) observed ranged
from 125 to 7090 ug/L. PFHxS, PFOS, PFHpA and PFOA (concentrations ranging from 3 to
120 ng/L) were also observed in groundwater at Wurtsmith Air Force Base, Michigan [174].
Total concentrations of FTSs (n=4, 6, 8) observed in groundwater collected from both
Tyndall and Wurtsmith Air Force Bases ranged from below quantitation (<0.06) to
14 600 pg/L.

3.8.4 Surface Waters

PFSAs and PFCAs were first observed in surface waters following the accidental release of
22 000L of aqueous fire fighting foam in June 2000 into Etobicoke Creek, a tributary of
Lake Ontario [85, 124]. PFOS was the predominant PFC observed. Combined concentra-
tions of PFOS, PFHS and PFOA ranged from 0.011 to 2270 ug/L. PFHpA and PFBS
were also observed quantitatively. It is interesting to note that PFOS, PFHxS and PFOA
were also observed, in lower concentrations, in surface water samples collected upstream
of the spill location. Subsequent studies have observed PFCs in a variety of surface
waters including rivers [88, 110, 175-178], lakes [114, 121, 166, 179-181] and seas and
oceans [86, 95, 112, 165, 175-177, 182].

PFSAs and PFCAs have been observed in samples collected from rivers in North
America, Europe and Asia. Hanson ez al. [110] observed PFOS and PFOA in the Tennessee
River near a fluorochemical manufacturing plant in Decatur, Alabama (concentrations
ranging from 16.8 to 144 ng/L and <25 to 598 ng/L respectively). PFOS and PFOA were
detected throughout the river, although increased concentrations were observed down-
stream of the fluorochemical manufacturing facility. Saito et al. [175, 176] measured PFOS
and PFOA in 126 Japanese rivers, at concentrations similar to that observed by Hanson
et al. [110]. Concentrations of PFOS ranged from 0.3 to 157 ng/L, with maximum
contamination observed in the Jinzu (135 ng/L) and Tama Rivers (157 ng/L), while observed
concentrations of PFOA were much larger, ranging from 0.28 to 456 ng/L. Highest PFOA
concentrations were observed in rivers of the Kinki District, where a public water disposal
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site, releasing 18 kg of PFOA daily, was identified as the probable source of contamina-
tion [176]. In the Raisin and St Clair Rivers, two rivers in the Great Lakes system, the
presence of PFOS and PFOA was investigated by Kannan et al. [88]. Concentrations of
PFOS and PFOA were similar, 1.9 to 3.9ng/L and 4.0 to 14.7 ng/L respectively. Tseng
et al. [177] monitored PFOA, PFOS and PFDA in two rivers in Taiwan. Concentrations
ranged from 4.0 to 181 ng/L and were similar to those observed in Japanese surface waters.
Skutlarek, Exner and Farber [178] observed a suite of PFSAs (n =4 and 8) and PFCAs
(n=4 to 8) in the Rhine, Ruhr and Moehne River systems in Germany. Concentrations of
2PFSAs and PFCAs in the Rhine River system (ranging from nondetectable values to
178 ng/L)) were much less than those observed in the Ruhr and Moehne River systems (total
concentrations up to 4385 and 43348 ng/L respectively). The legal application of organic
and inorganic wastes to agricultural lands within the river systems were proposed as possible
sources of the observed contamination.

Several studies have investigated the presence of PFCs in the Great Lakes and smaller
lakes of the Great Lakes region. PFCs were first observed in the Great Lakes by
Boulanger et al. [179]. In this study, 16 samples from Lake Ontario and Lake Erie
were analysed. PFOS and PFOA were the predominant PFCs observed, with concentra-
tions ranging from 21 to 70ng/L and 27 to 50ng/L respectively. PFOSA was also
observed (0.6 to 1.3 ng/L), while neither NEtFOSA nor NETFOSE were detected. It
should be noted, however, that concern has arisen surrounding the validity of these
measurements [183] and reported values are an order or magnitude greater than more
recent measurements. Simcik and Dorweiler [180] investigated the presence of PFOS and
several PFCAs (n =7 to 10) in Lake Michigan, Lake Superior and other surface waters in
the surrounding area. Concentrations of PFCs were observed to be higher in urban versus
remote sampling locations. PFOS was the dominant PFC observed; concentrations
ranged from nondetectable values to 1.2ng/L in remote locations and 24 to 46 ng/L in
urban locations. Concentrations of PFOA ranged from 0.14 to 0.66 ng/L and 0.45 to
19ng/L in remote and urban sites respectively. PFHpA was observed in all samples
collected (concentrations generally <10ng/L) while PFNA and PFDA were only
detected in several samples.

Scott et al. [121] measured a suite of PFCAs (n =2 to 8) in water samples collected from
depth profiles in Lake Ontario. PFCAs were observed at all depths, with largest concentrations
for the shorter chained PFCAs (n =2 to 4). Mean concentrations of PFOA were 2.5 ng/L,
while other PFCAs (n =35 to 7) were observed at concentrations of about 1 ng/L. PFOA
and PFNA were also observed in Lake Huron and Lake Superior by Scott et al. [121],
with concentrations ranging from 0.03 to 1.8 ng/L. Sinclair et al. [181] investigated the
presence of PFOA, PFOS, PFHxS and PFOSA in Lake Erie and Lake Ontario and other
surface waters in New York State. PFOA was the predominate PFC observed, with
concentrations ranging from 10 to 173 ng/L in all samples. PFOS and PFHxS concentra-
tions were generally lower, ranging from 0.8 to 30 ng/L and 0.5 to 8.5 ng/L respectively. A
notable exception was Lake Onandaga, where elevated PFOS concentrations were
observed (198 to 1090 ng/L). PFOSA was not observed in any surface waters above the
method detection limits (2.5 ng/L). Furdui et al. [114] measured PFOSA, PFSAs (n=6
and 8) and PFCAs (n =7 to 12) in all the Great Lakes with the exception of Lake Michigan.
PFCs were observed in all lakes, generally at concentrations less than 7 ng/L. However,
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elevated concentrations of PFOS (37.6 ng/L) were observed in samples collected from
Hamilton Harbour in Lake Ontario.

The presence of PFSAs (n=06, 8 and 10) and PFCAs (n=7 to 12) in four lakes on
Cornwallis Island in the Canadian Arctic were investigated [166]. In Amituk and Char Lakes,
concentrations of PFSAs and PFCAs ranged from nondetectable values to generally less than
5ng/L and were similar to concentrations observed in lakes in lower latitudes. Conversely, in
Resolute and Meretta Lakes, concentrations of PFHxS, PFOS, PFHpA and PFOA ranged from
5.6 to 69 ng/L, and were generally larger than concentrations observed in the Great Lakes. As
discussed previously, local contamination such as the use of aqueous fire fighting foam or
discharge of wastewater from a former airport base was hypothesized as a point source.

PFCs were first observed in seawater by Saito et al.[175, 176], who measured PFOS and
PFOA in coastal water samples collected in Japan. Concentrations of PFOA (1.90 to
447 ng/L) were significantly larger than those observed for PFOS (0.2 to 27.69 ng/L).
Subsequent studies of PFSAs and PFCAs in seawater have reported similar concentra-
tions. PFOSA, PFSAs and PFCAs have been investigated in the coastal waters of Japan,
China and Korea by several research groups [86, 95, 112, 165, 182]. Generally, low ng/L
concentrations were reported, with maximum concentrations of PFOS (730ng/L) and
PFOA (320 ng/L) reported in the coastal waters of Korea [165]. High concentrations of
PFCs were also reported in Tomakomia Bay, Japan [182], following the accidental release
of aqueous fire fighting foam; elevated concentrations of PFOS (2550 to 2880 ng/L),
PFHxS (92 to 96 ng/L) and PFOSA (351 to 380 ng/L) and some PFCAs (up to 343 ng/L)
were observed. Tseng et al. [177] observed PFBS, PFOS, PFOA and PFDA in two samples
collected from the coastal waters of Taiwan. Concentrations ranged from 60 to 920 ng/L
and were consistent with earlier studies. PFOSA, PFSAs (n =6 and 8) and PFCAs (n =8
and 9) have also been reported in the open ocean waters by Yamashita et al. [95, 112].
Reported concentrations ranged from 0.1 pg/L (PFHxS) to 439 pg/L (PFOA). Generally
lower concentrations were observed in the South Pacific Ocean and higher concentrations
observed in the North Atlantic Ocean, while concentrations in the open ocean were
significantly less than those observed in coastal waters.

To date, the majority of studies of PFCs in surface waters have focused on PFOSA, PFOS
and PFOA, in addition to other select PFSAs and PFCAs. It should be noted, however, that
Taniyasu et al. [182] have developed a method for the analysis of a suite of PFCs in aquatic
matrices, including not only the PFSAs and PFCAs but also NEtFOSA and 8:2 FTCA and
FTUCA. In water samples collected from Tokyo Bay and Tomakomai Bay in Japan, neither
NEtFOSA nor 8:2 FTCA were observed above detection limits (0.3 and 7.0 ng/L respec-
tively). However, 8:2 FTUCA was observed in one sample (0.14 ng/L). The 8:2 and 10:2
FTUCASs (concentrations up to 15.1 ng/L) were observed in samples collected from four
lakes in the Canadian Arctic [166]. In addition, a method for the extraction and analysis of
FTOHs in water has also been developed by Szostek, Prickett and Buck [184], but it has yet
to be applied to real-life samples.

3.8.5 Sediments

Both PFSAs (n =06, 8, 10) and PFCAs (n = 8 to 13) have been observed in surface sediment
samples from rivers and creeks in the San Francisco Bay area by Higgins et al. [185].
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Concentrations of individual PFSAs and PFCAs ranged from nondetectable values to
3.76 ng/g dry weight, with PFOS, PFDS, PFOA and PFDA the most commonly detected
analytes. Similar concentrations of PFOS, PFOA and PFNA (0.09 to 1.1 ng/g dry weight)
were also observed in surface sediment samples collected from the tidal flats of the Ariake
Sea, Japan [186].

The presence of PFSAs (n =4, 6, 8, 10) and PFCAs (n =7 to 15) were also investigated in
sediment from three Lakes in the Canadian Arctic [166]. In Char and Amituk Lakes, total
concentrations of PFSAs and PFCAs in sediment were approximately 5 and 7 ng/g dry
weight respectively, while total concentration in Resolute Lake sediment was approxi-
mately 100 ng/g dry weight. In Char and Amituk Lakes, the ZPFCAs were greater than the
YPFSAs, while the opposite was true for Resolute Lake. The 8:2 and 10:2 FTUCAs were
also observed in sediment samples from Char and Amituk Lakes.

3.8.6 Wildlife

The first observation of PFCs in wildlife was reported by Giesy and Kannan in 2001 [106]. In
this study, PFOS was observed in the plasma, liver, eggs and muscle tissue of turtles, frogs,
fish, birds and marine mammals, including those in remote locations such as Alaska, the
Canadian and Norwegian Arctic and Antarctica. Global concentrations of PFOS ranged
from < 1to 3680 ng/g wet weight. PFOA and PFOSA were also observed in a few samples at
concentrations ranging from 2.5 to 180ng/g wet weight and 1 to 38 ng/g wet weight
respectively.

Long chain PFCAs (n > 8) were first observed in fish by Moody et al. [85], following an
accidental release of fire fighting foam into Etobicoke Creek, a tributary of Lake Ontario.
Concentrations of total PFCAs (n=35 to 14) in fish liver samples ranged from 0.07 to
1.02 ng/g wet weight. The presence of long chain PFCAs in biota was confirmed by Martin
et al. [187] in 2004, who observed PFCAs (n =8 to 15) in a variety of marine mammals,
seabirds and fish species from the Canadian Arctic, at concentrations ranging from 0.3 to
180 ng/g wet weight.

To date, it is widely recognized that PFCs are ubiquitous in biota, and the topic has been
reviewed by Houde et al. [136] and Lau et al. [23]. PFSAs and PFCAs have been measured
globally in invertebrates [87, 88, 109, 188, 189], fish [85, 87, 88, 106, 109, 124, 187, 190-
192], reptiles [106, 193], birds [87, 106, 190, 192, 194—-197], and terrestrial [187, 198] and
marine [87, 106, 107, 119, 190, 192, 199-208] mammals. The pattern of contamination in
biota is complex and varies among species and locations.

Generally, PFOS is the predominant PFC observed in wildlife samples [136]. A
notable exception to this are some seabird species from the Canadian Arctic, where
concentrations of individual PFCAs exceeded PFOS [197]. Profiles of PFC contami-
nation vary among wildlife species and locations, indicating multiple sources of
PFCs, although numerous linear correlations between concentrations of different
PFSAs and PFCAs have been observed in wildlife, indicating that exposures to various
PFCs may occur simultaneously and may be from a similar source within a geographic
region [136]. The largest biological PFC concentrations encountered to date were
observed in wood mice (Apodemus sylvaticus) inhabiting the area surrounding a
fluorochemical plant in Belgium; concentrations of PFOS were approximately 180
000ng/g wet weight [198].
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The possibility of transfer of PFCs to offspring has been indicated in several biological
monitoring studies. For example, PFSAs and PFCAs have been observed in the eggs of
fish [88, 106] and birds [106, 194, 196], indicating that oviparous transfer to offspring may
be occurring. Observed concentrations of PFCs in both calves of bottlenose dolphins
(Tursiops truncates) [207] and the fetus of a North Sea harbour porpoise (Phocoena
phocoena) [201] were greater than the concentrations observed in their mothers, suggest-
ing placental transfer and fetal accumulation of PECs [136]. PFCs have also been observed
in the milk of bottlenose dolphins, indicating that maternal transfer of contaminants
occurs during lactation [207].

The majority of biological monitoring studies to date have focused on PFOSA, PFSAs
and PFCAs. FTCAs and FTUCAs have been observed in some species, including seabirds
and seals from the Canadian Arctic [107, 197], suggesting that FTOHs may be a source of
the observed PFCAs. Two studies have also investigated the presence of other FSAs
in biological samples. Tomy et al. [87] have observed NEtFOSA in an Eastern Arctic
marine food web, while Taniyasu et al. [182] have observed NEtFOSA in beaver liver
samples.

Similar to species in lower-latitude regions, PFOS has typically been identified as the
predominant perfluoroalkyl contaminant in arctic wildlife [136]. The largest concentra-
tions of PFCs in arctic biota were observed in polar bears (Ursus maritimus) [119, 187,
204-206, 208], the apex predator in the arctic food web. In polar bears, PFOS is present at
similar or higher concentrations than that of other persistent organohalogen contami-
nants [204, 208-210]. Accumulation profiles of PFCAs in arctic biota are typically
characterized by a higher concentration of odd-numbered PFCAs [196, 204, 206, 209,
210], but the predominance of individual PFCAs varied with species and geographic
location. In arctic marine food webs, bioaccumulation and trophic transfer have also been
identified as important exposure routes of PFCs [87, 192, 196]. It is also interesting to note
that, typically, higher concentrations of PFCs have been observed in populations of the
European arctic compared with western North American arctic populations [202, 204, 206,
208].

3.8.7 Temporal Trends

Temporal trends of PFCs in biota have been investigated in several studies and generally
have shown increasing concentrations of PFCs over time. PFOS was found to significantly
increase fourfold in whole lake trout homogenate from Lake Ontario between 1980 and
2001 [109]. A 30-fold increase was observed from 1968 to 2002 in mean PFOS
concentrations in guillemot eggs from the Baltic Sea [211]. Similar increasing trends
were also observed for thick-billed murres (Uria lomvia) from Prince Leopold Island
between 1975 and 2004 [197]. PFOS and PFCA concentrations in the liver of polar bears
from North Baffin Bay have also shown a steady increase between 1972 and 2001 [208].
Increasing concentrations of PFOS, PFDA and PFUnA were observed in ringed seals
(Phoca hispida) from East and West Greenland from 1986 to 2003 and 1982 to 2003
respectively [202]. Temporal trend studies of ringed seals from Arviat and Resolute Bay
also showed increasing concentrations of PECAs (n =9 to 15) from 1992 to 2005 and 1972
to 2005 respectively [107]. However, maximum concentrations of PFOS and PFOSA were
observed during 1998 and 2000, with significant decreases from 2000 to 2005, suggesting
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that ringed seals and their food web are rapidly responding to the phase-out of perfluor-
ooctyl chemistry by the 3M Company [107]. PFOS concentrations in whole eggs of
herring gulls (Larus argentatus) from two isolated colonies in northern Norway showed a
twofold increase from 1983 to 1993, followed by a levelling off up to 2003 [212]. PFCAs
in the same samples also showed an increase from 1983 to 1993, followed either by a weak
increase post 1993 n=9 to 11) or a levelling off (n=12 and 13). These observed
temporal trends suggest that sources of PFCs are likely to have changed over the last two
decades [212].
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4.1 Introduction

This chapter is a comprehensive critical review of the use of chirality as a forensics tool to
detect, probe and gain insight into biologically mediated environmental processes affecting
persistent organic pollutants (POPs). About 25% of all agrochemicals are chiral [1], as are
many other legacy and current-use chemicals. Among the classic legacy POPs, a number are
chiral, such as 19 polychlorinated biphenyl (PCB) congeners [2]. A number of the
organochlorine (OC) pesticides are also chiral: the technical dichlorodiphenyltrichlor-
oethane (DDT) component o,p’-DDT and its anaerobic metabolite 0,p’-DDD; a-hexachlor-
ocyclohexane (a-HCH), the only chiral isomer of technical HCH; many of the cyclodienes
in the chlordane class, including major components cis- and trans-chlordane and hepta-
chlor, minor components such as MC-5, MC-6, MC-7, and U82, and degradates such as
oxychlordane and heptachlor epoxide; and most of the possible chlorobornane congeners of
toxaphene [3]. Many emerging POPs are also chiral, such as pyrethroid insecticides,
hexabromocyclododecane (HBCDD), other brominated flame retardants such as polybro-
minated biphenyls (PBBs) [4] and some ethers [5], and PCB metabolites such as hydroxyl-
ated [6] and methylsulfonyl PCBs [7]. Surprisingly, the chirality of pollutants has received
relatively limited attention, despite the significantly different toxicity that enantiomers may
have compared to each other and to the racemate, and the insights that enantiomer analysis
can bring to understanding processes affecting pollutants in the environment.

Persistent Organic Pollutants Edited by Stuart Harrad
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The enantiomers of a chiral compound have identical physical and chemical properties.
Accordingly, abiotic processes such as air—water exchange, sorption, and abiotic transformation
are generally identical for both enantiomers. However, biochemical processes may differ
among stereoisomers because they can interact differentially with other chiral molecules
such as enzymes and biological receptors. Thus, enantiomers may have different
biological and toxicological effects.

The differential toxicity of pollutant enantiomers is one of the major reasons helping to
understand stereoisomer-specific environmental fate and effects in POPs. A few of these
effects have been characterized. For example, (-)-0,p’-DDT has the weak estrogenic activity
attributed to 0,p’-DDT as an endocrine disruptor, as (+)-0,p’-DDT is inactive [8—-10]. The
enantiomers of PCB 139 differentially induce cytochrome P-450 2B (CYP2B) isozymes in
rats [11]. This congener, as well as PCBs 88 and 197, also induces CYP2B differentially in
chick embryo hepatocytes [12]. Multi-ortho-substituted PCBs are neurotoxic. This endpoint
can be enantioselective, as demonstrated by (—)-PCB 136 enhancing the binding of ryanodine
to its receptor and holding calcium ion channels open as part of the mechanism for muscle
contraction, and the (4)-enantiomer not inhibiting the (—)-enantiomer’s activity [13]. On the
other hand, racemic PCB 84 is more potent at inhibiting calcium ion uptake to rat cerebellum
microsomes [14] than the individual enantiomers, which had effects that differed from one
another. Differential effects of «-HCH enantiomers on growth stimulation and cytotoxicity
have also been observed in rat hepatocytes [15]. Components of chlordane and heptachlor
have enantiomer-specific insecticidal properties [16, 17]. The 1S-cis-enantiomer of the
synthetic pyrethroid bifenthrin is over a hundred times more potent at inducing vitellogenin, a
fish yolk protein precursor normally produced in females, in Japanese medaka (Oryzias
latipes) compared to the 1R-cis-enantiomer [18]. However, 1R-cis-bifenthrin is the only
enantiomer of this pyrethroid that exhibited acute toxicity towards the daphnid Ceriodaphnia
dubia [19]. Large differences of up to fortyfold in lethal acute levels of cis-permethrin were
observed towards this species, suggesting that aquatic toxicity was primarily due to a specific
enantiomer in the racemic mixture [20]. In zebrafish, (—)-trans-permethrin had the greatest
estrogenic activity in terms of hepatic messenger RNA expression of vitellogenin genes [21].
Esvenvalerate, the 25, 3S stereoisomer of the synthetic pyrethroid fenvalerate, is an example
of chirality being taken into account in pesticide design in that only the active ingredient with
insecticidal activity is applied, thereby lowering the application rate [22].

Most studies of chiral pollutants do not account for fate and effects of individual
stereoisomers. Thus, our current knowledge of chiral pollutants is often inaccurate, as the
implicit assumption that enantiomers have identical environmental behavior is incorrect.
Nonenantioselective chemical analyses cannot measure enantiomer compositions, but only
the sum total of stereoisomers. Thus, if, for example, a more toxic enantiomer is preferen-
tially degraded, then exposure assessments from nonenantioselective measurements would
overestimate toxicity. Conversely, preferential elimination of relatively innocuous enantio-
mers would thus underestimate toxicity. The enantiomer-specific activities and side-effects
of some chiral agrochemicals have prompted regulatory authorities in the Netherlands and
Switzerland to revoke registrations for racemates of chiral phenyoxy herbicides, while
approving registrations of single-enantiomer products [1], which are increasing worldwide.
Canada’s Pest Management Regulatory Agency requires information on manufacturing
processes and analytical separations of enantiomers for chiral pesticide registration [23, 24].
However, information on chirality is severely lacking and needed by regulatory bodies. The
US Environmental Protection Agency has recognized the issue of chirality in pesticide
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registration [25] and risk assessment [26]. However, in general, regulators have insufficient
enantiomer-specific environmental fate and toxicity information [27, 28] needed for proper
risk assessment. These regulatory actions and needs underscore the need to understand
stereospecific effects of chiral xenobiotics in the environment.

The use of chirality to understand environmental chemical fate processes is another major
reason for studying pollutant enantiomers. Because abiotic processes generally affect both
enantiomers of a chiral compound identically, its enantiomer composition will not change
when physical and chemical processes change concentrations and fluxes. However, biologi-
cally mediated processes may be enantioselective and change the enantiomer composition.
Thus, the change in relative enantiomer proportions is a tracer of enantioselective biologi-
cally mediated activity unaffected by abiotic processes. This feature is highly useful, as
environmental processes are often complex and variable. As aresult, detecting and analyzing
biochemical processes such as biotransformation can be confounded by the many abiotic
processes also acting upon chemicals of interest without a specific biochemical tracer.

Much of the focus of this chapter is on the legacy past-use classical POPs covered under
the Stockholm Convention (see Chapter 1). However, research to understand current-use
emerging persistent organic pollutants is also discussed, including pesticides (e.g. pyre-
throids), synthetic musks, POP metabolites (e.g. methylsulfonyl PCBs), and brominated
flame retardants (e.g. HBCDD). Discussion is limited to persistent compounds with long
half-lives (i.e. years to decades and beyond). While many current-use and emerging
pollutants (e.g. polar pesticides, pharmaceuticals) are also chiral, they are often much less
persistent in the environment and are reviewed elsewhere (e.g. see References [29, 30]). Our
discussion briefly covers methods to measure and quantify enantiomer composition of
POPs. We then discuss enantiomer composition of chiral POPs within various environmen-
tal media (e.g. water, sediment, soil, and biota) and how these compositions have been used
to gain insight to enantioselective biochemical processes. Specific examples of using
chirality as a apportionment tool to understand pollutant sources and to characterize
environmental transport processes are also highlighted. Finally, caveats and limitations
on using chirality as an environmental forensics tool are detailed.

4.2 Classes of Chiral Legacy and Persistent Organic Pollutants

4.2.1 Organochlorine Pesticides

The organochlorine pesticides have similar uses and histories. The insecticide DDT was
originally introduced during World War II to kill malaria-bearing mosquitoes and lice
causing typhus, and was widely used as an insecticide until it was banned in the US and other
industrialized countries in the early 1970s [31]. It remains in restricted use for malaria
control in developing countries. Technical-grade DDT contains up to 25% o,p’-DDT, which
can be anaerobically degraded to 0,p’-DDD. Both are chiral (Figure 4.1). Technical HCH is
another heavily used and ubiquitous pesticide introduced in World War II, and consists of
three major isomers: a-HCH, the most abundant (60-70%) and the only chiral isomer
(Figure 4.2); B-HCH (5-12%), the most bioaccumulative isomer; y-HCH or lindane
(10-12%), the active insecticidal isomer (Figure 4.2); and minor amounts of o- and -
isomers [32]. The technical product was banned in the US and Canada during the 1970s, in
Europe in the 1970s and 1980s, in China in 1983, and in the former Soviet Union in 1990.
However, it continued to be used past 1990 in India and some African and South American
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Figure 4.1 Structures of o,p’-DDT, o,p’-DDD, and toxaphene congener B8-1412 [256]. Only
one enantiomer of each compound is depicted. Absolute configuration of chiral DDT compo-
nents from Reference [31]

countries [33]. Lindane remains in use as a replacement for technical HCH. Technical
chlordane, a complex mixture of more than 140 components [34], was widely used as an
agricultural insecticide and as a termiticide from the 1950s to the 1980s, at which time active
use was either phased out or severely restricted in most countries. Some of these components
are chiral (Figure 4.3), including the stable degradation products oxychlordane and
heptachlor-exo-epoxide. While the endo-epoxide of heptachlor can exist, only the exo-
epoxide or ‘B’ isomer is found in the environment, given its greater stability [35], and is the
isomer hereafter referred to as ‘heptachlor epoxide’. Toxaphene, another heavily used
pesticide banned in the 1980s, is an extremely complex mixture of mostly chlorinated
bornanes, which number in the hundreds in the technical product. This is a small fraction of
the 32 768 possible chlorobornane congeners, most of which are chiral [3] (Figure 4.1) and
are referred to using the nomenclature of Andrews and Vetter [36].

4.2.2 PCBs and Their Metabolites

Polychlorinated biphenyls were first synthesized in 1929 and can exist as up to 209
individual congeners. They were manufactured as technical mixtures (e.g. Aroclor, Kane-
chlor, Sovol, etc.) consisting of up to about a hundred individual congeners. These mixtures
were mainly used as dielectric fluids in capacitors and transformers, but had other uses (e.g.
heat transfer fluids, plasticizers, carbonless paper). Production of PCBs was halted in
industrialized countries in the 1970s. Seventy-eight congeners are atropisomeric, meaning
they are asymmetric about their long axis and thus chiral when in their energetically favored
nonplanar conformations [2]. Of that number, 19 have three or four ortho chlorine atoms,
restricting rotation about the C—C bond between the two phenyl rings (Figure 4.4). These 19
congeners are stable under environmental conditions, with rotation energies of 45-60 kcal/
mol [37, 38] or a minimum half-life for racemization of at least 200 billion years at human
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Figure 4.2  Structures of chiral a-HCH and its chiral degradate B-PCCH, and achiral (prochiral)
y-HCH and its chiral degradation y-PCCH

body temperature! While atropisomers of di-ortho chlorine-substituted congeners can be
stable at temperatures near the freezing point of water (e.g. in sediments of cold water
bodies) [39], they racemize at room temperature, and no environmental measurements for
such congeners have yet been reported. In this chapter, we will refer to individual PCB
congeners with the commonly used Ballschmiter and Zell numbering nomenclature [40].

Detoxification of PCBs by Phase I conjugation produces hydroxylated PCBs (OH-PCBs)
through either direct hydroxide insertion or via arene oxide intermediates [7]. The latter can
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Figure 4.3 Structures of some chiral chlordane constituents. The (+)-enantiomers and absolute
configurations of heptachlor, heptachlor exo-epoxide, cis-chlordane, trans-chlordane, and
oxychlordane are shown [16, 17]. Only one enantiomer of each compound is depicted

further react to form glutathione conjugates, which in turn can undergo a series of reactions
through the mercapturic acid pathway [41] to form methylthio-PCBs and then PCB methyl
sulfones (MeSO,-PCBs). As with the parent compounds, PCB metabolites can also be
atropisomeric [6, 7, 42], such as the OH-PCBs [6] and the MeSO,-PCB end products
(Figure 4.4). Of the 837 possible MeSO,-PCBs, 456 are chiral, with 170 environmentally
stable due to tri- or tetra-ortho substitution [42]. In practice, only about 60 MeSO,-PCB
congeners have been found in the environment [7]. Of those, only 10 are chiral. In this
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Figure 4.4 Structuresofatropisomeric2,2',3,4',5',6-hexachlorobiphenyl (PCB 149) and 5-methyl-
sulfonyl-2,2',3,4',5 ,6-hexachlorobipheny! (5-MeSO,-PCB 149). Absolute structure and optical
rotation of 5-MeSO,-PCB 149 are from Reference [95]; those of PCB 149 are unknown to date

discussion, nomenclature and abbrevations for PCB metabolites follow the recommenda-
tions of Maervoet et al. [43].

4.2.3 Pyrethroids

Pyrethroids (Figure 4.5) are a currently used class of agricultural and urban insecticides, and
are expected to become more important given increasing restrictions on current-use
organophosphate pesticides. Unlike organophosphates, pyrethroids have low toxicity to
mammals, making their use attractive. However, they are acutely toxic to aquatic organ-
isms [44]. Unlike many current-use pesticides, pyrethroids are nonpolar and sorb strongly to
particles, which are subject to runoff. Thus, pyrethroids are likely to end up in sediments post-
application, where they can be bioavailable to the aquatic food web [45]. All pyrethroids are
chiral, commonly with more than one asymmetric center resulting in several sets of
diastereomers. Enantiomers of pyrethroids commonly have differential biological activity;
e.g. only two of the eight cypermethrin stereoisomers have insecticidal activity [46].

4.2.4 Polycyclic Musks

More than 6 000 tonnes of polycyclic musks (Figure 4.6) have been produced worldwide since
1996 [47]. They are present at concentrations of up to several mg/g of product [48] as fragrances
in perfumes, detergents, soaps, lotions, air fresheners, and other scented personal products.
These compounds are hydrophobic and persistent, bioaccumulate in food webs, have toxic
effects, and are widespread in surface waters, sediments, fish, and human adipose tissues and
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Figure 4.5 Structures of some synthetic pyrethroid pesticides. Chiral centers are denoted by
asterisks, a carbon by . Only one enantiomer of each compound is depicted

milk [47]. Thus, they are considered emerging pollutants of increasing concern, particularly as
environmental burdens are increasing based on measured concentration profiles in sediment
cores from Lakes Erie and Ontario [49]. Several of the polycyclic musks are chiral (Figure 4.6),
such as AHDI (Phantolide), AHTN (Tonalide), HHCB (Galaxolide), and ATII (Traseolide).
The latter two compounds exist as a pair of diastereomers, given two asymmetric centers in
those compounds; however, more than 95% of technical ATII consists of the trans isomer.

4.2.5 Brominated Flame Retardants (See Also Chapter 2)

Hexabromocyclododecane (HBCDD) is a flame retardant in polystyrene foams used in
upholstered furniture and building insulation, with an estimated production of 16 700 tonnes
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Figure 4.6 Structures of polycyclic musks HHCB (1,3,4,6,7,8-hexahydro-4,6,6,7,8,8-hexam-
ethylcyclopenta-(g)-2-benzopyran), AHTN (7-acetyl-1,1,3,4,4,6-hexamethyltetralin), ATIl (5-

acetyl-1,1,2,6-tetramethyl-3-isopropylindene), and AHDI (6-acetyl-1,1,2,3,3,5-hexamethyl-
dihydroindene). Asterisks denote stereogenic centers

in 2001 [50, 51]. Sixteen possible HBCDD stereoisomers are possible [51]. However,
technical products are a mixture of three sets of diastereomers: a- (10-13%), B- (0.5-12%)
and the dominant y-isomer (75-89%) [52] (Figure 4.7) with minor amounts of the meso &-
and e-isomers [53]. Thermal incorporation of technical HBCDD to insulating materials
results in isomerization [52, 54, 55], leading to a predominance of a-HBCDD (ca. 78%)
in such materials. The absolute configurations of HBCDD isomers was recently deter-
mined [56, 57]. Hexabromocyclododecane is an emerging POP of concern, as it is ubiquitous
worldwide [58, 59], bioaccumulates [60, 61], and can have chronic neurotoxic and endocrine
disrupting effects despite a low acute toxicity [62]. Most studies have focused on the three
major sets of diastereomers, which have sufficiently different physical and chemical
properties to bioaccumulate and biotransform differentially [59, 60]. Biota preferentially
bioaccumulate a-HBCDD [60, 63], possibly by differences in isomer hydrophobicity [64],
in vivo biotransformation [59], and/or possible in vivo isomerization [63].

Other brominated compounds of environmental concern are also chiral. Polybrominated
biphenyls, like PCBs, were used as capacitor fluids in mixtures of congeners (e.g. Fire-
master), and are also atropisomeric [4]. While HBCDD is the most common chiral
brominated flame retardant, others exist, such as 2,3-dibromopropyl-2,4,6-tribromophenyl
ether (Figure 4.7). As of this writing, little is known about environmental occurrence, fate,
and effects of these other chiral flame retardants, and with one exception [5] nothing has yet
been published on their enantiomers.

4.3 Measuring and Quantifying Enantiomer composition of POPs

4.3.1 Measurement of Chiral POPs

Despite the long recognition of chirality in POPs, ithas only been fairly recently that studies of
chiral POPs have been possible, after the introduction of analytical technology for stereo-
isomer separation by enantioselective gas chromatography (GC), high performance liquid
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Figure 4.7  Structures of chiral brominated flame retardants a-, 8-, and y-hexabromocyclodode-
canes [56, 57] and 2,3-dibromopropyl-2,4,6-tribromophenyl ether (only one enantiomer shown)

chromatography (HPLC), and capillary electrophoresis (CE). For example, although PCB
atropisomers were first predicted to existin 1974 [2], the first HPLC-based separations were
reportedin 1985, over a decade later [65], and the first environmental measurements in 1995,
yet another decade after that [66]. Indeed, most of the initial research on chiral POPs focused
ondeveloping enantioselective analytical techniques, particularly by GC [67], asitis the most
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suitable chromatographic tool for separations of nonpolar semi-volatile analytes. Multidi-
mensional GC with heart-cutting of selected peaks from an achiral column to an enantio-
selective second column, although less common, is useful in eliminating interferences,
particularly for complex classes of POPs such as PCBs [68—76] and toxaphene [77, 78]. More
recently, comprehensive two-dimensional GC x GC, in which effluent from the first dimen-
sion column is focused and pulsed continually to a short second dimension column [79], has
been used for enantioselective separations [73, 74, 80—82]. Enantioselective HPLC has been
less popular for enantiomer resolution of chiral POPs, given its lower chromatographic
resolution compared to GC, but has been used for quantification purposes [83, 84]. More
commonly, HPLC has been used to purify POP enantiomers to simplify subsequent analysis
by GC[85-87];tocollectsufficient material [88] to determine chemical properties such as (+)
or (—) rotational designation and chromatographic elution order [20, 39, 57, 89-93], absolute
configuration by vibrational circular dichroism [94, 95], and chemical stability [96]; to
characterize enantiomer-specific environmental fate and toxicity studies [19, 20, 97]; and to
analyze POPs that are not thermally stable and cannot be measured by GC, such as
HBCDDs [58, 98, 99]. Enantioselective CE, while a highly efficient analytical separations
technique with up to a million theoretical plates, has not been used much for environmental
analysis to date. Most CE applications use UV detection, which results in poor sensitivity due
to the short path length of the narrow capillary [100]. Detection after chromatographic
separation is commonly by means of mass spectrometry (MS) or tandem mass spectrometry
(MS/MS), which have the sensitivity and selectivity for trace quantification of complex
mixtures in most environmental analysis. A detailed critique of enantioselective GC, HPLC,
and CE techniques and the use of MS and MS/MS for chiral POPs is beyond the scope of this
work. However, these have been reviewed extensively elsewhere [15, 29, 67, 100—104].

Of additional benefit to enantioselective POP separations is the quantification of
enantiomer compositions in standardized reference materials, available from sources such
as the US National Institute of Standards and Technology (NIST) and Environment
Canada [105, 106]. Such materials are intended for quality assurance/quality control in
sample processing and instrumental analysis of their respective matrices, and enantiomer
quantification extends this use to enantioselective studies.

4.3.2 Maetrics for Expressing Enantiomer Composition of POPs

Two principal metrics are used for reporting enantiomer compositions of chiral POPs: the
enantiomer ratio (ER) and the enantiomer fraction (EF). Most earlier studies used ER, the
ratio of the (4)-enantiomer concentration over that of the (—)-enantiomer. Chromatographic
parameters for calculating concentrations, such as peak area or height, can also be used. If
the elution order is unknown, then the ER is reported as the ratio of the first-eluted
enantiomer (E1) to the second-eluted one (E2) on a specific column and conditions:

ER = (+)/(-) (4.1)
or

ER = (E1)/(E2) (4.2)

The ER ranges from zero to infinity, with a racemate having an ER of 1. The EF
[107, 108], defined as the ratio of the (4)-enantiomer or E1-enantiomer concentration to the



82  Persistent Organic Pollutants

sum total enantiomer concentration, is now more commonly used to describe enantiomer
compositions in the environmental literature:

BF = 5 (4.3)
or ( )
El

e @) o

The range in EF is from zero to unity, with a racemic value of 0.5. Enantiomer fractions are
preferred to ERs, as the EF range is bounded, and a deviation from the racemic value in one
direction is the same as that in the other. For example, if the (—)-enantiomer is twice the
concentration as its antipode, the EF is 0.333, which is the same deviation (0.167) from a racemic
EF of 0.5 as the opposite case of the (+)-enantiomer at twice the concentration as the (—)-
enantiomer (EF = 0.667). The respective ERs would be 0.5 and 2. The corresponding deviations
of 0.5 and 1, respectively, are not the same deviation from the racemic ER of 1. Thus, ERs can
produce skewed data inappropriate for statistical summaries such as sample mean and standard
error [109]. As aresult, EFs are more amenable compared to ERs for graphical representations
of data, mathematical expressions, mass balance determination, and environmental model-
ling [107, 109]. Individual ER and EF measurements can be converted [107, 108]:

ER 1

F: :—1
T+ER 1+ &

(4.5)

Conversion of summarized values (e.g. mean ER £ o to the equivalent EF & ) can lead to
substantial discrepancies, and should be avoided [109]. In addition, the conventions used in
describing ERs and EFs may differ between studies and analytical methods. For example,
enantioselective separations on different stationary phases may result in reversal of elution order
and lead to different values if elution orders are not known. In this discussion, EFs are used to the
extent possible, and both EF and ER are defined using using Equations (4.1) and (4.3),
respectively, for those analytes for which the elution order is known unless otherwise indicated.
Otherwise, these metrics are defined using Equations (4.2) and (4.4) on the specified column.

4.4 Chirality to Characterize Environmental Biochemical Processes

Chirality has been used extensively to detect, quantify, and characterize environmental
biochemical processes. This use takes advantage of the fact that abiotic processes generally
affect both enantiomers of a chiral compound in the same way. These include processes both
physical (e.g. advection and convection, phase transfer such as air-water exchange) and
chemical (e.g. hydrolysis, redox reactions). In the open environment, these processes can be
quite variable in nature and difficult to characterize. However, interactions with other chiral
biomolecules, such as enzymes in living systems, can affect enantiomers differentially and
thus change the enantiomer composition. Therefore, chirality can be used to find and gain
insight into enantioselective biochemical weathering of POPs that could be difficult if not
impossible to detect otherwise, particularly in species suspected of having limited metabolic
activity towards POP degradation.
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4.4.1 Enantiomer-Specific Microbial Biotransformation of Chiral POPs
4.4.1.1 Natural Waters

Of the chiral POPs, a-HCH is arguably the most studied. The first report of enantiomer-
specific POP distributions in the environment [110] found a slight but significant enrichment
of (—)-a-HCH (mean EF = 0.47) in waters of the North Sea, and suggested that the cause was
microbial degradation in the water column. Similar EFs for a-HCH were subsequently
observed there [111]. Racemic a-HCH was found in rain and air in nearby Norway [112],
suggesting that wet deposition was not the source of enantioenriched «-HCH to the North
Sea. Enantioselective microbial degradation of a-HCH was demonstrated in laboratory
experiments of North Sea aerobic sediments incubated with overlying seawater [113, 114].
While chiral y-pentachlorocyclohexane (y-PCCH, Figure 4.2) was formed nonenantioselec-
tively by dehydrodechlorination of achiral (i.e. prochiral) y-HCH, a-HCH degraded to form
(+)-B-PCCH (Figure 4.2) preferentially (EF=0.54 after 28 days) [113]. However,
a-HCH remained racemic in the incubation, presumably because only small amounts (ca.
10%) were degraded [113]. In turn, the degradation product (+)-B8-PCCH was also
preferentially removed (EF =0.33 after 21 days). Likewise, y-PCCH was degraded en-
antioselectively (EF =0.53-0.58 after 21 days) to chlorophenols and chlorobenzene pro-
ducts, despite being formed nonstereoselectively from y-HCH [114]. Microbially mediated
isomerization of )-HCH to a-HCH was not enantioselective [114]. These laboratory results
were consistent with field measurements of enriched B8-PCCH (EF = 0.53) in the North
Sea [114]. Although the microbial consortia was not identified in these studies [113, 114],
(+)-y-PCCH was identified as 1,3R,4S,55,6R-y-PCCH by circular dichroism, and formed
1,2,4-trichlorophenol when enzymatically degraded by y-hexachlorocyclohexane dehydro-
dechlorinase LinA in the soil bacterium Sphingomonas paucimobilis [115]. The antipode
1,35,4R,5R,65-y-PCCH formed 1,2,3-trichlorophenol instead [115]. Nonbiological degra-
dation processes, such as photolysis, affected both enantiomers equally as expected and were
experimentally shown not to be stereoselective for a-HCH [114] and chlordanes [116].
There has been extensive analysis of a-HCH enantiomer composition in the Arctic
Ocean. In 1994, enrichment of (4)-a-HCH was observed in surface waters of the Bering and
Chukchi Seas, while (—)-a-HCH was enriched in the Canada Basin and the Greenland
Sea [117-121]. However, by 2003 the Bering and Chukchi Seas were also enriched in (—)-a-
HCH, as was the north Pacific Ocean [122] (Figure 4.8). The reversal of enantiomer
preference observed in the early 1990s could be due to changes in microbial degradation in
the water column, with subsequent changes over time leading to consistent enrichment of
the (—)-enantiomer. The observed EFs could not be due to air—water exchange, as fugacity
measurements suggested net volatilization of «-HCH [122]. Concentrations of «-HCH were
lower in the Bering Sea than in the Canada Basin [118]. Concentrations of a-HCH and ratios
of a-HCH/y-HCH decreased from the western part of the Canada Basin to the eastern
part [123], with concentrations and EFs of a-HCH in the eastern Canadian Archipelago
explained by mixing among the various inputs to that part of the Arctic Ocean [123].
The nonracemic compositions in the Arctic Ocean are due to microbial degradation of a-
HCH both in tributary waters and within the oceanic water column. About 7% of a-HCH
was enantioselectively degraded, with preferential elimination of the (4)-enantiomer, in
streams draining into Amituk Lake on Cornwallis Island in the Canadian Archipelago [124].
In the lake itself, (-)-a-HCH was enriched (mean ER =0.77) at 15-21 m depth [125].
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Figure 4.8 Enantiomer fractions (EFs) of a-HCH in the North Pacific Ocean, Bering Sea, and the
Arctic Ocean in 1994 [118] (open squares) and in 2003 [122] (triangles). (Reproduced with
permission from Environmental Science and Technology Atmospheric Hexachlorocyclohexanes
in the North Pacific Ocean and the Adjacent Arctic Region: Spatial Patterns, Chiral Signatures
and Sea-Air Exchanges, by Xiang Ding, Xin-Ming Wang et al., 41(15), 5204-5209. Copyright
(2007) American Chemical Society)

However, nonenantioselective microbial degradation appeared to be significant in Amituk
Lake, with rate constants ranging from 0.48 to 1.13 per year [124]. Enantiomer compositions
in the lake were controlled by meltwater inputs, in which most enantioselective degradation
was taking place [124, 125]. Enantioselective degradation of a-HCH was related to contact
time between the water column and sediments, suggesting that in nutrient-poor waters,
oligotrophic bacteria in biofilms may be responsible for enantiomer-specific biotransforma-
tion of @-HCH [126]. The lake and stream waters eventually drain into the Arctic Ocean
and contribute to the enrichment of (—)-a-HCH that was observed. Greater enrichment of
(9-a-HCH was observed with increasing depth in the Arctic Ocean water column [127]
(Figure 4.9). In situ microbial rate constants based on enantiomer and concentration profiles,
surface water data, and known water age at depth were 3—10 times greater than those for
hydrolysis of a-HCH, and resulted in half-lives of 6 years for (+)-a-HCH and 23 years for
(©-a-HCH in the eastern Arctic [127]. These results indicate that even in cold climes,
measurable biotransformation of POPs can still occur. However, the microbial populations
responsible for the nonracemic compositions have yet to be identified.

Although not as well studied, nonracemic compositions of other legacy OC pesticides, as
well as of «-HCH in other waters, have been observed. The Arctic Ocean was depleted in
(9)-heptachlor epoxide in all regions surveyed, while cis- and zrans-chlordane were nearly
racemic [121]. Lake Ontario was also enriched in (-)-a-HCH (mean ER of 0.85), with
enantiomer compositions that did not vary with depth but did vary in the presence of racemic
sources such as precipitation and water from the tributary Niagara River [128]. The York
River in Chesapeake Bay had microbial consortia that degraded (+)-a-HCH upstream
[129, 130]. However, greater microbial activity was observed in more brackish waters
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Figure 4.9 Depth profiles for concentrations of a-HCH and y-HCH (ng/L) and a-HCH
enantiomer fractions (EFs) in the eastern Arctic Ocean (86° 25" N, 143° 32" E, sampled 5
August 1996). (Reproduced with permission from Environmental Science and Technology,
Removal of a- and y-Hexachlorocyclohexane and Enantiomers of a-Hexachlorocyclohexane in
the Eastern Arctic Ocean, by Tom Harner, Henrik Kylin, Terry F. Bidleman and William M. J.
Strachan, 33(8), 1157-1164. Copyright (1999) American Chemical Society)

downstream, in which a-HCH was racemic, suggesting that two microbial populations
existed that differed in both a-HCH degradation activity and enantioselectivity [129, 130].
In the African side of the South Atlantic Ocean, (-)-a-HCH was more enriched with more
southerly latitudes [131] (Figure 4.10).

4.4.1.2 Wastewater and Activated Sludge

Little work has been done on POP enantiomers in wastewater and activated sludge, in part
because other sources to the environment exist compared to some emerging pollutants such
as drugs [29]. One of the few studies to investigate behavior of chiral legacy POPs in

EF of a-HCH

water

0.53
0.52
0.51
0.50 L

0.49

EF of «-HCH

air

0.48

0.47 PR PR |

(1), S PR S TR W T T——

735 40 45 50 55 60 65 70 35 40 45 50 55 60 65 70
Latitude S Latitude S

Figure 4.10 Enantiomer fractions (EFs) of a-HCH in water and air of the southern Atlantic
Ocean as a function of latitude. (Reproduced with permission from Deep-Sea Research Part Il:
Topical Studlies in Oceanography, Air-water gas exchange of a-hexachlorohexane enantiomers
in the South Atlantic Ocean and Antarctica, by Liisa M. Jantunen, Henrik Kylin and Terry F.
Bidleman, 51(22-24), 2661-2672. Copyright (2004) Elsevier)
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wastewater found that anaerobic degradation of a-HCH in activated sludge was predomi-
nantly biotic (80-85%), and favored elimination of the (+)-enantiomer [132], as was the case
for the aerobic degradation previously discussed. However, discharge of treated wastewater
effluent and application of wastewater-derived biosolids as agricultural fertilizers are a likely
source of synthetic musks to the environment, given their use in consumer products.
Polycyclic musks are hydrophobic, and thus about half their load in wastewater treatment
plants is removed from the effluent [133], mostly by sorption to activated sludge that can be
converted to biosolids through anaerobic digestion. The remainder of musk loss is likely
through volatilization [134], with little biotransformation predicted by achiral analysis.
These observations of polycyclic musk recalcitrance to degradation are consistent with the
few observations of musk enantiomers to date, which have found mostly racemic composi-
tions in raw wastewater, suggesting that little stereoselective degradation occurred prior to
environmental release [135]. However, wastewater effluent had nonracemic ATII [135].
Sludge that was stabilized aerobically or anaerobically had racemic cis- and trans-HHCB,
but had significantly nonracemic residues of ATII and AHTN, indicating that some
stereoselective removal of these compounds is possible in wastewater treatment [135].

While brominated flame retardants, including HBCDD, were reductively dehalogenated
in laboratory anaerobic microcosms of sewage sludge, such degradation was not enantio-
selective for the three major HBCDD isomers in that study [136].

4.4.1.3 Sediment

As noted, POPs sorb strongly to natural organic carbon in soil and sediment particles. Thus,
soils and sediments are a major environmental sink for POPs that may subsequently be
biotransformed microbially via enantioselective aerobic and anaerobic reactions. Under-
standing this enantioselectivity may provide enhanced insights into the enzymes and
populations involved, and allows prediction of degradation rates of POPs sequestered in
a long-term reservoir.

a-HCH

While a-HCH s one of the most frequently studied chiral legacy pesticidesin airand water, only
limited measurements have been made of its enantiomers in soils and sediments, given its
relatively low propensity to sorb to natural organic matter compared to other POPs (log K, of
3.9 [32]). A depletion of (+)-a-HCH (EF = 0.39) was observed in surficial sediments of the
Northwater Polynya [137]. This value was more nonracemic than the water column composi-
tion (EF = 0.45) [137], suggesting either preferential microbial degradation of (+)-a-HCH as it
descended in the water column [127] and/or further degradation once deposited in sediments.

Chlordanes

The enantiomer composition of chlordanes in sediments appears to reflect its source over time.
An annually laminated lake sediment core, undisturbed by bioturbation, from Devon Island in
the Canadian Arctic had racemic trans-chlordane at depths deposited before 1950, with EFs
from 0.49 to 0.50 (Figure 4.11). However, EFs were increasingly nonracemic in more recently
deposited material, ranging from an EF of 0.48 in 1957 to 0.46 in 1999 when the core was
sampled [138, 139]. This observation suggests thatenvironmental burdens of chlordane prior to
the mid-1950s were racemic, while subsequent emissions were due increasingly to weathered
nonracemic material microbially degraded in soils before being volatilized and redeposited in
the core [138, 139]. This hypothesis is supported by measurements of preferential depletion of
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Figure 4.11 Enantiomer fractions of cis-chlordane and trans-chlordane in air samples from the
Arctic (AA), southern Sweden (RA), historical atmospheric deposition samples from 1971-1973
(AD), and in sediment cores of Lake DV-09, Devon Island, Canada). Error bars are o.
(Reproduced with permission from Atmospheric Environment, Chiral signatures of chlordanes
indicate changing sources to the atmosphere over the past 30 years, by Terry F. Bidleman, Fiona
Wong et al., 38(35), 5963-5970. Copyright (2004) Elsevier)

(+)-trans-chlordane in 70% of soils throughout the world [ 140], with EFs ranging from 0.40 to
0.48[138, 140]. In contrast, racemic cis- and trans-chlordane were observed in sediment cores
of Long Island Sound [141]. Unlike surface soils, which are typically aerobic and frequently
have weathered chlordane residues from soil microbial action [140, 142—-147], the lack of
enantioselectivity in the Long Island Sound sediments suggests but does not prove that
anaerobic microbial degradation did not occur there. The racemic residues also suggest
that the source of the chlordane was soils from house foundations [141]. Racemic cis- and
trans-chlordane in sediments of urban Toronto lakes and ponds, in conjunction with high
trans-chlordane/cis-chlordane ratios representing a greater proportion of the more
recalcitrant frans-isomer in total chlordanes, support the hypothesis that fresher inputs
of chlordane from sources such as house foundations may be responsible for sediment
residues found near urban areas [148].

Toxaphene

As with chlordanes, toxaphene can be nonracemic in sediments, but predominantly from in
situ microbial degradation. Several chlorobornane enantiomers were quantified in a 1992
sediment core from Hanson Lake, Yukon, Canada, treated with toxaphene as a piscicide in
1963 [149]. Two hexachlorinated congeners, B6-923 and an unidentified congener, were
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racemic throughout the core. However, another dominant heptachlorinated congener, B7-
1001, had nonracemic EFs ranging from 0.44 (Equation (4.4) on Chirasil-Dex) in the
deepest sediments deposited around 1950 to 0.41 in the most recent 1992 surficial
sediments. While both B6-923 and B7-1001 are congeners likely formed by reductive
dechlorination of more chlorinated bornane congeners [149], the lack of higher chlorinated
congeners and the reduced number of technical toxaphene congeners in the core suggested
enantioselective degradation of B7-1001 after it was formed. Only one enantiomer of B6-
923 was produced by laboratory reductive dechlorination of a heptachlorobornane in an
anaerobic soil [150], suggesting that microbial consortia responsible in Hanson Lake were
not those present in the laboratory study. In contrast, nine chlorobornane congeners,
including B6-923 and B7-1001, were essentially racemic in estuary sediments heavily
contaminated with toxaphene in coastal Georgia, USA [151]. The presence of likely parent
congeners of B6-923 at this site suggested that reductive dechlorination, if it had taken place
at all, was not dominant, possibly due to high toxaphene concentrations and/or lack of
activity of appropriate microbial communities.

DDT compounds

Few EF measurements exist for chiral DDT compounds to date in sediments. African soils
were mostly racemic, with one sample that had a preferential accumulation of (4)-0,p’-DDT
(EF = 0.541) [152]. In Toronto-area lake and pond sediments, o,p’-DDT was nonracemic at
some sites, with either the (4) or (—)-enantiomer preferentially present [148]. Urban
sediments tended to have nearly racemic o,p’-DDT [148], consistent with high DDT/total
DDT ratios suggesting fresh pesticide inputs that had not yet had time to degrade.

PCBs

Site-specific PCB enantiomer compositions have been observed in field studies of sedi-
ments. Microbial degradation of PCBs by both aerobic and anaerobic pathways was
commonly thought to require high concentrations (e.g. at least 30-80 ug/g) [153, 154],
and in the case of anaerobic reductive dechlorination, to take months to years for significant
degradation to occur [155]. Thus, degradation of most PCBs in sediments was thought to be
not likely. This hypothesis is supported by several studies on PCB chirality. The first
measurements of chiral PCBs in sediments found racemic residues of PCBs 95, 132, and 149
in sediments of the river Elsenz in southern Germany [71]. Similar results were found for
PCBs 91, 95, 136, 149, 174, 176, and 183 in Environment Canada Certified Reference
Material EC-5, consisting of sediments from the mouth of the Humber River in Toronto
[105]. Thus, no evidence for stereoselective PCB microbial degradation was observed at
these sites. This is likely to be true in the rest of Lake Ontario, based on racemic distributions
of PCBs in a depositional sediment core [156], strong similarities in organic carbon content
and physical and chemical properties of Lake Ontario deep sediments [157], and rapid
circulation of sediments throughout the lake [158, 159].

In contrast, NIST Standard Reference Material SRM 1939 from Hudson River sediment
in New York state had an EF of 0.7 for PCB 95 (Equation (4.4) on Chirasil-Dex) [70]. Similar
nonracemic residues were reported for PCBs 95, 136, 149, 174, and 183 in this SRM [106].
These sediments are heavily contaminated with PCBs from historical releases from the
General Electric capacitor plant in Schenectady, New York. Microbially mediated bio-
transformation of PCBs has occurred in these sediments by both anaerobic reductive
dechlorination [155] and aerobic oxygenase and dioxygenase activity [153]. A subsequent,
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more extensive survey found nonracemic amounts of PCBs 91, 95, 132, 136, 149, 174, 176,
and 183 in river sediments throughout the US [160], while a recent survey of sediments from
Toronto-area lakes and ponds found PCB 95 EFs as low as 0.409 [148]. Patterns in EFs
among congeners were consistent with known reductive dechlorination patterns by
microbial consortia [155] in the Hudson River. Moreover, the enantiomer preference of
PCB 91 was reversed between the Hudson River (EF > 0.5 using Equation (4.4) on Chirasil-
Dex) and Housatonic River, Connecticut, sediments (EF < 0.5) [160]. This observation was
consistent with the idea that these sediments had different microbial consortia with known
different reductive dechlorination patterns [ 155] with distinct enantiomer preferences [160].
Reversals in PCB enantioselectivity have also been observed at different depths within
sediment cores of Lake Hartwell, a contaminated artificial reservoir in South Carolina [156].
These reversals suggest that microbial consortia that can biotransform PCBs by different
pathways may be active at the same site, although not necessarily at the same time.

Reductive dechlorination was long suspected at Lake Hartwell based on accumulation of
ortho-only congeners, the end product of meta- and para-dechlorination [161]. However,
this was not conclusively shown until enantiomer analysis found nonracemic PCBs in
sediments at depth, which could only result from reductive dechlorination [160]. Lake
Hartwell sediments had highly nonracemic PCB residues that correlated to some extent with
total PCB concentration, suggesting that higher PCB concentrations provided more
substrate for dechlorinating consortia [156]. However, total PCB concentrations in the
cores studied were generally below the 30—80 [Lg/g minimum suggested as necessary for
reductive dechlorination, indicating that if a threshold concentration exists, it is lower than
this value. Laboratory experiments occur on a timescale of months to several years, and may
be too short to capture long-term reductive dechlorination activity in situ without a tracer
specific to biotransformation such as chirality. This hypothesis is consistent with estimated
dechlorination half-lives in Lake Hartwell sediments of 10-30 years [156], longer than the
timescale of laboratory experiments. While degradation may seem slow, the estimated half-
lives were on the same magnitude as that estimated for burial of contaminated material by
clean sediments [162]. This assessment suggests that microbially mediated biotransforma-
tion may also have a role in reducing the bioavailability of PCBs to the overlying waters.

Anaerobic reductive dechlorination of chiral PCBs confirmed that microbial reductive
dechlorination in situ was possible in Lake Hartwell [163]. Microcosms with sediments
from the same cores [156] spiked with racemic PCB 132 reductively meta-dechlorinated
this congener nonenantioselectively to PCB 91, which in turn was stereoselectively meta-
dechlorinated to achiral PCB 51 (Figure 4.12). Similarly, PCB 149 was nonstereoselectively
para-dechlorinated to PCB 95, in turn enantioselectively meta-dechlorinated to achiral
PCB 53 [163]. The enantiomer preferences for PCB 149 dechlorination were consistent
between the laboratory microcosms [163] and field observations, suggesting possible
similarities in the microbial consortia in both cases. However, PCB 132 was nonracemic
in the cores [156], suggesting that either the microbial consortia and/or environmental
conditions affecting microbial activity were different between the laboratory and in situ.
Much remains unknown about the microbial strains and enzymes involved in PCB anaerobic
reductive dechlorination or the factors controlling stereospecificity.

Some pathways for aerobic microbial degradation of chiral PCBs are stereoselective.
No evidence of stereoselectivity was observed for degradation of PCBs 45, 88, 91, 95, 136,
144, and 149 by the soil bacterium Jonibacter sp. strain MS3-02 [164]. In contrast,
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Figure 4.12 Reductive dechlorination of PCB 132 enantiomers and products in laboratory
microcosms of Lake Hartwell sediments over time: concentrations (A-C), enantiomer fractions
for PCBs 132 (D) and 91 (E). Autoclaved control with racemic PCB 132 added (open circles,
crosshatched bars), live treatments with racemic 132 added (filled circles, filled bars). Racemic
value of EF =0.5 denoted by dashed line. (Reproduced with permission from Environmental
Science and Technology, Changes in Enantiomeric Fractions during Microbial Reductive
Dechlorination of PCB132, PCB149, and Arocior 1254 in Lake Hartwell Sediment Microcosms,
by Usarat Pakdeesusuk, W. Jack Jones et al., 37(6), 1100-1107. Copyright (2003) American
Chemical Society)

enantioselective biodegradation of PCBs 45, 84, 91, and 95 was demonstrated by five
different bacterial strains [165]: gram-negative Ralstonia euthrophus H850 and Burkhol-
deria cepacia LB 400; and gram-positive Arthrobacter sp. strain B1B, Rhodococcus sp.
strain ACS, and Rhodococcus globerulus P6. Gram-negative strains had similar enantiomer
preferences, while gram-positive strains had a completely different enantiomer preference
pattern. The exception, gram-positive P6, is genetically similar to the gram-negative strains
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with regards to biphenyl dioxygenase enzymes [166] and had a gram-negative enantiomer
degradation pattern [165]. Thus, dissimilar PCB enzymatic pathways were responsible for
the observed results, and chirality can be used to gain an insight into biotransformation
mechanisms.

4.4.1.4 Soils and Overlying Vegetation

OC pesticides

The enantiomer distribution of chiral OC pesticides indicates substantial microbial degra-
dation of agricultural soils over the decades since these compounds were actively used.
British Columbia agricultural soils were enriched in both (4)-a-HCH and (4)-heptachlor
epoxide (EFs of 0.57-0.58 for both) [142, 167] and (—)-oxychlordane (EF range
0.37-0.46) [142]. Subsequent studies there [146] showed enrichment of (4)-cis-chlordane
and (—5)-trans-chlordane similar to nearby soils, with EF ranges of 0.51-0.53 and 0.44-0.49,
respectively. Enantiomer preference of a-HCH depended on locale, with EFs ranging from
0.35 to 0.55. Nonracemic signatures of heptachlor epoxide, cis- and trans-chlordane,
oxychlordane, and o0,p’-DDT were also observed in the US Midwestern Corn Belt [35,
143]. Alabama soils had enriched (—)-cis- and (+)-trans-chlordane and E2-MC-5 [168], with
respective mean EFs of 0.48, 0.53, and 0.42 (Equation (4.4) on Beta-Dex 120 [143]) for the
three compounds. Soils from farms in Alabama, Louisiana, and Texas had nonracemic
amounts of 0,p'-DDT [169]. Soils of the Pearl River Delta in China had preferential
enrichment of (-)-a-HCH, (+)-0,p’-DDT, (+)-cis-chlordane, and (+)-trans-chlordane [170].
Soils with high p,p’-DDT concentrations also had racemic o0,p’-DDT residues, suggesting
freshillegal use of DDT [170]. Enrichment of (4-)-cis- and (—)-trans-chlordane, as typified in
soils near Toronto [148] were generally, but not always, observed in soils worldwide [140], as
well as in overlying air throughout North America [171, 172], suggesting continual emissions
of weathered residues from soils. Likewise, North American air was also enriched in (+)-
heptachlor epoxide [171] and (-)-0,p’-DDT [171, 172]. On the other hand, «-HCH was enriched
in the (—)-enantiomer in air of northeastern Canada and Baffin Island while the (4)-enantiomer
was enriched in the eastern US and western Canada [173], reflecting local emissions from soils
and waters. Archived UK soils from 1972 to 1990 showed enrichment of (4)-cis-chlordane, (—)-
trans-chlordane, and (4)-0,p’-DDT, but no clear temporal trend in EFs [174]. Those authors
suggested that relative rates of removal of the enantiomers of these compounds were not
consistent with time, possibly due to changes over the decades in the microbial communities
with different enantiomer preferences. No differences in EFs for these three compounds were
observed between archived soils amended with sludge and unamended soils, suggesting that
microbial cosortia changes, if any, were unaffected by the amendment [174].

The Connecticut Agricultural Experiment Station is a site of extensive experimentation
on chiral chlordanes in soils and plants. An experimental plot there was sprayed with a
known amount of technical chlordane in 1960, and was then covered with turf until
1998 [175]. Enrichment of (4)-cis-chlordane and (—)-trans-chlordane was observed [175],
consistent with global trends [140]. Soils with more nonracemic cis-chlordane also had
more nonracemic trans-chlordane [175], suggesting that both isomers were concurrently
degraded. Crop plants planted in these soils (e.g. zucchini, cucumber, pumpkin, lettuce,
spinach, pepper, tomato) depleted chlordane concentrations in the rhizosphere soils closest
to the roots [176] with resulting enrichments in chlordanes in the roots [177]. This



92  Persistent Organic Pollutants

translocation was likely to be due to nonenantioselective uptake by roots rather than
degradation by rhizosphere bacteria, as the enantiomer composition in the rhizosphere was
unchanged [176]. While both (+)-cis- and (—)-frans-chlordane were enriched in plant
tissues, significant shifts in both isomeric and enantiomer composition of chlordanes
occurred, indicating enantioselective degradation and/or translocation within and among
plant tissues [176, 177]. Subsequent cultivar experiments on cucumbers and zucchini
suggested that xylem sap transport may be enantioselective, given the geometry of
aquaporin transmembrane channel proteins and observations of flux dependencies on
contaminant size and shape [178]. However, the specific mechanism responsible for
enantioselectivity could not be ascertained in that study. Further research is necessary to
understand enantiomer-specific uptake of POPs to plant tissues, and hence exposure to POP
enantiomers via consumption of vegetation [179], which is not as well understood as
bioaccumulation from animal consumption in aquatic and terrestrial food webs.

Spatial trends in soil enantiomer compositions of POPs are currently not well understood.
Costa Rican soils were slightly enriched in (+)-cis-chlordane and (—)-trans-chlordane [147].
However, no correlations were observed between these EFs and fraction soil organic carbon,
trans-chlordane/cis-chlordane ratios, or trans-chlordane/trans-nonachlor ratios [147]. These
observations were consistent with lack of correlation of global cis- and frans-chlordane soil
EFs with soil concentrations or labile/persistent concentration ratios [140], suggesting that
EFs alone cannot be used to predict soil degradation rates. Intrinsic soil variability in EFs was
observed for a-HCH, cis- and trans-chlordane, and MC-5 in Scottish soils only meters from
one another [146, 180] (Figure 4.13), including reversals of chlordane enantiomer composi-
tion between surface soils and deeper soils at some sites (e.g. a cis-chlordane EF of 0.51 at the
surface and 0.41 at 5 cm depth). This observation is supported by reversals in EF composition
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Figure 4.13  Variability in enantiomer fractions (EFs) of cis-chlordane and trans-chlordane at
plots in grassland (G) and woodlands (W1 and W2) in Scotland. Box plot defined as follows: top
and bottom of whiskers are maximum and minimum EFs, respectively; top and bottom of box are
25 and 75% percentiles, respectively; line in box is median EF. (Reproduced with permission
from Environmental Science and Technology, Enantioselective Degradation of Organochlorine
Pesticides in Background Soils: Variability in Field and Laboratory Studies, by Perihan Binnur
Kurt-Karakus, Jacqueline L. Stroud et al., 41(14), 4965-4971. Copyright (2007) American
Chemical Society)
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in PCB-contaminated sediments of Lake Hartwell at different depths [156] and suggests that
soil and sediment microbial populations responsible for these EFs were likely to have been
influenced by a myriad of other factors [181] including pH, nutrients, temperature, moisture
content, redox condition, and vegetation type [178].

PCBs

Soil measurements of chiral PCBs suggest that microbial degradation in this matrix, as with
sediments, may take place at concentrations far below previously believed threshold
concentrations. Chiral PCB EFs in rural UK topsoils contained nonracemic PCBs 95,
136, and 149 (respective EF ranges of 0.39-0.45 using Equation (4.4) on Chirasil-Dex,
0.52-0.53, and 0.50-0.54) at pg/g concentrations [182]. Soils closer to the city of
Birmingham had more racemic EFs [183]. Similar results were observed in forested soils
in the greater Toronto region [148]. Grass growing at the UK sites had similar nonracemic
EFs for PCBs 95 and 149 as the underlying soils [184]. Such observations are consistent with
the hypothesis that soil microbial degradation of PCBs occurred slowly (i.e. on a timescale
of years to decades) but appreciably over time [156, 182, 183]. Chirality is thus the only
feasible method to detect such biodegradation. While PCB EFs in soils and sediments rarely
correlate with concentrations [148], correlations were observed between enantiomer
composition and total concentrations of polycyclic aromatic hydrocarbons in Toronto and
UK soils. This observation suggests that the PCB contamination at these locales was likely
due to recent or ongoing emissions.

Pyrethroids

In laboratory microcosms, trans-permethrin was selectively degraded compared to the other
diastereomer, cis-permethrin, by six bacterial strains [19]. These strains also preferentially
biotransformed 1S-cis-bifenthrin over their antipodal 1R-cis-enantiomers, which were more
toxic to daphnids [19]. Enantioselectivity was more pronounced for cis-permethrin than for
cis-bifenthrin, and was strain-dependent. The (-)-enantiomer of both pyrethroids was
preferentially depleted in sediments adjacent to a plant nursery, suggesting that in situ
microbial biotransformation was enantioselective [20]. Although all enantiomers of
permethrin were hydrolyzed quickly in '#C-labeled experiments in soils and sediments,
the degradates of both cis- and frans-permethrin’s R-enantiomers were mineralized more
quickly than those of the S-enantiomer, while degradation products of cis-permethrin were
more persistent than those of the frans-isomer [185]. Enantioslective degradation of
fenvalerate in soil slurries has also been reported [83]. These studies underscore how
enantiomer-specific biotransformation can affect pyrethroid environmental residues, the
toxicity of which is also enantiomer-dependent [18-20].

4.4.2 Enantiomer-Specific Transformation and Processing of Chiral POPs by Biota

Considerable research has been done to date to characterize the chirality of POPs in biota.
Among other insights, enantiomer analysis has been used to detect and measure rates of POP
biotransformation, to elucidate factors affecting degradation (e.g. age, sex), and to assess
predator—prey interactions through enantiomer-specific bioaccumulation. Because biota
may stereoselectively process many POPs in an analogous manner, this discussion is
organized by organism type: invertebrates, fish, birds and eggs, seals, cetaceans, terrestrial
mammals, rodents, and finally humans.
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4.4.2.1 Invertebrates

Invertebrates had been thought to have poor capability to biotransform many POPs, as
shown by experiment [186—188]. This lack is likely from low CYP abundance and activity.
Chirality has shown that while it is likely that most aquatic invertebrates do indeed lack the
capacity to biotransform POPs, some species are capable of metabolizing some POPs
stereoselectively. This finding is significant, as invertebrates are a major component of lower
food webs, and bioaccumulation of nonracemic POPs results in more significant enantio-
mer-specific exposure and toxicity to predator organisms, including humans.

A number of aquatic invertebrates do appear incapable of biotransforming chiral POPs.
The copepod Calanus hyperboreus has almost always been observed with racemic propor-
tions of a-HCH, cis- and trans-chlordane, heptachlor epoxide, oxychlordane, MC-5, and
PCBs [189-192], consistent with this hypothesis. While a-HCH in most Northwater Polynya
pelagic and benthic invertebrates, including Calanus, were nonracemic (EF range of 0.41 to
0.43), these EFs were very similar to that in Polynya waters (EF=0.45) [137]. Such
similarity suggests that nonracemic residues of the invertebrates were due to uptake of
microbially weathered a-HCH from the surroundings. Likewise, measurements of non-
racemic «-HCH (EF =0.43) in Calanus near Svarbald in the European Arctic were also
consistent with this hypothesis [191]. While a-HCH, cis-chlordane, MC-5, and o,p’-DDT
EFs in the amphipod Themisto libellula were more nonracemic in benthos specimens
compared to pelagic specimens (e.g. a-HCH EFs of 0.35 versus 0.41 and o,p’-DDT EFs
of 0.58 versus 0.51, respectively), both enantiomer and isomer compositions in this species
were similar to the respective surrounding benthic or pelagic waters in all cases [191]. Thus,
these observations were consistent with bioaccumulation of weathered residues as the
process responsible for nonracemic EFs. Likewise, zooplankton in the Hudson River estuary
had slightly nonracemic amounts of PCBs 95 (mean EF =0.48 using Equation (4.4) on
Chirasil-Dex) and PCB 149 (mean EF = 0.52), which were very similar to those in the estuary
waters and sediments [194]. These EFs were most likely due to runoff of nonracemic
PCBs, weathered by reductive dechlorination, from Hudson River sediments [160]. Krill
(Euphausia superba) in the Antarctic had nonracemic «-HCH (EF=0.44) [195], but
enrichment of (—)-a-HCH in ocean waters of southern latitudes [131] suggested accumula-
tion of microbially degraded a-HCH as the source of this species.

In contrast, an -HCH EF of 0.34 was observed for Mysis occulata in the Northwater
Polynya, a value quite different from both water and sediment EFs of 0.45 and 0.39,
respectively [137]. This observation suggests the possibility of in vivo enantioselective
processing of a-HCH by this species [137]. Likewise, other studies have found nonracemic
amounts of a-HCH [111], PCBs [66, 196], «-HBCDD [193], and the musks HHCB, AHTN,
ATIIL, and AHDI [197] in several species of bivalves: blue mussel, Mytilus edulis; the
freshwater clam, Corbicula sp.; the clams Mya truncate and Serripes groenlandica; and
zebra mussel, Dreissena polymorpha, respectively. These studies could not determine
whether the nonracemity was due to in vivo biotransformation and/or uptake of food
containing nonracemic residues (e.g. suspended organic carbon collected by these filter
feeders). However, racemic PCBs in phytoplankton and mixed zooplankton were observed
in Lake Superior, while highly nonracemic EFs of several PCB congeners were found in the
opossum shrimp, Mysis relicta, and the amphipod Diporeia hoyi [198]. Because both Mysis
and Diporeia feed upon those phytoplankton and zooplankton, the most likely explanation



Chirality as an Environmental Forensics Tool 95

for the shift in enantiomer preference was in vivo biotransformation. In vivo enrichment of
E1-PCB 91 and E2-PCB 95 on Chirasil-Dex, as well as (-)-frans-chlordane, was
confirmed in laboratory exposures of Mysis relicta to sediments with racemic resi-
dues [199], with half-lives ranging from 9 to 231 days. (+)-Oxychlordane, the metabolite
of (+)-trans-chlordane, was formed enantioselectively, proving that biotransformation
occurred for this compound [199]. However, it remains unclear what factors (e.g. analyte
concentration, organism health, and developmental stage) affect biotransformation of
POPs by invertebrates.

4.4.2.2 Fish

OC pesticides and PCBs

Knowledge gained from achiral studies suggested that aquatic organisms, such as fish, are
likely to have very limited capabilities to biotransform many POPs due to lower levels and
activities of CYP isozymes [200—203] than in mammals or birds. Feeding experiments were
ambiguous, with some measuring metabolism [204] and others not [205]. Field studies have
inferred POP biotransformation from lower measured biotransformation factors (i.e. lower
relative concentrations in predator body residues compared to that in prey), lower con-
centrations relative to recalcitrant congeners such as PCB 153, or lower retention of
congeners expected to be metabolized based on structure—activity relations [206-211].
However, these methods are indirect and do not provide conclusive evidence for in vivo
biotransformation, underscoring the difficulty in unequivocally detecting biotransformation
in aquatic food webs using achiral techniques alone, without the use of stable-carbon or
radiolabeled tracers and the expenses involved therein. The lack of observable POP
metabolism by aquatic organisms is reflected in modeling of POP patterns in aquatic food
webs, where biotransformation is ignored or assumed to be negligible [212, 213].

Chirality has shown that at least some POPs are not likely to be biotransformed by some
fish species. Some legacy POPs were racemic in fish, such as the toxaphene congener B7-
1453 in cod liver oil [214], as well as cis- and trans-chlordane, a-HCH, o,p’-DDT, and
photodieldrin in fish oils purchased from various countries [215]. Arctic cod (Boreogadus
saida) also had racemic amounts of a-HCH, cis- and trans-chlordane, U82, MC-5, and MC-7
[190, 216], as well as MC-6 [216] and PCBs [192]. Emerald rockcod (Trematomus
bernacchii) in the Antarctic also had racemic residues of a-HCH [195].

However, other field measurements of chiral POPs challenged the assumption that fish
could not biotransform many such compounds. Initial measurements found nonracemic
residues of oxychlordane and heptachlor epoxide in Atlantic salmon (Salmo salar) and oil
from herring (Clupea harngus) [217] and in photo-cis-chlordane, U82, and several toxa-
phene congeners in the salmon [116, 218]. In a similar vein, herring from the Baltic Sea had
enrichments of the (—)-enantiomers of a-HCH, trans-chlordane, and heptachlor epoxide
[219]. Female Atlantic cod (Gadus morhua) preferentially accumulated the (—)-enantiomers
of both cis- and frans-chlordane, while the opposite enantiomer of both was preferentially
accumulated in males for reasons unknown [220]. Diseases such as M74, responsible for
reproductive failure in Atlantic salmon, had little effect on EFs of legacy OC pesticides in
affected fish compared to unaffected specimens [221]. Rockeye cod in the Antarctic had
average EFs of 0.6 for oxychlordane, but EFs in krill prey could not be measured [195]. Cod
liver oils had nonracemic compositions of the same analytes as measured in the purchased
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fish oils [215], consistent with nonracemic OC pesticides (except for a-HCH, which was
racemic) and PCBs found in NIST Standard Reference Material 1588a, cod liver oil [105].
Nonracemic PCBs were observed in livers of sharks [87, 222] and groupers [87], while
Arctic cod in the Northwater Polynya had racemic PCBs [192]. Similar nonracemity in
PCBs was also observed for a number of freshwater fish species in the highly contaminated
Lake Hartwell reservoir, as well as in streams and rivers throughout the US [196].

The nonracemic chiral POPs observed in many species suggest that these organisms
might biotransform persistent POPs to a greater extent than indicated on the basis of studies
based on achiral analysis. However, without accurate knowledge of the underlying food
web, itis not clear if the nonracemic residues were indeed due to in vivo biotransformation or
to uptake from prey, or some combination of the two. For some species — flounder
(Platichthys flesus) from the North Sea [111], herring from the Baltic Sea [219], and
Arctic cod in the Northwater Polynya [137] —enrichments of (—)-a-HCH (EF range of 0.44 to
0.47) were similar to those found in surrounding waters. Thus, no evidence of enantio-
selective bioprocessing was evident if planktonic prey of such species are assumed also to
have similar enantiomer compositions, which was the case as measured in the Northwater
Polynya [137] but not the other two studies [111, 219]. Similar observations were found for
the metabolite heptachlor epoxide, enriched in the (4)-enantiomer in both Arctic waters and
Arctic cod [216]. A Georgia estuary heavily contaminated with toxaphene had racemic
levels in sediment, but highly nonracemic compositions of B6-923 and B7-1001 in
mummichogs (Fundulus sp.), strongly suggesting that even low trophic level species could
biotransform toxaphene to some extent [151]. In a similar vein, one of the only measure-
ments of the cyclodiene pesticide bromocylen found racemic amounts in German rivers
receiving wastewaters, but enrichments of the (+)-enantiomer in bream (Abramis brama
orientalis), again consistent with in vivo biotransformation [223].

A detailed analysis of chiral PCB compositions in the aquatic food web of Lake Superior
found that some fish received nonracemic residues from trophic transfer [198]. Conversely,
significant differences in EFs between lake herring (Coreogonus artedii), slimy sculpin
(Cottus cognatus), and lake trout (Salvelinus namaycush) and EFs in their various prey
species, indicated that these fish were biotransforming some PCB congeners in vivo.
Biotransformation rates, calculated from enantiomer mass balances based on known diet
compositions, had half-lives on the order of the lifespans of these fish species, suggesting
that biotransformation can be a significant sink process for chiral POPs that would otherwise
be hard to observe [198].

The capacity for fish to process POPs enantioselectively was demonstrated conclusively
through in vivo exposure experiments, demonstrating that organisms previously believed
incapable of metabolizing POPs are in fact biotransforming these compounds, albeit often
slowly [196]. Mummichogs naturally contaminated with toxaphene from a Georgia estuary
eliminated one enantiomer of the congener B6-923 twice as fast as its antipode, with half-
lives of 6 and 13 days, respectively [224]. This experiment confirmed previous field
observations [151]. However, natural attenuation was expected to be slow, given high
contamination levels and slow elimination throughput. This study suggested that relatively
constant enantiomer signatures observed in wild biota may be due to a steady state between
the competing processes of uptake and elimination [224]. In subsequent work, elimination
of chlorobornane congeners B6-923 and B7-1001 by mummichogs at 25 °C proceeded at
twice the rate at 15°C [225] by lowering enzymatic activation barriers. Less persistent
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congeners were eliminated in racemic proportions by either physical depuration or none-
nantioselective biotransformation [225].

Laboratory uptake and depuration experiments on fish without an initial load of POPs also
strongly suggest at least some enantioselective detoxification capacity in teleosts. Finger-
lings of carp (Cyprinus carpio) showed that bioconcentrated chlordanes from waters did not
change cis-chlordane enantiomer compositions, but did eliminate (—)-trans-chlordane
preferentially [226]. This elimination was consistent with laboratory exposure experiments
with rainbow trout (Oncorhynchus mykiss), which did not bioprocess a-HCH and PCB 95
enantioselectively, but did eliminate (4)-PCB 136 and (—)-trans-chlordane faster than their
respective antipodes [227] with half-lives of up to 375 days. Oxychlordane was formed,
confirming biotransformation, but enantiomers were not resolved in that study. While other
metabolites were not measured, enantioselectivity was first observed in liver tissue, the main
organ of detoxification, suggesting biotransformation. Over half the observed elimination of
(4+)-PCB 136 from fish was due to metabolism [227]. Both PCBs 95 and 136 have vicinal
metalpara hydrogen atoms, making them amenable to attack by CYP2B isozymes. It is not
clear if CYP2B-like isozymes can be induced in fish [228, 229], but if this degradation was
catalyzed by CYP2B, then it is clear that conventional models of predicting CYP-mediated
PCB degradation [206-211] do not properly account for enantiomer-specific degradation.
Wiberg et al. [230] suggested that the difference in degradation of these two congeners
could be attributed to changes in chemical assimilation across the gastrointestinal tract from
hydrophobicity and steric hindrance. Enrichment of (—)-PCB 84 and (4)-PCB 132 was
observed in subsequent dietary exposures for rainbow trout [231]. A follow-up study
exposed jouvenile trout to mixtures of PCBs similar in congener composition to that found
in the Great Lakes, and found similar results for PCBs 95 and 136 along with production of
several identified OH-PCBs as well as a number of unidentified OH-PCBs [232]. Another
salmonid, the Arctic char (Salvelinus alpinus), preferentially eliminated (+)-a-HCH, o,p’-
DDT, (+)-cis-chlordane, (—)-PCB 132, and (—)-PCB 136 [230]. Differences in enantiomer
preferences between the two salmonid species [227, 230, 232] were likely to be due to
species-specific differences in biotransformation. Heptachlor epoxide was formed non-
stereoselectively as a result of cis-chlordane degradation [230]. Both PCB 132 and o0,p'-
DDT were nonracemic in char muscle, but not in liver, suggesting possible metabolism of
POPs outside the liver [230]. Although MeSO,-PCBs, the typical end products of PCB
biotransformation, have been observed in nonmammalian species, such as sculpin fish [233,
234] that can process parent PCBs enantioselectively [198], stereoisomers of these
metabolites have not yet been studied in such biota.

Polycyclic musks

The polycyclic musks HHCB and AHTN were present in significantly nonracemic amounts
in fish in ponds filled by wastewater effluent discharge [235]. Rudd and carp had nonracemic
levels of HHCB, while these species as well as tench and eel had nonracemic amounts of
AHTN [235]. Pond water had racemic levels, suggesting some enantioselective biotrans-
formation of the musks by these fish species. No correlation was observed between fish lipid
levels and enantiomer composition. Crucian carp has the most nonracemic amounts of
trans-HHCB and trans-ATIL [197]. Enantiomer compositions of musks were species-
specific, most likely due to biotransformation, which may have been responsible for lower
concentrations in carp compared to tench [197].
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HBCDD

In fish, the most abundant HBCDD isomer is the a-isomer, which was enriched in the (+)-
enantiomer in bib and whiting liver [58]. However, (—)-a-HBCDD was enriched in herring
(Clupea harengus) [236] and sole [58], while eel [58] Arctic cod [193] and redfish (Sebastes
mentella) [193] had racemic «-HBCDD. While fewer EF measurements and greater
uncertainties were evident for the other major HBCDD isomers, both (—)-8-HBCDD and
(+)-y-HBCDD were enriched preferentially in fish [58]. None of these species-specific
preferences were evident by achiral measurements. Given evidence of isomerization of
HBCDD diastereomers by rainbow trout in feeding exposures [63], it is probable that
enantiomer-specific bioprocessing of HBCDD occurs in fish. Recently, the HBCDD
metabolite pentabromocyclododecene, which is also chiral, was identified in whitefish
(Coregonus sp.) [237]. While enantiomers were not measured in that study, characterizing
the behavior of individual enantiomers of HBCDD degradates will increase our under-
standing of this current-use chemical.

4.4.2.3 Birds

Birds appear to have much higher enantioselective detoxification capacity on chiral POPs
than aquatic organisms. This is particularly the case for «-HCH, as demonstrated by
measurements of its enantiomers in birds compared to those in the birds’ diet. Eider ducks
(Somateria mollissima) from the Baltic Sea were enriched in (4)-a-HCH with EFs ranging
from 0.62 in kidney to 0.13 in muscle [238]. These values were considerably more
nonracemic than in their blue mussel prey (Mytilus edulis), which were enriched in the
(—)-enantiomer (EF = 0.44 t0 0.48) [111], or the waters of the North Sea with EFs from 0.46
to 0.53 [238], suggesting preferential in vivo metabolism of (—)-a-HCH by eider ducks.
Brain tissue was highly enriched in (+)-a-HCH [111, 239], strongly suggesting enantio-
selective blood—brain transfer of this chemical. In the Northwater Polynya, low biomagni-
fication factors in seabirds, coupled with racemic o-HCH in Arctic cod prey and nonracemic
residues in bird tissues (EF range of 0.65 to 0.97), implied in vivo biotransformation by the
seabirds [137]. In the Antarctic, Adélie penguins also had enrichments of (+)-a-HCH
(EF =0.58), while their diet, krill and emerald rockcod, had slight enrichments of (—)-a-
HCH or were racemic, respectively (EF of 0.44 and 0.49) [195]. Double-breasted cormor-
ants (Phalacrocorax auritus) had racemic «-HCH in Lake Superior colonies, but were
enriched in the (+)-enantiomer in Lake Michigan, suggesting feeding habitat as a factor
affecting enantiomer behavior in this species [240]. Residues were tissue-specific, but not
sex- or age-specific, indicating that sexual maturity, aging, and breeding activities did not
strongly affect enantiomer composition in this species [240].

Other OC enantiomers behave similarly to e-HCH in birds, with the exception that
enantioselective blood—brain transfer has not yet been observed for these other OCs in
avians. One of the earliest measurements in birds found nonracemic oxychlordane, U82, and
photo-cis-chlordane in a juvenile Adelaide penguin (Pygoscelis adeliae), while MC-5 and
MC-6 were racemic [116, 217]. In the Northwater Polynya, EFs of chlordanes in seven
seabird species were not correlated to concentration or trophic level, but did have
nonracemic and species-specific signatures [241]. Some bird species, such as the thick-
billed murre (Uria lomvia), had greater propensity to biotransform chlordanes, based on a
number of lines of evidence including high proportions of the metabolite oxychlordane and
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more nonracemic values for this analyte and heptachlor epoxide, another metabolite [241].
The toxaphene congener B7-1000 was identified in nonracemic proportions in skua
(Catharacta maccormicki), another seabird, suggesting metabolic degradation [242].

The data available to date suggests that PCB metabolism in birds is highly stereoselective.
While PCBs 95, 136, and 149 were near racemic in barn swallows (Hirundo rustica) in
highly contaminated Lake Hartwell, PCB 91 was highly nonracemic [196]. The source of
these enantiomer compositions was not determined. Seven seabird species in the North-
water Polynya had highly nonracemic compositions of PCBs 91, 95, 149, and 183 [192],
with PCB 95 EFs as high as 0.84 (Equation (4.4) on Chirasil-Dex) in ivory gulls (Pagophila
eburnea) and as low as 0.15 in thick-billed murres (Uria lomvia). Many seabirds consumed
Arctic cod, which was near-racemic in these PCB congeners, indicating that these seabirds
obtained the nonracemic compositions via in vivo biotransformation. Enantiomer patterns
differed between congeners and among species, indicating highly species-specific, regio-
selective bioprocessing of PCB atropisomers [192]. However, some species (e.g. glaucous
gulls, Larus hyperboreus) were at higher tropic levels than marine mammals based on stable
nitrogen tissue analysis [241], suggesting that scavenging of seal carcasses could have led to
accumulation of nonracemic POPs. Pelican tissues had nonracemic amounts of 4’-MeSO,-
PCB 132 and 4- and 5-MeSO,-PCB 149 [243], consistent with enantioselective PCB
biotransformation capacity in birds.

4.4.2.4 Eggs

Eggs have been used as a biomonitoring tool to assess POP concentrations and trends, as
they are a repository for POPs accumulated and degraded throughout the avian food web,
although no enzymes are active in undeveloped eggs to metabolize POPs. Eggs of raptors in
Norway had highly species-specific nonracemic compositions of trans-chlordane (EF range
0f0.09t0 0.18), while oxychlordane and toxaphene congener B9-1679 were nonracemic but
did not have species-specific compositions (EF ranges of 0.23 to 0.44 for both) [244].
Similarly, nonracemic PCBs were found in eggs of predatory birds from Spain [245] and
nonracemic MeSO,-PCBs were found in guillemott (Uria aalge) eggs from Norway [246].
Whole eggs of dippers (Cinclus cinclus) from Norway had racemic a-HCH, while that of
bird livers was enriched in (+)-a-HCH [247]. However, it was unclear if these nonracemic
residues arose from the underlying food web, from maternal transfer to the egg during
laying, and/or from microbial action in eggs that were addled or infertile [244, 245].
Confounding interpretation is the fact that whole eggs consist of a number of tissues (i.e.
yolk, albumin, embryonic tissue), so measurements of whole eggs cannot be used to
determine sources of POP enantiomers in the egg [247].

Laboratory studies and ancillary information collected in field studies addressed the origins
of nonracemic POPs in eggs. Racemic toxaphene congeners fed to laying chickens were
nonracemic in eggs from in vivo biotransformation in mothers, to such an extent that only
single enantiomers were found in some bird tissues [78]. Blood plasma of female egg-laying
and male glaucous gulls in breeding colonies of Svalbard in the Norwegian Arctic had similar
EFs as egg yolk for cis- and frans-chlordane, oxychlordane, heptachlor epoxide, and PCBs 95,
149, and 183 [248]. This observation suggests that maternal transfer in egg formation and
laying is not stereoselective [248]. Slight but significant differences were observed in EFs of
PCB 183 and heptachlor epoxide in eggs from different colonies at Svalbard, known to have
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different feeding preferences and accumulated contaminant concentrations [248]. This
observation suggests that eggs can serve as a biomonitoring indicator of integrated bio-
weathering of the underlying food web and can detect changes in that food web structure.

While many brominated pollutants are bioaccumulative in higher organisms, such as birds,
little research has been done on their enantiomers in avians. Eggs of predatory birds from
Sweden contained only the a-diastereomer of HBCDD [236] with species-specific signatures:
white-tailed sea eagles (Haliaeetus albicilla) were enriched in (4-)-a-HBCDD, guillemots (Uria
aalge) had racemic residues, while peregrine falcons (Falco peregrinus) and common terns
(Sterna hirundo) were enriched in (—)-a-HBCDD. These signatures were different to the
nonracemic signatures (EF = 0.24) found in their herring prey, suggesting enantioselective
avian biotransformation and/or uptake [236]. A white-tailed sea eagle (Haliaeetus albicilla) egg
had an EF of PBB 149 of 0.42, using Equation (4.4) on a 8-TBDM column with GC-MS/
MS [249]. Chicken eggs had measurable amounts of the HBCDD metabolite pentabromocy-
clododecene [237], although individual enantiomers were not measured.

4.4.2.5 Pinnipeds

Pinnipeds (e.g., seals, walruses) are a key link in many marine food webs, in that they are
commonly found, predate on fish, and are hunted in turn by sharks, polar bears, and Arctic
Inuit peoples as part of their traditional diet. In these roles, pinnipeds play a significant role
in bioaccumulating POPs and in transferring these contaminant burdens to higher trophic
levels. Thus, an understanding of POP dynamics in pinnipeds is important in exposure and
risk assessment, and an enantiomer-specific understanding is vital given that pinnipeds
bioprocess POPs enantioselectively.

OC pesticides

Chiral chlordanes have been extensively studied in pinnipeds. Some of the earliest measure-
ments quantified nonracemic proportions of the degradates oxychlordane and heptachlor
epoxide, as well as the photolysis products photo-cis-chlordane and photo-cis-heptachlor in
tissues of a grey seal (Halichoerus grypus) from the Arctic and a harp seal (Pagophilus
greonlandicus) from Greenland [89, 116, 217]. This quantification was used to validate then-
new enantioselective GC/MS-based analytical methods. (4+)-Oxychlordane was enriched in
harbor seals (Phoca vitulina) of Iceland, but (—)-oxychlordane was enriched in grey seals
there [250]. Species-specific signatures were observed for chlordane compounds in harbor
seals, grey seals, and ringed seals (Phoca hispida) from the Baltic Sea [219]. Some reversals
in enantiomer preferences among species were evident [219], such as enrichment of (4)-
trans-chlordane in male harbor seals and enrichment of the (—)-enantiomer in male grey and
ringed seals. More nonracemic compositions for most chlordane components were observed
in liver compared to blubber, suggesting biotransformation by seals; however, this was not
true for U82 and trans-chlordane, suggesting that nonmetabolic enantioselective toxicoki-
netic processes in seals exist [219]. Similar results were observed in ringed seals from
Resolute Bay, Canada [216]. In addition, sex-specific enantiomer compositions were found,
suggesting that female seals could also process chlordane enantiomers by maternal trans-
fer [216]. An extensive analysis of chlordane compound enantiomers in 199 ringed seals from
the Northwater Polynya [251] found that nonracemic residues of cis- and trans-chlordane,
oxychlordane, and heptachlor epoxide in blubber were different from other marine and
aquatic biota, suggesting in vivo biotransformation by ringed seals. However, EFs of these
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compounds did not vary with seal age, sex, or location within the Polynya [251]. Similar
results were observed for chlordanes in ringed seals and bearded seals (Erignathus barbatus)
of the Bering—Chukchi Seas [190]. Grey seals in the Baltic with poor nutritional status also
had high contaminant loads and distinctly nonracemic residues of chlordanes, suggesting that
starvation triggers the use of fat reserves and consequent release of blubber-sequested
contaminants that are then biotransformed enantioselectively [221].

Of the chiral OCs found in pinnipeds, a-HCH is one of the best studied. Northern fur seals
(Callorhinus ursinus) from Alaska had enriched (+)-a-HCH in blubber (EF = 0.64) but
even more enrichment in the brain (EF = 0.97) [252]. This observation was one of the first to
suggest the existence of enantioselective blood—brain barrier transfer for pollutants. Grey
sealsand harbor seals from Iceland [250, 253, 254], the Arctic, the North Sea, and the Baltic
Sea [253] had slight enrichments of (+)-a-HCH in blubber (e.g. mean EF = 0.58 and 0.54,
respectively, in Iceland) [254]. However, hooded seals (Cystophora cristata) from the
Russian Arctic [253] and Weddell seals (Leptonychotes weddellii) from the Antarctic [250]
preferentially accumulated (—)-a-HCH, indicating species-specific preferences for this
compound [253]. Northern fur seals from the Japanese Pacific coast had enrichments of
(+)-a-HCH in blubber [240] with no correlation between seal age and enantiomer composi-
tions. However, a temporal trend of increasing ER between 1980 and 1998 (i.e. increasingly
greater proportions of (+)-a-HCH) was observed, along with an increase in ER with
increasing fish in measured stomach contents (Figure 4.14). Because the seals’ diet changed
from about 80% fish in 1980 to nearly all fish later on (Figure 4.14), these correlations suggest
that dietary variation was responsible for at least part of the observed enantiomer composi-
tions [240]. Ringed seals in the Northwater Polynya had biomagnification factors above unity
for HCH isomers along with near-racemic residues of a-HCH, suggesting minimal bio-
transformation [137,251]. However, ringed seals in Resolute Bay in the Canadian Arctic also
accumulated racemic a-HCH from Arctic cod and had racemic «-HCH in blubber, but also
had enrichments of (+)-a-HCH in liver [216]. It is not clear why ringed seals of these two
populations processed a-HCH enantiomers in such a different manner.

A number of new toxaphene compounds have been discovered in pinnipeds, beginning
with the finding of two racemic congeners in blubber seals in the early 1990s [255]. The
congener B8-1412 was isolated from grey seal blubber and positively identified using
nuclear magnetic resonance (NMR) and enantioselective chromatography [256], while B7-
1000 was likewise isolated and identified and found to be nonracemic in blubber of Weddell
seal and elephant seal (Mirounga leonina) [242]. Racemic B8-1413 was found in brain
tissue of Weddell seals, elephant seals, and leopard seals (Hydrurga leptonyx); on the other
hand, B8-1412, B8-2229, and B9-1025 were nonracemic in blubber tissues [257]. The
nonracemic observations are consistent with in vitro enantioselective biotransformation of
toxaphene congeners by harbor seal microsomes [258].

PCBs and metabolites

The first measurements of chiral PCBs in mammals found nonracemic PCB 149 on the BGB-
172 column used in blubber of harbor seals and grey seals, but no correlation to organism age
or sex [250]. Ringed seals of the Northwater Polynya [192] had highly nonracemic PCBs 91
and 95 (mean EFs of 0.06 and 0.85, respectively, using Equation (4.4) on Chirasil-Dex)
compared to the racemates for these analytes in their main prey, the Arctic cod. In Baltic Sea
grey seals, racemic amounts of PCBs 135, 149, and 174 were found [81]. In contrast, highly
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Figure 4.14  Relationship of a-HCH enantiomer ratios (ERs) in fat of adult female northern fur
seals from the Japanese Pacific coast with time (A) and feeding habitat based on average stomach
content (B). (Reproduced with permission from Environmental Science and Technology,
Enantioselective Accumulation of a-Hexachlorocyclohexane in Northern Fur Seals and
Double-Crested Cormorants: Effects of Biological and Ecological Factors in the Higher Tropic
Levels, by Hisato Iwata, Shinsuke Tanabe etal., 32(15), 2244-2249. Copyright (1998) American
Chemical Society)

nonracemic PCBs 132 (EF range of 0.7 to 0.9), and 91 and 95 (EFs of 0.1 and 0.9,
respectively, using Equation (4.4) on Chirasil-Dex) were found [81]. Liver had more
nonracemic PCBs than blubber, suggesting biotransformation. Otherwise, EF profiles were
similar throughout the body of a mother seal and its pup [81], suggesting that no maternal
enantioselective transfer had occurred across the placenta, and nor was transport across the
blood-brain barrier stereoselective in contrast with results for «-HCH in rats [259].
Methylsulfonyl PCB metabolites are generally highly nonracemic in mammals, and in
many cases were found almost entirely as only one enantiomer. Ringed seals formed highly
nonracemic 5-MeSO,-PCB 149 not present in arctic cod, their major prey [260], indicating
that seals formed this metabolite from enantioselective formation and/or clearance. Livers
of grey seals in the Baltic Sea had much higher MeSO,-PCB concentrations than lung and
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blubber [261], with nearly pure enantiomers as measured (Equation (4.4) on a custom
column) in all three tissues for 4-MeSO,-PCB 91 (EF range of 0.94 to 1),4-MeSO,-PCBs
132 and 174 and 4-MeSO,-PCB 149 (EF range 0of 0.99 to 1 for all), and5’-MeSO,-PCBs 132
and 174 (EF range of 0.01 to 0.14 for both). In contrast, blubber of seals in captivity had
racemic 4-MeSO,-PCB 149; the species was not identified in that study [243]. Changing the
location of the methyl sulfone moiety results in preferential accumulation of 5- and 5'-
MeSO,-PCBs in liver tissue and 4-MeSO,-PCBs in lung tissue, most likely from selective
protein binding [7]. It is likely that such binding is probably enantioselective as well, as
suggested by the highly enantioselective residues of MeSO,-PCBs in seal tissues [261].

Brominated flame retardants

As with birds, little work has been done with brominated contaminants in pinnipeds.
Walruses (Odobenus rosmarus) from the Canadian Arctic had slightly nonracemic (-)-a-
HBCDD for unknown reasons [193]. The only study of chiral brominated flame retardants in
pinnipeds reported enantiomer separation of 2,3-dibromopropyl-2,4,6-tribromophenyl
ether, the major component of the flame retardant Bromkal 73-5 PE [5]. While this chemical
was identified in blubber and brain tissue of hooded seals and harp seals, enantiomer
analysis on these tissue extracts were not performed.

4.4.2.6 Cetaceans

Achiral studies have suggested that while cetaceans may be able to metabolize some lightly
chlorinated POPs, they have an extremely limited capacity to do so because of lower CYP
levels compared to birds and terrestrial mammals [262]. However, early work on chiral
POPs suggested, but could not prove, that cetaceans do have some capacity for biotrans-
forming these contaminants. Blubber of harbor porpoises (Phocoena phocoena) and white-
beaked dolphins (Lagenorhynchus albirostris) from the Atlantic were enriched in (+)-a-
HCH, with an EF range of 0.52 to 0.80 [253]. This enantiomer was also enriched in 10
cetacean species from the Pacific [263], with EFs ranging from 0.62 to 0.73. The a-HCH
EFs differed in Dall’s porpoise (Phocoenoides dalli) from the Bering Sea (EFs of 0.66 to
0.67) to those in the North Pacific and Japan Sea (EFs of 0.62 to 0.65), suggesting but not
proving possible differences in feeding patterns and/or metabolic capacity [263]. Cetaceans
found dead in the Mediterreanean Sea had racemic levels of PCBs 136 and 174 in blubber
and liver tissues, but were enriched in the (+)-enantiomer of PCBs 149 and 176 and the E2-
enantiomer on Chirasil-Dex of PCBs 95, 132, and 149 [85, 86]. All these congeners had
vicinal meta/para hydrogen atoms, making them amenable to CYP2B-like metabolism.
However, no correlation was observed between liver PCB concentrations and enantiomer
compositions [85, 86]. Some nonracemic PCBs were observed in two NIST reference
materials made from cetacean blubber homogenates [105]. However, the origin of the
nonracemic PCBs was not clear in any of these studies.

Characterization of enantiomer composition in the food web demonstrated enantiose-
lective detoxification of POPs, including PCBs, in cetaceans. In the Bering—Chukchi—
Beaufort Sea area, bowhead whales (Balaena mysticetus) had nonracemic amounts of some
chiral PCBs, while their Calanus zooplankton prey had racemic levels [189]. Given the
simplicity of the bowhead whale food chain, these observations indicate that these cetaceans
had biotransformed PCB atropisomers enantioselectively. The EFs of PCB 91 were
significantly correlated with body length in males only, while those of PCBs 95 and
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Figure 4.15 Plot of a-HBCDD enantiomer fractions (EFs) versus trophic level within an eastern
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149 were correlated with lengths for both sexes. Bioaccumulation of these three congeners
was influenced by sex, age, and PCB concentration [189]. Likewise, shifts in EFs for «-HCH
between Calanus and the livers and blubber of bowhead whales suggested some capacity for
degradation of this analyte [190]. No enantiomer changes were observed in the bowhead
whale food web for the chlordane compounds [190]. The nonracemic enantiomer composi-
tions of PCBs 95, 132, and 149 were correlated with the ratios of PCB 153/PCB 101 in livers
of harbor porpoises from the southern North Sea [264]. Because PCB 153 is recalcitrant and
PCB 101 is relatively easily metabolized, these correlations indicate that the enantiomer
compositions may reflect the degree of detoxification that had occurred in each organism.
The harbor porpoise livers also had highly nonracemic compositions (all EFs using
Equation (4.4) on Chirasil-Dex) of 5'-MeSO,-PCBs 132 and 174 (EFs of 0.07 to 0.23),
5-MeSO,-PCB 149 (EF < 0.20), 4-MeSO,-PCB 149 (EF > 0.94), and 4'-MeSO,-PCB 174
(EF > 0.73) [265], with concentrations up to 175 times that of the parent congeners. While
biotransformation is a likely reason for the observed methylsulfonyl PCB EFs, selective
retention could not be ruled out as a possibility [265].

Very little research has been done to characterize current-use POPs in cetaceans. Atlantic
white-sided dolphins (Lagenorhynchus acutus) found stranded on the US east coast had
a-HBCDD similar median EFs in blubber and liver of 0.44 and 0.42, respectively, indicating
no tissue-specific stereoselectivity at least for those compartments [266]. Older animals did
seem to have more nonracemic a-HBCDD residues, as EFs correlated with concentration
and with animal length [266]. It is possible that younger animals had proportionally more of
the (4)-enantiomer of a-HBCDD from maternal transfer, through placental transfer and/or
lactation, which then shifted to enrichment of (—)-a-HBCDD from the diet afterwards [266].
However, no data exists yet to support or refute this hypothesis. In the Arctic, (-)-a-HBCDD
biomagnified from zooplankton to fish to narwhals (Monodon monoceros) and beluga



Chirality as an Environmental Forensics Tool 105

whales (Delphinapterus leucas) to a greater extent than the (+)-enantiomer (Figure 4.15),
but it is not clear if this observation was due to enantioselective metabolism [193].

4.4.2.7 Terrestrial Mammals

The few field investigations on the toxicokinetics of chiral OC pesticides in terrestrial
mammals have shown that the species extensively studied — polar bears (Ursus maritimus),
Arctic foxes (Alopex lagopus), and wolverines (Gulo gulo) — possess a relatively high
capacity to degrade these POPs.

All observations of chiral POPs in polar bears indicate that they have high metabolic
activity towards POPs, with considerable stereoselectivity. A specimen captured in Iceland
had nonracemic amounts of «-HCH in liver (EF = 0.69) and adipose tissue (EF = 0.52), as
well as oxychlordane (EF range of 0.55 to 0.57) and the chlorobornane congeners B§-1413
and B9-1679 (EFs of 0.63 and 0.58, respectively, using Equation (4.4) on 8-BSCD) [267].
The OC residues were dominated by recalcitrant analytes (e.g. PCBs 153 and 180),
suggesting active biotransformation. These observations were consistent with subsequent
analysis of polar bears taken from an Inuit hunt at Resolute Bay in the Canadian Arctic [216].
Livers and adipose tissues of these specimens had highly enantioselective residues of
a-HCH (EF range of 0.6 to 0.8), as well as the chlordanes typically studied with EFs of up to
0.95 observed [216]. These enantiomer compositions were considerably different than those
of arctic cod and ringed seals, the other main species in the polar bear food chain, indicating
stereoselective biotransformation by polar bears. Enantiomer-specific bioaccumulation
factors indicated that oxychlordane was formed by ringed seal prey and metabolized by
polar bears nonenantioselectively. The enantiomer composition of MC-7 and heptachlor
epoxide differed among sexes, suggesting possible stereoselective effects of lactation in
females, while the enantiomer compositions of MC-6, U82, and oxychlordane was
significantly correlated with the age of male bears [216]. In polar bears, only one enantiomer
of 5-MeS0O,-PCB 149 was found [260]; at least some 4- and 5-MeSO,-PCBs 91 and 149 in
this species were due to in vivo biotransformation, while both 4’- and 5'-MeSO,-PCB 132
came from consuming seals with these congeners. These EFs were similar to those observed
in harbor porpoises [265] in both magnitude and direction, and are consistent with highly
stereoselective formation and/or retention.

As with polar bears, wolverines and Arctic foxes also appear to have sizable capacity for
biotransforming POPs, as evidenced by enantiomer analysis. Wolverines captured from
Iceland and the Canadian Arctic had enrichments of (—-)-PCBs 136 and 149 in livers, with
mean EFs of 0.41 and 0.46, respectively [268]. While these enrichments were similar to
those of a-HCH (mean EF of 0.42) and heptachlor epoxide (mean EF of 0.55), they were not
as stereoselective as those of trans-chlordane (mean EF of 0.65) and oxychlordane (mean
EF of 0.71) [268]. Populations of Arctic foxes in Iceland feeding mostly on marine
mammals had much higher POP concentrations in liver tissue than those with a terrestrial
diet, but had similar enrichments of (+)-chlordane [267]. As with wolverines, Arctic fox
livers [268] had modest enrichments of (—)-a-HCH, (4)-PCBs 136 and 149, and E1-PCB 95
on Chirasil-Dex, with mean EFs of 0.41, 0.48, 0.54, and 0.55 respectively. These enrich-
ments were again minor compared to that of the OC compounds, which had mean EFs of
0.61 for cis-chlordane, 0.89 for trams-chlordane, 0.68 for oxychlordane, and 0.73 for
heptachlor epoxide. Depletions of labile analytes compared to recalcitrant compounds
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suggested significant biotransformation by these species; however, low concentrations of
many compounds suggested the possibility of significant nonenantioselective biotransfor-
mation [268]. Metabolite measurements need to be taken to substantiate this hypothesis.

Although few analyses have been made of chiral POPs in conventional foods [74], one
study did find nonracemic a-HCH in sheep [239]. Another found enrichment of (—)-a-HCH
in pork tissues [269], with increasing nonracemity in fat, then muscle, then liver, then brain
(i.e. from enantioselective blood-brain barrier transfer [259]).

4.4.2.8 Rodents

OC pesticides

Laboratory exposure experiments on rodents have revealed considerable insights on the
toxicokinetics of chiral POPs. One early such study found predominantly one enantiomer of
heptachlor epoxide metabolite from the incubation of heptachlor with rat liver homoge-
nate [116], indicating that the mixed-function oxidase system can detoxify POPs in a highly
stereoselective manner. In vivo exposures of a-HCH to rats [259] resulted in highly
stereoselective a-HCH in brain (EF range of 0.74 to 0.93) compared to blood, liver, and
fat, with mean EFs of 0.49, 0.44, and 0.56, respectively. These results were consistent with
the highly nonracemic a-HCH residues observed in brains of other organisms in the field,
including neonatal fur seals [252], sheep [239], harbor seals [270], and double-breasted
cormorants [240]. Animals pretreated with the potent CYP2B inducer phenobarbital and
then sacrificed had decreased a-HCH concentrations in liver slices exposed to the racemate,
but no concentration change in brain slices [259]. Both liver and brain slices from pretreated
animals showed slight enantioselective enrichment after exposure to racemic a-HCH, with
mean EFs of 0.43 and 0.53, respectively [259]. These results indicate that rat livers
preferentially biotransformed (+)-a-HCH in vitro and in vivo, but that brain tissues could
only accumulate this enantiomer iz vivo and not from other tissues. Thus, it is highly likely
that transport of a-HCH across the blood—brain barrier in rats and the other mammals is
highly stereoselective. In contrast, rats exposed to several toxaphene congeners showed
rapid nonenantioselective elimination of the B7-515 congener, but stereoselective elimi-
nation of B8-1413, B9-1679, and B9-1025 with EFs that did not significantly differ among
tissues of brains, adipose, and livers [271]. Thus, no stereoselective blood-brain barrier
transport was evident for chlorobornanes, unlike the case with a-HCH.

Sex differences in POP toxicokinetics have also been noted. Female rats initially
metabolized trans-chlordane to racemic oxychlordane, which later became enriched in
the (—)-enantiomer post-exposure [272]. On the other hand, male rats immediately degraded
trans-chlordane enantioselectively to (—)-oxychlordane [272]. Both sexes preferentially
depleted (—)-trans-chlordane, as well as (+4)-oxychlordane in organisms individually
exposed to oxychlordane, trams-chlordane, or achiral trams-nonachlor. These results
supported the hypothesis that although CYP3A induction in rats was not sex-dependent,
CYP1AI1 induction was [272]. More research remains to be done to elucidate the stereo-
selectivity of CYP induction and its effects on the metabolism of POPs.

PCBs
The distribution of chiral PCBs in rodents, as with chiral OC pesticides, is enantioselective.
Female C57B1/6 mice injected interperitoneally with PCB 84 rapidly distributed both
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enantiomers throughout the body, with an enrichment of (4+)-PCB 84 in brain, liver, lung,
and heart tissues after three days and an enrichment of this enantiomer in the kidney after six
days [273]. Spleen tissue had racemic PCB 84, while brain tissue had the most nonracemic
EFs consistent with the enantioselective transfer of «-HCH across the blood—brain barrier of
rats [259]. No significant differences were observed in EFs between days three and six,
suggesting that whatever processes were responsible for the observed enantioselectivity
(e.g. biotransformation, excretion, and/or differential tissue retention) occurred during the
initial distribution. In similar experiments, this strain of mice also enriched (+)-PCB 136
enantioselectively in adipose, spleen, kidney, liver, brain, uterus, and testes tissues [274].
Animals given PCB 136 via oral administration generally had more nonracemic residues by
roughly 0.1 EF units [274], indicating that route of exposure affects enantiomer-specific
toxicokinetics. However, absorption processes did not appear to be enantioselective, as EFs
of PCB 136 in mice tissues did not change with increasing dietary fat [275]. Enantiomer
composition in feces appeared to depend at least in part on whether residues in contaminated
food were absorbed through the gastrointestinal tract [275]. In female mice, enrichment of
(+)-PCB 136 decreased with increasing dose (2-50 mg/kg body weight) of the racemate,
suggesting a saturation of the enantioselective processes in the mice [276]. In vitro
experiments showed that (4)-PCB 136 bound more strongly to mouse CYP isozymes than
(—)-PCB 136 [277]. Binding was inhibited by CYP2B antibodies, indicating that CYP2B
isozymes were involved [277]. However, enantioselectivity of PCBs did not change in mice
exposed in vivo to CYP2B or CYP3A inducers [278], indicating that enantioselective
bioprocessing of PCBs was not due solely to CYP-mediated biotransformation. Exposure
concentration has not been assessed in most toxicokinetic experiments of chiral POPs, and
need to be further considered.

Similar results were observed in analogous rat exposures [278], in which animals exposed
to the racemic PCB technical formulation Aroclor 1254 were enriched in E1-PCB 95 on
Chirasil-Dex and (+)-PCB 149 in adipose, liver, and skin. Enantiomer reversal, such as (—)-
PCB 149 enrichment in blood, was also found. However, only E2-PCB 95 on Chirasil-Dex
was enriched in rats exposed to extract with racemic PCB 95 from a soil contaminated with
Chlorophen, another formulation, suggesting that differences in congener distributions and
concentrations affect enantioselective toxicokinetics.

PCB metabolites

The species-specific, highly nonracemic signatures of MeSO,-PCBs observed in the field
for marine and terrestrial mammals are consistent with their in vivo formation in laboratory
exposures. Rats dosed with Clophen A50, a technical PCB mixture, produced MeSO,-PCBs
highly enantioselectively. Enantiomer preferences were reversed for 4-MeSO,-PCB 149
between lung tissues, compared to adipose and liver tissue [280]. Parent PCB compounds
were not analyzed. In another experiment, rats preferentially depleted (—)-PCB 132 on
Chirasil-Dex and preferentially formed the R-enantiomers of 4’- and 5'-MeSO,-PCB
132 [281]. While enantioselective metabolism was shown, the authors suggested that both
isomers of MeSO,-PCB 132 may be retained enantioselectively by strong binding to liver
and lung proteins [281]. This hypothesis has not yet been verified. Rat liver hepatocytes
transformed PCB 149 nonstereoselectively in vitro, but degraded 5-MeSO,-PCB 149 in
a highly stereoselective manner [282] consistent with the previously reported in vivo
results [280].
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Dozens of OH-PCBs have been found in biota [7] and in surface waters and precipita-
tion [283]. However, only one congener, 4-OH-PCB 187, that can be a precursor of a chiral
PCB congener [7] has been positively identified in environmental field studies. This
congener is one of the most common OH-PCBs found, and is a product of PCB 183
hydroxylation followed by a 1,2-chlorine shift. Given the many findings of nonracemic
PCBs in many biota previously discussed and the production of highly nonracemic chiral
MeSO, metabolites, it is likely that hydroxylated chiral PCBs are also formed. This
hypothesis was demonstrated by in vitro degradation of chiral congeners by rat CYP2B1
isozymes [284]. Peferential elimination was observed for E2-PCB 45 on Cyclosil-B, E1-
PCB 91 and E2-PCB 95 on Chirasil-Dex, (-)-PCB 84, (-)-PCB 132, and (+)-PCB 136. Using
nonenantioselective GC coupled to high mass resolution mass spectrometry, degradates
corresponding to the exact mass of the respective OH-PCB degradates of these congeners
were identified; two pentachlorobiphenylol isomers were found for PCB 95. While the exact
isomers of these metabolites are unknown, at least some of the many unidentified OH-PCBs
in previous studies [7, 283] could have been formed from biotransformation of chiral parents,
perhaps also in nonracemic proportions. This was demonstrated recently, as rats exposed to
racemic PCB 136 in vivo formed 3-OH-PCB 136 and 3-OH-PCB-150 in nonracemic
proportions [6]. The latter OH-PCB is a 1,2-chlorine shift product of PCB 136 and is also
chiral. Those authors have synthesized a number of authentic OH-PCB congeners corre-
sponding to chiral PCB Phase I metabolites [6] to enable further studies on stereoselectivity
of chiral PCB metabolism. It is not yet clear if the OH-PCBs are formed or degraded
enantioselectively, and other factors affecting CYP-mediated enzymatic degradation of
PCBs (e.g. congener or enantiomer inhibition, Michaelis—Menten kinetics) are currently
unknown. No enantiomer-specific studies have yet been conducted for other PCB
metabolites.

Pyrethroids

Stereoselective toxicokinetics of pyrethroids was observed in rodents. Rats injected with a
racemic dose of §-cypermethrin had much lower amounts of the (+)-enantiomer compared
to the (—)-enantiomer in plasma, heart, liver, kidney, and fat tissues. The authors suggested
rapid interconversion of (+)-aS,1R,3S-cypermethrin to its antipode (—)-aR,1S,3R-cyper-
methrin in plasma, but no reverse conversion of the (—)-enantiomer back to the (+)-
enantiomer. This hypothesis was criticized [285] as implausible, as three separate epimer-
ization reactions would be necessary for conversion of (+)-aS,1R,3S-cypermethrin to (—)-«
R,1S8,3R-cypermethrin. However, the results do indicate significant enantioselectivity in the
in vivo processing of cypermethrin by rats, but is not clear to what extent this enantios-
electivity was from biotransformation or from tissue-specific redistribution. The latter was
suggested by the data [84] consistent with the highly enantioselective screening of a-HCH
by the rat blood-brain barrier [259].

4.4.2.9 Humans

Few studies have been conducted on chiral POPs in humans, for obvious reasons. The
handful of measurements made has been on breast milk, blood, feces, or tissues that can be
obtained ethically. The chlordane metabolites heptachlor epoxide and oxychlordane were
found in nonracemic proportions in human adipose tissue in early studies [116,217], with an
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approximate EF of 0.67 (Equation (4.4)) for both on the custom column used. Placentas
from 112 Finnish newborn boys had more racemic EFs for a-HCH and o,p’-DDD with
increasing contaminant concentration [286], which suggested that monitoring of placentas
could be useful for accessing POP trends, including enantiomers, in human cohorts. Human
milk had EFs of 0.31 to 0.45 for PCB 132 (Equation (4.4) on Chirasil-Dex) [69]. Some
enantioselectivity was observed for other chiral PCB congeners in human milk samples
from some women but not others, with no obvious pattern [76]. Several heavily chlorinated
toxaphene congeners were also nonracemic and different from reference standards in
human milk, with EFs (all Equation (4.4) on BGB-172) of 0.58 to 0.70 for B§-1945, 0.58 to
0.61 for B9-1679, and 0.39 to 0.47 for B9-2206 [287]. Adipose tissues had more nonracemic
B9-2206 (EF of 0.30 to 0.32) than milk [287]. Livers of cadavers from Belgium had mostly
racemic a-HCH [288]. Five individuals had near-racemic proportions of PCBs 95, 136, and
149 in brain, liver, kidney, and muscle. However, six individuals had nonracemic amounts in
liver tissue, with PCB 132 EFs of 0.52 to 0.68, PCB 136 EFs of 0.41 to 0.49, and PCBs 95
EFs (Equation (4.4) on Chirasil-Dex) of 0.56 to 0.74 for reasons unknown [288]. Human
feces from the UK had racemic PCB 95 in eight samples, but were enriched in E2-PCB 95 in
two samples [184]. The limited enantioselectivity of PCBs in many human tissues is
consistent with in vivo degradation experiments, in which human CYP2B6 only degraded
PCB 45 enantioselectively [284]. However, species-specific effects were observed, as E1-
PCB 45 was preferentially transformed in comparison with rat CYP2B1, which preferen-
tially degraded E2-PCB 45 [284]. Methylsulfonyl PCB metabolites were highly nonracemic
in humans, as with other mammals, with meta-substituted congeners (i.e. 5'-MeSO,-PCB
132 and 5-MeSO,-PCB 149) enriched in lung in highly nonracemic proportions [289].
Other studies, however, targeting MeSO,-PCB enantiomers did not detect any [243]. In
human serum, (—)-a-HBCDD was dominant, with an EF of 0.2 [290]. Unlike the case of
other organisms, it is not clear yet whether enantiomer residues in humans were due to
in vivo metabolism or dietary uptake.

4.5 Chirality to Quantify Rates of Biotransformation

Chirality cannot only detect biotransformation but can also quantify it. This is particularly
significant in situations for which such determinations are difficult or impossible, either
because of intrinsic variability in concentrations and fluxes of POPs, and/or because
biotransformation is slow compared to other processes such as air—water exchange and
can therefore be masked. A key issue in assessing future trends of POPs is the need for
accurate and reliable indicators of degradation, for which biotransformation may be
important if abiotic transformation processes are also slow. Measurement of slow biotrans-
formation is essential in determining the long-term fate of persistent POPs from the
environment. Decreases in POP concentrations after banning of these compounds have
been observed in the 1980s in water [291], fish [292-295], bird eggs [296], and sedi-
ments [158, 159, 297] in the Great Lakes and in US rivers [298]. Multimedia modeling has
also suggested decreases in various environmental media in the Great Lakes [299, 300].
However, the decline has been observed to stop in the 1990s in the Great Lakes [301] and the
Canadian Arctic for some POPs [296]. With the difficulties inherent in estimating
biotransformation from achiral analysis, it is clear that future decreases in levels of
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POPs will be difficult if not impossible to ascertain in this manner, particularly in field
studies.

Enantiomer-specific rates of biotransformation, based on using EFs to determine con-
centrations of individual enantiomers, have been determined in a number of laboratory and
field experiments, as previously discussed: bench-scale anaerobic biotransformation of «-
HCH in activated sludge [132], elimination of toxaphene congeners in mummichogs taken
from a contaminated estuary [224], and microbial degradation of a-HCH within the Arctic
Ocean water column [127]. Alternative methods have also been proposed, particularly for
assessing bioaccumulation of POPs in fish. A curvilinear relationship has been observed
between the octanol-water partition coefficient (log K,,) of recalcitrant POPs and their
persistence in fish, with increasing half-lives to log K, of about 7, followed by decreasing
persistence from resistance to mass transfer of superhydrophobic POPs across the gastro-
intestinal tract [302]. Chemicals with less persistence than that predicted by the curvilinear
relationship are likely to have been biotransformed, as has been measured for several chiral
OC pesticides and PCBs [231, 232]. However, these methods are more problematic to use in
field studies, as a plethora of abiotic processes can also affect measured enantiomer
concentrations.

An expression was introduced [227] to describe first-order biotransformation rates based
on enantiomer compositions over time:

1
EF = — O (4.6)
1+ 0 emt
(+)o
where ¢ is time, (+ ), and (—), the initial concentrations of the (+) and (-) enantiomers,
respectively, and k., the minimum biotransformation rate constant, calculated by assuming
EF changes were due solely to transformation of one enantiomer only. If transformation of
both enantiomers occurs, as is likely, then the rate would be higher than k,. Thus, the
calculated rates are minimum estimates. Using Equation (4.6), rate constants were
calculated for biotransformation of PCBs and OC pesticides in exposure experiments to
aquatic invertebrates [199] and fish [227, 232], as well as in situ biotransformation rates of
fishin Lake Superior [198]. The rates obtained by this method were in reasonable agreement
with those calculated by differences in persistence from the curvilinear relationship [232].

The rate constants calculated by EF profiles (Equation (4.6)) are necessarily crude as
several assumptions must hold: the initial enantiomer composition is known, only a single
stereoselective reaction is active, and the amount of time over which transformation takes
place is known. These assumptions may not necessarily hold. For example, for reductive
dechlorination of PCBs in sediments, it is possible for degradation to take place upstream
followed by resuspension and redeposition elsewhere [156, 194]. The calculated k&, is an
aggregate of all reactions, enantioselective or otherwise, involving the chemical in question.
This includes degradation and formation reactions, so more than one reaction will confound
results. Biotransformation may not follow first-order kinetics (e.g. no lag phase is modeled).
The time period may be difficult to estimate; for example, in the Lake Superior chiral PCB
study, the organism’s lifespan was used [198]. Likewise, in the Lake Hartwell sediment core
PCB dechlorination study, it is likely that microbial activity stopped before the time periods
selected [156]. However, it should be noted that currently all methods to estimate
biotransformation rate constants in field studies are equally crude [156].
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The ability of chirality to assess biotransformation could lead to more accurate assess-
ments of POP food web modeling and permit more precise determination of the extent of
degradation and ‘virtual elimination’ of POPs to support Stockholm Convention goals.

4.6 Chirality as a Tool for Pollutant Source Apportionment

Chirality has been used to distinguish among sources of chiral pollutants to environmental
compartments, such as the atmosphere or natural water bodies. Because partitioning
processes between environmental media (e.g. deposition, volatilization) are physical
processes, they are not likely to be enantioselective. Thus, if the enantiomer compositions
of a chiral pollutant differ among environmental compartments, then a comparison of
enantiomer signatures of different compartments can help to identify pollutant sources. The
contribution of two sources to the environmental compartment of interest can be assessed
quantitatively [303]:
(ERpix—ERp)(ER, + 1)

Fo= (ER,—ER})(ERpix + 1) (4.7)

where F, is the fraction of the chemical from source a, ER,, and ER, are the ERs of sources a
and b, respectively, and ER;, the ER of the mixture in the environmental compartment. A
simpler version uses the EFs of each source (EF, and EF,, respectively) and the environ-
mental compartment’s mixture (EF,;x) [107]:

EF,.ix—EF,

Fp=—2 2 4.8
¢~ EF,—EF, (4.8)

4.6.1 Air-Terrestrial Surface Exchange

Organochlorine pesticides have long been used for agricultural purposes. While pesticide
POPs are no longer applied to crop fields in countries in which they are banned, residues
from past applications remain. These residues, which may have been present in soils for
decades, may have been degraded by microbial activity and could thus be nonracemic. If
these residues were to be transferred to other environmental media (e.g. volatilization from
soil to air), then the enantiomer composition in the other medium would reflect the original
source. Thus, ‘old’, biochemically weathered sources of POPs could be distinguished from
‘new’, unweathered sources that would be racemic. In addition, nonracemic sources of POPs
could be distinguished from each other if each had arisen from biochemical degradation
pathways that had different stereoselectivities, as has been observed [156, 165].

The potential for OC pesticide enantiomers to be used for air—surface source apportion-
ment was first suggested by Finizio, Bidleman, and Szeto [167], who found an air
concentration gradient with the same enantiomer composition (EFs of 0.54 to 0.57 for
a-HCH and 0.59 for heptachlor epoxide) up to 1.4 m above British Columbia agricultural
soils with the same EFs (Figure 4.16). The subsequent measurements of nonracemic
«-HCH, cis-chlordane, and trans-chlordane in these soils [146] indicated that local
and regional air burdens of these pesticides were influenced more by agricultural emissions
than by trans-Pacific transport from China and India where these compounds are still
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Figure 4.16 Gas chromatogram traces of the enantiomers of a-HCH, heptachlor (HEPT), and
heptachlor epoxide (HEPX) in soil and overlying air at a British Columbia farm. (Reproduced with
permission from Chemosphere, Emission of chiral pesticides from an agricultural soil in the Fraser
Valley, British Columbia, by A. Finizio, T. F. Bidleman and S. Y. Szeto, 36(2), 345-355. Copyright
(1998) Elsevier)

used [304, 305]. Indeed, DDT concentrations in air overlying contaminated British
Columbia agricultural soils were orders of magnitude higher, at 140 and 880 pg/m> for
p,p'-DDT and p,p’-DDE, respectively [146], than those in background North American
continental air (1-40 pg/m> for each compound) [172] and comparable to those found in
Central America (440 and 220 pg/m’ in Belize) [172], where DDT was used until fairly
recently [146]. However, DDT in air was racemic and soil EFs were not fully characterized,
so it is not clear from enantiomer analysis alone that the same trend followed as for the other
pesticides [146]. Strong air concentration gradients above these soils were subsequently
measured [306] and DDT fugacity fractions (ff) quantified:

fiurface

ﬁ fsurface +fair (49)
where fyrace and fy; are surface and air chemical fugacities, respectively. Values of ff
above 0.5 indicate net volatilization. Fugacity fractions for DDT ranging from 0.42 to
0.91 were found using air concentrations immediately above the soil [306]. Given the
precision on ff used in that study, this measurement indicates net volatilization. An
average half-life for volatilization over 200 years was calculated [306], showing that
DDT will continue to be a source to the atmosphere for a long time in the absence of
other sink processes.

Similarly, the nonracemic signatures of heptachlor epoxide, cis- and trans-chlordane,
oxychlordane, and 0,p’-DDT in soils of the US Midwestern Corn Belt [35, 143] were
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correlated with nonracemic air concentrations that decreased with increasing height above
the soil [144]. Indoor air was ruled out as a potential source to the Midwestern atmosphere,
as air from homes in which chlordane was applied as a termiticide was racemic [168, 307],
consistent with little degradation of this insecticide within building foundations. However,
air in Alabama had racemic proportions of cis- and trans-chlordane and MC-5, compared to
the nonracemic EFs observed in the soils there [168]. This observation suggests that
emissions from termiticide-treated homes may be more important in Alabama in contrib-
uting to air burdens there. Little influence of urban sources is expected at rural and
agricultural sites [308]. Extracts from the Midwestern soils with nonracemic heptachlor
epoxide [143] were mixed in varying proportions with a racemic standard to evaluate
Equation (4.7) [303], from which Equation (4.8) was based [107], and to show that prior
mathematical expressions for source apportionment were flawed [118, 120, 128]. Signifi-
cant correlations between soil and overlying air EFs of 0,p'-DDT in farms from Alabama,
Louisiana, and Texas suggested volatilization as the source of DDT to the air at those
locales, an observation supported by calculated fugacity fractions indicating net volatiliza-
tion [169]. However, o,p’-DDT was nonracemic in Mexican soils but racemic in overlying
air [309]. In conjunction with varying fugacity ratios, this data suggests that DDT in
Mexican air is a combination of re-emission of aged sources as well as ongoing regional use
of DDT [309]. Flux chambers to sample air directly over soils were used to confirm that
essentially all of the atmospheric emissions of cis- and trans-chlordane was from soils at two
agricultural sites in southern Ontario [310]. This sampler was used to compensate for the
large propagated errors for fugacity fractions, which has made it difficult to ascertain
soil—air equilibrium and direction of exchange [169, 310]. Chlordane fluxes from the treated
plot at the Connecticut Agricultural Experiment Station showed that volatilization contin-
ued long after application, at rates that depended on temperature and on soil
cultivation [311].

While agricultural soils now have nonracemic OC pesticide residues and emit these
nonracemic compositions to the atmosphere, this was not necessarily always the case.
Archived extracts of air samples collected in Sweden, Slovakia, and Iceland between in the
early 1970s had racemic cis- and trans-chlordane [138]. This observation suggests that
those residues were released either from fresh emissions, as these compounds were in active
use at the time, and/or they were volatilized from racemic residues in soil. The former
hypothesis is more likely, given the EFs of these compounds in sediment cores, which were
racemic in the 1950s but less so after that point, including the 1970s [138, 139].

Since the production of PCBs ceased in the late 1970s in North America and Europe,
current atmospheric sources of PCBs are believed to be predominantly from volatilization
from contaminated environmental surfaces such as soil [312-314] and water [291, 315].
However, emission from existing PCB technical mixtures (i.e. capacitors, transformers,
construction materials) may also contribute to atmospheric contamination [316, 317]. The
use of PCB atropisomers for source apportionment was first demonstrated by Robson and
Harrad [182], who observed that nonracemic soil EFs for PCBs 95, 136, and 149 were
statistically different from racemic EFs of all three congeners in the overlying air. In
contrast to chiral OC pesticides, the source of atmospheric PCBs was thus not due to
volatilization from the soil, but from emission of unweathered PCBs remaining in use. In
subsequent work [318], PCB concentrations of indoor air in the West Midlands of the UK
had not changed significantly over the past 10 years. Both indoor and outdoor air had
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racemic or near-racemic PCB compositions [183, 184]. However, EFs of soil were
nonracemic in the rural regions outside Birmingham city center [183]. These results
suggest that ventilation of indoor air from the urban center, and not volatilization of
contaminated soil, was the source of atmospheric PCBs to this region of the UK. This
observation was further supported by other studies that observed decreasing PCB with
increasing distance from urban centers [319, 320], suggesting that identification and
control of unweathered PCB sources (e.g. PCB-containing building sealants, leaking
transformers with PCB-bearing capacitor oil) would be the most effective means of
lowering urban atmospheric PCB concentrations. Asher, Wong, and Rodenburg [194]
observed that PCBs in the air overlying the Hudson River Estuary at New York City was
racemic, consistent with an unweathered local urban source to the local atmosphere,
consistent with observations of racemic chlordanes in the urbanized air of Chicago and
Toronto [308]. However, estuary waters had nonracemic PCB 95 (EF range of 0.47 to 0.48
using Equation (4.4) on Chirasil-Dex) [194] similar to that in Hudson River sediment [160]
and correlated to the Hudson River’s water discharge (Figure 4.17). Using the source
apportionment model (Equation (4.8)), 85% of PCB 95 and by implication mid-sized
PCBs to the estuary was from the Upper Hudson River.

Little work has been done to characterize air—surface exchange of chiral semivolatile
current-use pollutants. However, the observations of slightly enriched (—)-a-HBCDD and
racemic - and y-HBCDD in Chinese urban air suggest that the atmospheric source of
HBCDD may be a mixture of both local unweathered emissions and volatilization of
weathered residues from soil [321]. Measurements of soil EF profiles for HBCDD have not
yet been done to confirm or refute this hypothesis.

Despite these insights from chirality in soil-air source apportionment, complications
remain. As previously stated, few correlations have been observed between cis- and trans-
chlordane soil EFs and soil concentrations, or labile versus persistent analyte concentration
ratios [ 140, 147]. In Costa Rica, no correlations were found between soil and air EFs of these

total suspended matter dissolved phase
0.521 20218 0.514 2 = 0.345
0504 =m P =0.0258 0491 m wt P=0.0572
n L
& 0.484 = W 047 = a
= n n | |
| | [}
0.46+ L] n L] = 0.45+ .
0.44 0.43+
100 200 300 100 200 300
Hudson River Discharge (m3!s} Hudson River Discharge (ma.’s}

Figure 4.17 Correlation of Hudson River volumetric discharge at Waterford, New York, to
enantiomer fractions (EFs) of dissolved (A) and particulate PCB 95 in the Hudson River Estuary.
(Reproduced with permission from Environmental Science and Technology, Chiral Source
Apportionment of Polychlorinated Biphenyls to the Hudson River Estuary Atmosphere and
Food Web, by Brian |. Asher, Charles S. Wong and Lisa A. Rodenburg, 41(17), 6163-6169.
Copyright (2007) American Chemical Society)
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two chlordanes [147]. Intrinsic site-to-site variability in EFs is also an issue, as site
inhomogeneity in EFs can confound the use of chirality for source apportionment [180].
The lack of clear patterns in enantiomer composition was also observed in Indiana air for cis-
and trans-chlordane, suggesting that source apportionment was not possible there [322].
Caution is thus urged in source apportionment studies to ensure that intrinsic sample
variability is characterized [180].

4.6.2 Air-Water Exchange

Chirality has also been used along similar lines as a tracer to understand the dynamics of
chemical air—water exchange. Nearly all of the work to date has focused on a-HCH.
Enantiomer signatures of o-HCH in Arctic Ocean waters and marine boundary-layer air
were nonracemic and similar to each other [118, 119]. Measured water/air fugacity fractions
(Equation (6.1)) were also greater than 0.5 in most parts of the Arctic from the early 1990s to
today [117-119, 122], except over the Greenland Sea [118, 119], which was closer to
air—water equilibrium. The similar enantiomer residues in air and water, in conjunction with
the fugacity calculations, indicated that the Arctic was a source of a-HCH to the air in the
early 1990s and that Arctic air was not receiving new (e.g. unweathered racemic) a-HCH
inputs from elsewhere. This net volatilization is a reversal of the net deposition of «-HCH
from the late 1980s [323], suggesting that decreases in atmospheric loadings after the 1980s
resulted in a change in the direction of air—water exchange. The exceptions were in air over
the polar cap [118] and over Resolute Bay [117] in the early 1990s, which had racemic
a-HCH. In the former case, air—water exchange was cut off by the presence of surface
ice [118] (Figure 4.18). At Resolute Bay, the nonracemic water residues in the early 1990s
may be due to the fugacity fraction being only significantly but slightly in favor of net
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Figure 4.18 Enantiomer fractions (EFs) of a-HCH in air above Resolute Bay, Nunavut,
Canada, showing a correlation (r* = 0.68) when >90% open water is present (squares) but
no correlation when 0-50 % open water is present (diamonds). (Reproduced with permission
from Environmental Science and Technology, Hexachlorohexanes (HCHSs) in the Canadian
Archipelago. 2. Air-Water Gas Exchange of a- and y-HCH, by Liisa M. Jantunen, Paul A. Helm,
Henrik Kylin and Terry F. Bidleman, 42(2), 465-470. Copyright (2008) American Chemical
Society)
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volatilization [117], and were later shown to be affected by the amount of ice cover present
within several kilometers of the sampling site [324].

Similar approaches have been used to assess air—water exchange of chiral POPs, mostly
a-HCH, in other water bodies. Warmer temperatures during summer and early fall resulted
in net volatilization of nonracemic a-HCH in the North Sea, which was reflected not only in
the overlying atmosphere but also in precipitation that had equilibrated with the nonracemic
a-HCH vapor [325]. Using fugacity calculations and source apportionment similar to
Equation (4.7), up to 60% of the a-HCH above Lake Ontario was attributed to volatilization
from the lake, with most nonracemic signatures and volatilization occurring over the
warmer summer months with greater microbial degradation activity [128]. Varying EFs and
fugacity ratios of «-HCH, cis- and trans-chlordane, and heptachlor epoxide was observed in
the other Laurentian Great Lakes [326]. In the south Baltic Sea, concentrations of «-HCH
were quite variable, resulting in near air—water equilibrium based on fugacity [327].
However, EF-based source apportionment (Equation (4.8)) indicated that about 60% of
the «-HCH in the boundary-layer air above the sea arose from volatilization during the
summer, while significantly less (0-35%) volatilized during wintertime [327]. Thus,
chirality was suggested as an integral and complementary component of environmental
monitoring [327]. In contrast to northern waters, fugacity ratios in the south Atlantic Ocean
indicated a net deposition of a-HCH; however, EFs in boundary-layer air still resembled
that of nonracemic surface waters, indicating that the air—water exchange was dynamic and
in both directions [131].

4.7 Caveats in Using Chirality to Probe Biologically Mediated
Environmental Processes

While chirality is a powerful tool for detecting and understanding biochemical weathering
processes in the environment, some caveats and precautions should be kept in mind. First, a
compound must be asymmetric in order for chirality to be used. Thus, while extrapolations to
structurally similar compounds may be plausible [194], such interpretations must be made
cautiously in light of the variability in enantiomer behavior of even structurally similar
chemicals. An example of such variability is the observation of enantioselective degradation
of PCB 136 by rainbow trout, while structurally similar PCB 95 was not degraded [227, 232].
In addition, although most abiotic processes are nonenantioselective, not all are indeed
the case. Nucleophilic Sy2-substitution reactions at a chiral center will result in chiral
inversion to the antipodal enantiomer. While such processes are often biologically mediat-
ed, as for the nonsteroidal anti-inflammatory drugs [328], they can also be abiotic.
Appropriate sterile controls should be used for experiments with such compounds, as was
done in the demonstration of microbial chiral inversion of ibuprofen in Swiss lake
water [329]. Photolysis of a-HCH [114], B8-PCCH [114], and chlordane compounds [116]
was demonstrated not to be enantioselective, as expected for an abiotic process. However,
this may not be the case for some pyrethroids, known to isomerize photolytically.
Caution must be exercised when analyzing some pyrethroids, given possible isomeriza-
tion of pyrethroids with cyano substituents at the asymmetric a-carbon atom, such as
cypermethrin and cyfluthrin. Isomerization may occur in the presence of heat, polar
solvents, or light. About 9% interconversion of these two compounds was observed at
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260°C, but was negligible at 180 °C or when on-column GC injection was used [96].
Cypermethrin [96] and cyfluthrin [96, 330] also isomerized slowly (half-life ca. 160 days) at
the asymmetric a-carbon atom in sterile water, as does deltametrin, which also has a cyano
substituent at the asymmetric a-carbon atom in polar solvents [331, 332]. Cypermethrin
isomerized rapidly in isopropanol (half-life of 3—7 days) and methanol (half-life of 2-3
days), as well as in organic solvent-water mixtures depending on water content and
temperature [333]. Photolytic epimerization was observed for deltamethrin [331, 334] and
for cyhalothrin, another cyano-bearing pyrethroid [335]. No isomerization by any means
was observed for bifenthrin [96] and permethrin [96, 333], both of which lack cyano
substituents. Thus, caution should be applied to cyano-bearing pyrethroids to avoid
exposure to light and use of incompatible solvents (e.g. HPLC mobile phases), and in
interpretation of enantiomer composition from environmental data to account for abiotic
isomerization.

Caution should also be taken to ensure that measurement artifacts do not result in
erroneous enantiomer compositions, as demonstrated by the case of HBCDD. The
enantiomers of HBCDD enantiomers isomerize at temperatures above 160 °C, and can
do so even as low as 100°C [54]. Consequently, they cannot be measured by GC, and care
must be taken during extraction to ensure that isomerization does not occur during, for
example, overnight Soxhlet extractions. Isomer-specific HBCDD analyses require HPLC/
MS/MS [336, 337], which have focused on the three major diastereomer sets. While
enantiomer resolution of these three sets has been demonstrated, by enantioselective HPLC/
MS/MS [58], unequal peak sizes of racemic a-HBCDD purified from various technical
mixtures were observed. Enantiomers at equal concentrations should have identical
responses to detectors [217]. The authors [58] attributed this artifact to differential matrix
effects during electrospray ionization. This effect was subsequently attributed to
electrospray-induced ion suppression of HBCDD peaks, which changed with ionization
temperature [338], was more severe with stronger mobile phase (i.e. later-eluted analytes
using gradient elution) and with older columns more susceptible to column material
bleed [99]. This observation was consistent with findings that the HBCDD ion signal was
dependent on the amount of coextracted endogenous material [337]. These artifacts can be
addressed by using isotopically labeled HBCDD internal standards, correcting EFs in Lake
Ontario lake trout as nonracemic as 0.18 EF units from the racemic EF of 0.5 to racemic
values [99]. Matrix-induced ion signal modification is an issue for any electrospray-based
analysis, particularly for environmental samples with many coextracted interferences, and
canresult in measurement artifacts if not properly countered. If isotopically labeled internal
standards are not available, enantiomer-specific standard addition can be used to assess the
extent of ion suppression by electrospray ionization, as was recently demonstrated for
measurements of chiral drugs in wastewaters [339].

Artifacts in EF can also occur for peaks that are not fully resolved, as is often the case in
enantiomer analysis of POPs. In this case, deconvolution of enantiomer peaks using least-
squares fitting of chromatographic data to mathematical models accounting for non-ideal
chromatography can provide more accurate and precise results than conventional integra-
tion techniques [340]. Of course, full chromatographic resolution of peaks is always desired,
but this may not be possible or feasible.

It should also be noted that lack of enantioselectivity also does not necessarily imply lack
of biological activity on the chemical of interest. While a-HCH was not enantioselective in
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the upstream freshwater region of the York River estuary in Chesapeake Bay, a-HCH
concentrations were lower there while bacterial activity assessed by independent means was
highest at that site [130]. This observation suggests nonenantioselective biotransformation.
Similarly, phytodegradation of 0,p’-DDT was not enantioselective, probably because of the
reaction with a planar, nonstereoselective heme functionality [341]. Site-to-site variability in
enantiomer compositions should also be assessed [180]. Chirality is best used as a comple-
mentary tool, along with other indicators, to provide the most robust lines of evidence for
biologically mediated bioprocessing of POPs and other environmental pollutants.

4.8 Conclusions

Chirality of POPs has progressed considerably from initial work in the 1980s and early
1990s to resolve enantiomers once enantioselective chromatography became available.
These initial studies found nonracemic compositions of many POPs, suggesting that
biochemical degradation of these POPs must be occurring. Subsequent laboratory and
field experiments confirmed these suggestions, and established that chiral POPs are
bioprocessed in a species- or strain-specific manner. While most enantioselective biopro-
cessing appears to be biotransformation, others are not, most notably blood-brain barrier
transfer of a-HCH. At least some of the chemical (e.g. labile versus recalcitrant strutures)
and physiological (e.g. sex, age, health status) factors affecting enantiomer toxicokinetics
have been identified. These results have shown that although biodegradation of POPs may
be slow, these chemicals are not so persistent that they cannot degrade, as was previously
thought. This use of chirality may be useful in quantifying long-term removal of POPs from
the environment, as needed for virtual elimination as mandated by the Stockholm
Convention. The chirality of POPs has also been exploited to gain insights into source
apportionment and transport of POPs among environmental media, which also aids in
understanding their environmental fate.

Despite the considerable knowledge on chirality of POPs, many questions remain
unanswered. One of the biggest of these is the mechanisms by which enantioselectivity
occurs in organisms. With the exception of HCH and its PCCH metabolites, little is known
about the stereoselectivity of enzymatic degradation of POPs. A mechanistic understanding
of how POP enantiomers and their metabolites differentially interact on a molecular basis
will greatly increase our current understanding of POP toxicokinetics. Likewise, little is
known about POP metabolites, particularly those that are chiral. As techniques and
instrumentation improve for detecting and measuring such metabolites, so should our
understanding of the behavior of degradate enantiomers. In a related vein, our knowledge of
enantiomer-specific toxicity is severely lacking, although research on current-use pesticides
is changing this. All of the comments made above hold for current-use POPs, for which
knowledge is poorer than that for legacy POPs, in part from less established analytical
techniques for measuring such enantiomers. Research directions along these lines should
ultimately lead to the ability to predict the environmental fate and effects of individual
enantiomers based on structure/activity relations and knowledge of the pharmacokinetics
and toxicokinetics of the biota involved. This capacity would be the logical extension of
existing models for classes of compounds (e.g. labile versus recalcitrant PCBs based on
structure), but does not yet exist at the current time. It, and the knowledge required to support
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such a framework, would be invaluable when using chirality as an integral tool to assess and
mitigate deleterious effects of chiral pollutants.
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5.1 Introduction

Persistent organic pollutants are a group of diverse chemicals that are persistent in the
environment; having long half-lives in soils, sediments, air and biota; are hydrophobic and
lipophilic; have the propensity to enter the gas phase under environmental temperatures and
are subject to long-range transport; and (POPs) are globally distributed and even found in
pristine environments such as the Arctic where they have never been used. The combination
of their resistance to metabolism and lipophilicity means that they will bioaccumulate and
be transported through food chains. Animal and human studies link a wide variety of health
problems to exposure to POPs, such as reproductive abnormalities, birth defects, immune
system dysfunction, neurological defects and cancer [1-3].

These chemicals have received intense international attention in recent years because of
their ubiquity, persistence, high bioaccumulation potential and harmful biological effects.
Under the Stockholm Convention on POPs (see Chapter 1), 12 chlorinated chemical
substances have been banned or severely restricted. These include dioxins and furans
(polychlorinated dibenzo-p-dioxins and polychlorinated dibenzofurans, PCDD/Fs),
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polychlorinated biphenyls (PCBs), hexachlorobenzene (HCB) and several organochlorines
used as pesticides: dichlorodiphenyl-trichloroethane (DDT), chlordane (CHLs), toxaphene,
dieldrin, aldrin, endrin, heptachlor and mirex. These have been often referred to as ‘legacy’
POPs because of their long history of use and release into the environment. There are, however,
numerous other POPs that are also environmental contaminants and are of great concern. Some
of them are both persistent and toxic, and still in widespread production and use in both
industrialized and less industrialized countries. These are often referred to as ‘emerging’
POPs. ‘Emerging’ POPs constitute those pollutants that have been recently discovered in the
environment and are known or suspected to cause adverse effects in humans and wildlife.
Examples of ‘emerging’ POPs in developing countries include several types of brominated
flame retardants (BFRs) (see Chapter 2) such as polybrominated diphenyl ethers (PBDEs),
perfluorinated compounds (see Chapter 3) and polychlorinated naphthalenes (PCNs).

Reports on the levels of POPs in the global environment indicate that emission sources of
a number of ‘legacy’ POPs (such as DDT and HCHs) in the last 20 years have shifted from
industrialized countries to developing countries in tropical and subtropical regions includ-
ing India and China owing to late production bans or ongoing use, both legally and illegally,
in agriculture [4, 5]. Also, as a result of recent changes in global trade, there has been a
shift in the manufacture of goods to developing countries with cheap labor costs and weaker
environmental laws. This shift in the industrial manufacturing of goods will also have
implications for the global dispersal of ‘emerging’ POPs like PBDEs [4-6].

Exposure to POPs comes mainly from the consumption of food, especially meat, fish and
dairy products. However, due to the ability of POPs to travel long-range, the POPs found in
food do not always come from industries located near the farms where the food was
produced or from the pesticides used on these farms. Instead, POPs cross international
borders, moving thousands of miles in the air or water before entering a point source. This is
why an international treaty to eliminate POPs is so important.

This chapter provides an overview of the status of POPs contamination in developing
countries. It discusses the important classes of POPs in developing countries, including their
current and past sources, environmental distribution and temporal trends, and examines the
problems faced by developing countries with the effective management of POPs.

5.2 Sources of POPs in Developing Countries

Organochlorine pesticides used in agriculture and pest control, industrial chemicals like
PCBs present in capacitors and transformers, unintentionally produced compounds such as
polycyclic aromatic hydrocarbons (PAHs), dioxins and furans, and PBDEs, which are used
as flame retardants in consumer products, are the main POP chemicals with significant
sources in developing countries. PBDEs are ‘emerging” POPs whose levels have the
potential to increase in developing countries over time as a result of the current trend in
the shift of the manufacturing base to developing countries [4] and the problem of dumping
of e-wastes containing flame retardants in poorer developing countries [7-10]. Similarly, for
perfluorinated compounds, their use in fire fighting foams might make them significant
POPs in developing countries. Although often not included in the category of POPs, PAHs
are considered so by some researchers. PAHs have many natural sources, but in developing
countries the most important anthropogenic sources are vehicles and combustion of
firewood for cooking. This section will examine the sources of the most important POPs
in developing countries.
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5.2.1 Summary of the Main POP Chemicals
5.2.1.1 Organochlorine Pesticides

Organochlorine (OC) pesticides constitute the major POPs in most developing countries
around the world. They include DDTs, HCHs, chlordanes, toxaphene, dieldrin, aldrin, HCB,
and newer ones not currently on the Stockholm Convention list (e.g. endosulfans). OC
pesticides are released into the atmosphere by spray drift, post-application volatilization and
wind erosion of soils. These emissions are influenced by numerous physical and chemical
factors [11]. Although the use of many organochlorine pesticides was banned in North
America, most of Europe and other industrialized countries during the 1970s and 1980s,
they continued to be used in many developing countries in agriculture and in public
health [12—-15]. Some of the pesticides were even being manufactured as recently as the late
1990s in some Asian countries [16]. Well into the 1990s, for example, usage of technical
HCH continued in India, Vietnam and other isolated parts of the world [17]. Most countries
have made the switch to y-HCH (lindane), although it is believed there are areas still using
technical HCH, including India, Central America and parts of Asia [18]. Restricted use of
DDTs for public health purposes is allowed under the Stockholm Convention, although it is
suspected that there is ongoing use in agriculture in some developing countries.

As pointed out above, these pesticides are generally not produced in most of the
developing countries except mainly in India and China. Developing countries are therefore
net importers of these compounds. Over the past several decades many developing countries
received thousands of tons of pesticides as donations, mostly from developed countries, to
enhance food production and for the control of mosquitoes, flies and lice that spread malaria,
typhoid fever and cholera. Although well-intentioned, in many cases the pesticide donations
exceeded the true need of the countries. Pesticides therefore constitute the major source of
POPs in developing countries, particularly sub-Saharan Africa, Asia and Latin America.
There is a lack of precise figures on quantities of pesticides still held in many developing
countries, but the Food and Agriculture Organization (FAO) of the United Nations estimates
that there are around 500 000 tonnes of obsolete pesticide stocks in developing countries
[19,20]. The FAO has documented sites in developing countries where stockpiles are held in
the open for prolonged periods of time, leading to the uncontrolled release of these
chemicals to air and contamination of land and water resources. It is estimated that probably
up to 120 000 tonnes are held on the African continent alone [21] and are present in virtually
every country on the continent. Stockpiles in Asia are currently recorded at 6000 tonnes, a
figure that does not include China, where the problem of pesticide waste is believed to be
widespread. In the Middle East and Latin America together, around 10 000 tonnes have been
declared. Stockpiles have also been reported for some Eastern European countries. For
example, it is estimated that the Ukraine has around 19 500 tonnes of ageing chemicals,
Macedonia 10000 tonnes, Poland 15000 tonnes and Moldova 6600 tonnes [21]. The
condition of obsolete pesticide stockpiles varies from well-stored products that can still be
used in the field to products that have leaked from corroded steel drums and other containers
into the soil. The waste sites contain some of the most dangerous insecticides like aldrin,
chlordane, DDT, dieldrin, endrin, heptachlor and organophosphates. It is estimated that
about 30% of the known obsolete stockpiles are those currently targeted by the Stockholm
Convention. Most of these pesticide stocks held in developing countries are obsolete for one
or more of several reasons. These include: being banned while in storage; substandard
storage and poor management of stockpiles; overstocking of products as a result of poor
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assessment of requirements; strategic stockpiling in anticipation of pest incidence; purchase
of inappropriate formulations; poor quality of pesticides and lack of analytical facilities;
excessive donations and poor coordination among aid agencies; changes in national policy;
and aggressive sales promotions by the pesticide industry [15, 20, 22].

5.2.1.2 Polychlorinated Biphenyls

Polychlorinated biphenyls (PCBs) are a class of chlorinated hydrocarbons consisting of 209
compounds ranging from three monochlorinated isomers to the fully chlorinated deca-
chlorobiphenyl isomer. PCBs were first manufactured in 1929 for industrial use. Because of
their properties (e.g. high chemical and thermal stability, electrical resistance, low or no
flammability, high permittivity), PCBs have been used extensively as cooling liquids in
transformers, dielectric liquids in capacitors, lubricating fluids, sealing liquids, adhesives,
plasticisers, fire-resistant hydraulic fluids in mining equipment and vacuum pumps, fire-
proofing agents, inks and paints, etc. [23, 24].

China is the only developing country known to have manufactured PCBs for its own use.
The other countries known to have manufactured PCBs include Austria, Japan, Italy,
Czechoslovakia (now Czech Republic), France, Germany, Spain, United Kingdom, United
States and the Russian Federation. Breivik et al. [25] provided updated global production,
consumption and emission information for PCBs. Of the 1.324 million tonnes of PCBs
produced globally, only 0.6% was produced in developing countries [26]. It is estimated that
the total consumption of PCBs in non-OECD (Organization for Economic Co-operation and
Development) countries amounted to 11.2% (148 kt) of the global production of PCBs [25].
The global estimates suggest that the bulk of the PCBs was used in the northern hemisphere
between latitudes 40° and 60° N (Figure 5.1). Recent surveys of soil [27] have shown that
the latitudinal distribution of PCBs is similar to the production and use information given
above.
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Figure 5.1 PCB concentration in background soils across the globe, including the estimated
usage of PCB. (Reproduced with permission from Environmental Science and Technology,
Global Distribution and Budget of PCBs and HCB in Processes, by S. N. Meijer, W. A. Ockenden
etal., 37(4), 667-672. Copyright (2003) American Chemical Society)
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Many of the countries that formerly produced PCBs, except Russia, ceased production in
the 1970s; however, PCBs remain in the environment for decades, where they are available
for uptake and subsequent bioaccumulation in organisms. Before their ban PCBs had
entered the environment through point and diffuse sources, such as from landfill sites,
accidental spillages/releases during commercial use of electrical equipment and transform-
er and capacitor fires, incineration of PCB waste, etc. [24, 28, 29]. Leakage from old
equipment, building materials, stockpiles and landfill sites continue to supply the environ-
ment. In addition, some production has been reported for certain countries with economies
in transition [30, 31].

The use of PCBs in electrical transformers is the single largest source of PCBs in the vast
majority of developing countries. In Vietnam, for example, about 2700-3000 tonnes of oil
containing PCBs were imported from the former USSR, China and Romania [32]. Very little
is known about the exact quantities of PCBs in most developing countries since no
inventories exist for these compounds in most countries. Tentative estimates from South
America indicate that Brazil has 130 000 tonnes, Chile 700 tonnes, Peru 1000 tonnes and
Uruguay 81 tonnes of PCB-containing oils [21]. National inventories of PCBs are currently
being generated by most developing countries in fulfillment of their obligations in the
drafting of national implementation plans under the Stockholm Convention. One such
survey carried out in the Philippines found that significant quantities of PCBs were present
mainly in electrical equipments. The inventory revealed that 2089 tonnes of PCB oils were
present in electrical transformers, capacitors and circuit breakers [14]. It was also revealed
that there were approximately 498 tonnes of PCB oil in addition to a further 1903 tonnes
suspected of containing PCBs. This example illustrates the vast quantities of stockpiles of
POPs held by some developing countries, most of which lack the technical expertise to
dispose safely of these chemicals.

In developing countries, additional sources of PCBs may come from the illegal dumping
of toxic wastes containing these chemicals. In 1987, for example, an Italian company
shipped and dumped illegally 8000 drums of PCBs in a small town, Koko, in the Nigerian
Delta [33]. The dumping of hazardous waste in developing countries has been going on for
years and is often shrouded in secrecy on the part of both the exporter and destination
country in contravention of the Basel Convention [7, 22, 33-35].

Most developing countries are located in the tropical belt characterized by high
temperatures and heavy rainfall. These climatic conditions mean that chemicals released
in developing countries will volatilize and be transported to colder regions of the world
[24, 29, 36]. This means that developing countries may continue to act as potential
sources of POPs for many more years despite the bans on the use of these compounds
in industrialized countries. The decreases in global levels in POP contamination can
only be maintained if developing countries receive the help required to manage their
stockpiles.

5.2.1.3 Polychlorinated Dibenzo-p-dioxins and Polychlorinated Dibenzofurans

Dioxins and furans are planar tricyclic compounds that have very similar chemical
structures and properties. They may contain between 1 and 8 chlorine atoms; dioxins have
75 possible positional isomers and furans have 135 positional isomers. They are generally
highly insoluble in water, lipophilic and very persistent. Neither dioxins nor furans are
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produced commercially, and they have no known use. They are by-products resulting from
the production of other chemicals and may be present as impurities in the end-product or
released into the air [37-39]. Dioxins may be released into the environment through the
production of pesticides and other chlorinated substances. Both dioxins and furans are
related to a variety of incineration reactions, combustion and the synthesis and use of a
variety of chemical products. They have been detected in emissions from the incineration of
hospital waste, municipal waste, hazardous waste, car emissions and the incineration of
coal, peat and wood. Significant sources of dioxins/furans include smelting, cement kilns,
pulp and paper industries, electrical power generation, fuel burning (including diesel fuel
and fuel for agriculture and home heating) and tobacco smoke [37, 39, 40]. Of the 210
dioxins and furans, 17 contribute most significantly to the toxicity of complex mixtures.
Dioxins/furans are released into the environment mostly in air. The prevailing hypothesis is
that most exposure of humans to dioxins/furans is via diet, with atmospheric deposition
being the mechanism by which they enter the food chains and human diet [41-43].

Important sources of dioxins in the vast majority of developing countries are from waste
incineration [39, 44], domestic burning [39], forest clearance for agriculture by the slash
and burn technique [45, 46] and vehicular emissions due to weak emission control regula-
tions [37-39]. In China, India, some Middle Eastern countries and South America, some
municipal, industrial and hospital wastes are disposed of by incineration in small plants. This
and other traditional sources of dioxins are also important in these countries. An additional
source of dioxins in some developing countries is from the production and use of the sodium salt
of pentachlorophenol [47, 49]. Although banned in many developed countries, this pesticide is
used currently in China and possibly some African countries to control schistosomiasis [49] and
as a wood preservative for making sleepers for railways. High levels of dioxins have been
reported in areas where this pesticide was used, e.g. in China [50-52].

A legacy of the use of an estimated 600kg of the herbicide Agent Orange during the
conflict in Vietnam has been the contamination of soil, rivers, sediment and biota with
dioxins [53, 54]. Hot spots of contaminated soils in the Aluoi Valley and other former US
bases where the pesticides were stored have recently been identified [53]. These sites have
considerably higher dioxin levels compared with regions where dioxins were aerially
sprayed. These sites, if not cleaned up, will be a continued source of dioxins to the local
environment for the foreseeable future.

5.2.1.4 Hexachlorobenzene (HCB)

HCB was used as an agricultural fungicide up to the 1970s but its use is now believed to be
discontinued [55]. However, its continuing major source is as a contaminant in a range of
chlorinated products, including pesticides such as the fungicide pentachloronitrobenzene
(PCNB) and solvents, and in a wide variety of chemical manufacturing processes [55]. It is
also a common constituent of flue gases, possibly originating from the combustion of
chlorine-containing materials, as well as a product of incomplete combustion [55, 56]. HCB
has been predicted to have an atmospheric characteristic travel distance (CTD) of ~100 000
km [57] because of its volatility and persistence. Thus it is distributed uniformly in the
atmosphere. Bailey [56] assembled information from a variety of sources to give a picture of
global HCB emissions in the mid-1990s. He suggested that no single overwhelming source
dominated but, rather, emissions resulted from (largely past) pesticide applications,
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manufacturing and combustion. It was estimated that the current global emission of HCB
is 12-92 tonnes/year [56].

HCB has been detected in the environment in some studies carried out in developing
countries. Its major source is likely to be combustion processes, especially open combustion
of landfills containing chlorinated products.

5.2.1.5 Perfluorinated Compounds (see also Chapter 3)

Perfluorinated Compounds (PFCs) constitute another important class of chemicals that have
recently been identified in the environment. They are used in fire fighting applications,
herbicide and insecticide formulations, cosmetics, greases and lubricants, paints, polishes and
adhesives [58, 59]. Perfluorooctanesulfonate (PFOS) is considered to be the terminal
degradation product of many of the commercially used PFCs and is the predominant
perfluorinated acid found in most environments that have been studied. In addition to PFOS,
there are other commercially used PFCs that can occur in the environment, including
perfluorooctanoic acid (PFOA), perfluorooctane sulfonamide (PFOSA), perfluorohexane-
sulfonate (PFHS), perfluorobutanesulfonate (PFBS) and perfluorononanoic acid (PFNA) [60].
The global production of sulfonyl-based fluorochemicals in 2000 was estimated at 2.9 million
kg [61]. PFOS has been shown to be ubiquitous in the global environment, including
water [62], fish [61, 63], birds [64], and marine and terrestrial mammals [63]. Distribution
patterns are thought to be similar to those of “legacy”” POPs and, like “legacy” POPs, the levels
in remote locations are generally several times lower than those found in urbanized and
industrialized regions.

As is the case with most POP chemicals, most of the studies reported in the scientific
literature so far are from developed countries. The sources of PFOS in developing countries
are poorly understood and there are no inventories of quantities imported or used in these
countries. Releases of PFOS may be linked to its use in fire fighting applications, accidental
releases or disposal of items to which they were added during their manufacture, such as rugs,
carpets, fabrics, leather articles, paper packaging and photographic material. Landfilling of
PFOS-containing material will result in releases of PFOS into air, ground or surface waters.

5.2.1.6 Polychlorinated Naphthalenes (PCNs)

PCNs are a group of compounds with similar physical chemical properties to PCBs [65].
They contain one to eight chlorine atoms per naphthalene molecule and form a complex
mixture of 75 congeners. They were produced before PCBs but were replaced by the latter
compounds after incidents of worker-related toxicity [66]. Although the use of PCNs has
declined in the past few decades, they are not prohibited in most countries and still occur in
many PCB-like applications such as capacitor fluids, engine oil additives and electrical
insulators [67].

PCNs have also been found in incinerator and metal refining emissions, as contaminants
in PCB formulations [68, 69] and have also been detected in air [65, 66, 70]. Other sources of
PCNs to the atmosphere include chlor-alkali processes and thermal processes [71],
particularly emissions from municipal solid waste incinerators (MSWI) [72]. In developing
countries, sources of PCNs are likely to be incinerators. Jaward et al. [70] measured
significant levels of PCNs in air off the coast of West Africa and South Africa, indicating that
this class of compounds cannot be neglected in developing countries. It also indicates that
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there is definitely a need for monitoring in developing countries to determine typical levels
and sources.

Despite much lower production than PCBs, PCNs are now found to be widespread in the
environment, having been detected in biological samples from even remote regions of the
Arctic [73, 74]. Consumption of contaminated fish is considered to be an important route of
exposure of humans to PCNs. High concentrations of penta- and hexachloronaphthalenes in
human blood plasma have been correlated with fish consumption [75].

5.2.1.7 Polybrominated Diphenyl Ethers (PBDEs) (see also Chapter 2)

PBDEs are a class of chemicals widely used as flame retardants in a variety of applications.
They are ubiquitous in the environment and have been detected in various environmental
media including air [76, 77], water [78], biota [1, 79], soil [80], sediments [81, 82], house
dust [83, 84], cars [85], humans [86] and sewage sludge [87]. PBDEs are similar in molecular
structure to several well-known POPs such as PCBs and dioxins/furans. They have very
similar physicochemical properties and, like these compounds, PBDEs are of environmental
concern because of their high lipophilicity, persistence and resistance to degradation [88-90].

As PBDE concentrations have increased exponentially in very remote regions [91] and
because of their similarity to ‘legacy’ POPs in structure, bioaccumulative and toxicological
properties, concern over their use has grown in recent years [3, 92-94]. Levels of PBDEs
appear to be rising rapidly in human tissues, as evidenced by studies of human breast
milk [95-98]. Although PBDEs and other brominated flame retardants (BFRs) are not
included on the Stockholm list of compounds targeted for elimination, both the penta- and
the octa-mix PBDE formulations are being considered for inclusion (see Chapter 1).

The estimated global production of PBDEs, one of the most widely used BFRs, was
estimated to be 40 000 metric tones in 1990 [89, 99]. Israel is the only known developing
country where PBDEs are manufactured. PBDEs can enter the environment through
emissions from the manufacturing process, volatilization from products containing them,
through waste recycling and leaching from landfill and dumpsites. It is difficult to estimate
the quantities of PBDEs used or present in developing countries because the compounds are
imported primarily as additives in consumer products. Three different formulations of
PBDEs are available commercially: penta-, octa- and deca-PBDE. The penta-product is
added principally to polyurethane foams that are used in household furniture, and is also
used in carpet underlay and on bedding. The octa-product is used in hard casings of
computers, cell phones, electronic games, televisions and home appliances. The deca-
product is added to high-impact polystyrene for television sets, computers and other
electronic housings and circuit boards [89, 90, 99].

As is the case with “legacy” POPs, source inventories for environmental releases of
PBDE:s are not available. However, it is thought that the main source of PBDEs in the vast
majority of developing countries is from the recycling of electronic goods, the so-called
e-waste, which is increasingly becoming a profitable enterprise in developing countries,
particularly China, India, Pakistan, Vietnam and several African countries [7-10]. E-waste
refers to end-of-life electronic products including computers, printers, photocopying
machines, television sets, mobile phones and electrical cables [7, 10]. It is estimated that
50 million tonnes of e-wastes are produced annually in the world and are by far the fastest
growing waste streams in developed countries [100]. It is estimated that about 80% of all
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computer e-waste is being exported to Asia, with 90% of these exports ending up in China
for recycling. This is because of lower environmental and working standards in these
countries. The technologies adopted in these countries for recycling e-wastes are often
environmentally unfriendly, hazardous and primitive. It includes stripping of metals in
open-pit acid baths to recover gold and other metals; removing electronic components from
printed circuit boards by heating over a grill using honeycombed coal blocks as fuel;
chipping and melting plastics without proper ventilation; burning cables for recovering
metals and burning unwanted materials in open air; disposing of unsalvageable materials in
fields and riverbanks; and dismantling electronic equipment [7, 10]. Flame retardants in
these electronics can be released during the recycling process. Kemmlein, Haln and
Jann [101] measured emission rates of PBDEs from electronic devices and estimated that
PBDEs were emitted at a rate of between 0.2 and 6.6 ng/m? h at 60 °C with emission rates
increasing 500-fold at higher temperatures. Incineration of e-waste containing PBDEs is
also considered to contribute significant amounts of PBDEs and toxic dioxins into the
environment in developing countries. A recent study by Leung et al. [100] found extremely
high PBDE concentrations in soil from a former electronic recycling site in Southern China
(33000-97 400 ng/g dry weight (d.w.)), an acid leaching site (2720-4250 ng/g d.w.) and a
printer roller dump site (593-2890 ng/g d.w.), all of which illustrate the potential problems
of contamination associated with e-waste recycling. These concentrations at these sites are
4-8 times higher than those in soils from a polyurethane foam manufacturing site in the
United States, which uses penta-BDE as a flame retardant, whereas the concentrations in soil
at the printer roller site is reported to be 131 times higher than concentrations at the highest
background soil concentrations in the United Kingdom [100].

5.2.2 Municipal Landfill Sites as Potential Sources of POPs to the Environment

Solid waste management is a major challenge faced by developing countries. In the absence
of advanced solid waste management technologies, municipal waste is often dumped in the
open at landfill sites, often within close proximity to residential areas. These dumpsites are
increasingly being recognized as potential sources of toxic chemicals including dioxins,
PBDEs, PCBs, and in some cases pesticides and PCNs. Uncontrolled combustion of solid
waste particularly of cables and other electronic equipments, is a crude method used by
people scavenging at these sites to recover metals. Low-level combustion of waste at these
sites is favorable to the formation of dioxins and related compounds.

A recent soil survey from dumpsites and background sites from Cambodia, India,
Vietnam and the Philippines showed that residue levels of dioxins/furans and co-planer
PCBs in dumpsite soils were significantly higher than background soils, suggesting that
dumpsites are potential sources of these compounds [102, 103]. Mean concentrations of
dioxins/furans and co-planar PCBs were highest in the Philippines, followed by soils from
Vietnam, Cambodia and India (see Table 5.1). The concentrations in soil samples from the
Philippines are even higher than values that have been reported in the literature for dioxin
contaminated sites around the world [102]. While these landfill sites act as emission sources
for dioxins/furans and related compounds, they might also be a potentially important
reservoir of other POPs and heavy metals.

Since these landfill sites are usually located near human habitats, the local populations,
particularly those scavenging through the garbage for ‘valuables’, are potentially exposed to
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Table 5.1 Comparison of concentrations of POPs (ng/g d.w.) in soils from municipal dumpsites
and background sites from some developing countries. (After Minh et al. [102])

Country Year XPCDD/F  Co-planar DDT? HCHs CHLs HCB
Ds Bs PCBs DS BS DS BS DS BS DS BS
DS BS

Philippines 1999 61  0.057 41.5 7.6
Cambodia 1999 30 0.13 7.6 0.011

India 2000 7.4 0.033 6.6 0.028 24 0.08 30 0.06 6.4 0.06 0.2 <0.02
Hanoi, 2000 6.1 0.37 2.6 0.13 21 6 0.75 0.35 0.3 <0.03 0.5 0.07
Vietnam

Hochiminh, 2002 0.37 0.19 0.91 0.16 23 5.5 0.56 0.54 1.2 0.2 0.12 0.15
Vietnam

“Data from Minh et al. (Conference paper).
DS = dumpsite, BS =background site.

high concentrations of toxic chemicals, with serious health implications. Concentrations of
dioxins/furans have indeed been shown to be significantly higher in hair samples of people
scavenging at a dumpsite in Egypt [44]. Recently, a series of studies by Kunisue and
coworkers [103-105] have shown elevated levels of dioxins/furans, PCBs and OC pesti-
cides, such as DDT, HCHs, CHLs and HCB, in human breast milk from residents around
landfill sites in India, Cambodia, Vietnam, Malaysia, China, Philippines and Indonesia.
Another study of milk from cows and buffaloes indicated a similar pattern, with significantly
higher concentrations of dioxins/furans and related POPs in animals grazing on and close to
the dumpsites compared to those from remote locations [103—-105]. The wider implication
of these studies is that landfill sites in developing countries may continue to act as sources of
POPs (especially chemicals like flame retardants contained in electronic wastes now
shipped to developing countries) to the global environment.

5.2.3 Dumping of Toxic Wastes as a Source of POPs in Developing Countries

The practice of illegal shipment and dumping of hazardous wastes to developing countries
has gone on for several decades now [22, 33—35]. Uncontrolled dumping of toxic wastes in
developing countries can be traced back to the early 1970s [35]. By using developing
countries as disposal sites, industrialized countries minimize the costs of disposing or
recycling these by-products. The illegal dumping of 8000 drums of PCB-containing waste
in a small town in the Niger Delta in Nigeria by an Italian company in 1987 is a classic
example of the unique contamination problem faced by poor African and other developing
countries around the world in dealing with environmental contamination of POPs [33].
Improper waste disposal can result in the release of hazardous chemicals into the environ-
ment. Chemicals such as PCBs can seep from waste sites into soil and water.

As discussed previously, industrialized countries are increasingly shipping electronic
items nearing the end of their useful life under the guise of ‘bridging the digital divide’
[7-10]. Most of the growth of the IT industry in Africa and Eastern Europe is fuelled by the
importation of ‘hand-me-down’ used equipment from rich, developed countries. Develop-
ing countries have now become dumping sites of tonnes of used computers, fax machines,
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cell phones and other electronic items. It is reported that over 75% of the electronics shipped
to developing countries is ‘junk’ which will end up at landfill sites or being burnt. As
discussed in the previous section on electronic waste, brominated flame retardants and other
toxic chemicals are present in electronic equipment, which will be released and contaminate
the environment or groundwater from either landfill sites or during their recycling.

5.3 Levels of POPs in Developing Countries

A wide range of biotic and abiotic matrices have been used to measure the concentrations of
POPs in the environment. These include air, sediment, water, soils, human tissue (blood,
adipose tissue), fish, birds, eggs, plants and food. There is a huge amount of data on levels of
‘legacy’ POPs, in particular, in different regions of the world. A detailed compilation of data
on POPs has been undertaken recently by UNEP chemicals [21] and released as a global
report (http://www.chem.unep.ch/pts). The report showed clearly that the southern hemi-
sphere is underrepresented in terms of information and that huge data gaps exist for most
POPs in developing countries. Other excellent reviews have been carried out on levels of
‘legacy’ and ‘emerging’ POPs, particularly in the Asia Pacific region [5, 6, 14, 106—109] and
Latin America [15] but also for Egypt [13]. Most of the high-quality data that exists for
developing countries is based on work carried out in Asia and South America with only a few
studies in the Middle East and Africa. The data in most developing countries are often
patchy since most of the studies are one-off exercises. Most of these studies are from
individual studies and in most cases data on POPs in some developing countries are not
published in the scientific literature. Long-term monitoring data from which to interpret
trends in the environment is often unavailable for most developing countries. This can be
blamed partially on financial constraints as well as a lack of trained scientists and advanced
analytical facilities needed for the analysis of POPs. The comparison of data that is reported
in the literature from developing countries poses challenges due to differences in analytical
methodologies used in the studies and reporting protocols. For example, PCBs are reported
as Aroclor equivalents in some studies whereas recent studies quantify individual con-
geners. Advances in analytical methods also make data comparisons extremely difficult
between different studies. Another problem relates to differences in reporting protocols in
various studies in the literature. For example, the concentration of POPs in biota is reported
on a wet weight, dry weight or lipid weight basis; concentrations are also often reported for
whole organisms or for specific organs, and there are also differences in processing the
samples for analyses. These differences often mean that data reported in the literature cannot
be used easily to compare levels on a regional basis. The ideal approach to understanding
spatial distributions of POPs is having a network on a regional or global basis where samples
are collected and analyzed using the same protocols, either in the same laboratory or in
several laboratories, using similar analytical methods following interlaboratory compar-
isons. There are a few large-scale studies in the developing world that were carried out in the
same laboratory using the same sampling and analytical protocols. Examples of such good
practice include the work of Pozo et al. [110] and Iwata et al. [111, 112] on air, that by
Kalantzi on butter [113], the ‘Mussel Watch’ programs [114—116] and soil [27], among
others. A selection of studies will be discussed in the following section to highlight the
differences in the concentrations of POPs in different developing countries and to relate
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these differences with known factors that control concentrations such as sources, emission
characteristics, and the fate and transportation of these chemicals. Several environmental
matrices have been recommended as being suitable for assessing the global distribution of
POPs. These include air, bivalves and other biota, and human milk.

5.3.1 Air

Because air responds rapidly to changes in primary emissions of POPs, it has been suggested
as a very useful matrix for regional and global monitoring studies. The most comprehensive
analysis to date on the global distribution of organochlorine pesticides and PBDE:s is the
Global Atmospheric Passive Samplers (GAPS) study [110]. The GAPS study used
polyurethane foam disks to passively sample air in 47 countries on seven continents,
covering parts of the world where no reliable data existed. In general, the findings from this
study showed levels consistent with usage patterns around the globe.

The highest concentrations of hexachlorocyclohexane (HCH) in the GAPS study were
measured in developing countries where they were heavily used. Concentrations of a-HCH,
the main component of technical HCH used as a pesticide in the past, were highest in South
Africa (117 pg/m®) and Harbin and Chengdu in China (132 pg/m® and 145 pg/m?, respec-
tively) (Figure 5.2(a)). The y-isomer (lindane), which replaced the technical HCH, was
highest in Africa and Asia, with the highest recorded concentrations encountered in
Chengdu, China (68 pg/m3), and De Aar, South Africa (67 pg/m3) (Figure 5.2(b)). The
distribution of endosulfan, a current-use pesticide, also showed higher concentrations in
developing countries (Figure 5.2(c)), primarily in Africa and South America. Very high
concentrations were encountered in Bahia Blanca, Argentina and Las Palmas on the Canary
Islands. The distribution of chordanes also shows that the levels in developing countries,
particularly in the Philippines (338 pg/m’), were higher than in most industrialized
countries (Figure 5.2(d)). The distribution of heptachlor and heptachlor epoxide also
showed elevated levels in developing countries, particularly in Bahia Blanca (Argentina),
Costa Rica and the Philippines. A similar distribution pattern was observed for dieldrin and
DDT. p,p’-DDT, the dominant component of DDT, was detected at three sites, with the
highest concentration (190 pg/m®) measured in Manila, in the Philippines. In general, the
distribution of pesticides in the GAPS study reflected their use in agriculture and for pest/
vector control, as exhibited clearly by the distribution pattern of endosulfan.

These results are in agreement with a regional study carried out recently in Mexico using a
combination of passive samplers and high-volume samplers in a network of 14 sites [117].
DDTs ranged from 15 pg/m” to 2360 pg/m?, with levels higher in southern Mexico, where
DDTs were most heavily used in agriculture and for public health reasons. Similarly, the
most elevated concentrations of endosulfan in air (26765 pg/m®) were found in an
agricultural area in north-west Mexico, near Mazatlan. The highest levels of toxaphene
were found in Baja California, Mazatlan and Chiapas in Mexico, precisely the areas where
this pesticide was used most heavily in agriculture in the recent past.

Profiles of toxaphene congeners indicated that the toxaphene in air in Mexico was mainly
from soil emissions due to past usage. Similarly, a study carried out by Shen et al. [118]
using passive samplers in a 40-site network in North America (including Mexico, Belize and
Costa Rica) indicated higher levels of OC pesticides in areas of ongoing or past usage.
Batterman et al. [119] recently reported on air concentrations of organochlorine pesticides
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Figure 5.2 Air concentrations (pg/m’) of a-HCH (hexachlorocyclohexane), y-HCH, endo-
sulfans (sum of endo |, endo Il and endosulfan sulfate) and chlordanes (sum of trans-chlordane,
cis-chlordane, and trans-nonachlor) between December 2004 and March 2005 at GAPS sites
around the world. (Reproduced with permission from Environmental Science and Technology,
Toward a Global Network for Persistent Organic Pollutants in Air: Results from the GAPS Study,
by Karia Pozo, Tom Harner et al., 40(16), 4867-4873. Copyright (2006) American Chemical
Society)

around Durban, South Africa. Average concentrations in pg/m> were: EDDTs ~78, lindane
133, a-HCH 1.60, HCB 4.50, Zchlordanes 25.3, Ztoxaphenes 12 and aldrin 10.1.

PCB concentrations shown in Figure 5.3 show that PCB levels were generally higher in
developed countries except for samples collected in Manila and South Africa. The highest
concentration (2800 pg/m®) in this survey was surprisingly from the Manila site. This may
be due to the site being an urban site reflecting emissions from the city. Using a different
method of sampling (high volume air sampling), Iwata et al. in 1994 [111] reported a wide
variation in the levels of PCBs in oceanic air between different locations in tropical
Southeast Asia (74-4600 pg/m?), although levels comparable to the GAPS study were
observed over the whole region. The regional study carried out in Mexico also indicated low
levels of PCBs, even in urban areas, in agreement with the GAPS study [117].

The spatial distribution of ZPBDEs in the GAPS campaign described above appears to
reflect patterns of usage (Figure 5.3) [110]. The levels were generally higher in North
American samples. The second highest concentrations of PBDEs (17 pg/m*) was measured
at a site in Kuwait. There are no known sources of PBDEs in Kuwait besides their presence
in consumer products. However, PBDEs are manufactured in Israel by the Dead Sea
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Figure 5.3 Air concentrations (pg/m’) of (a) PCBs and (b) PBDFs between December 2004
and March 2005 at GAPS sites. (Reproduced with permission from Environmental Science and
Technology, Toward a Global Network for Persistent Organic Pollutants in Air: Results from the
GAPS Study, by Karia Pozo, Tom Harner etal., 40(16), 4867-4873. Copyright (2006) American
Chemical Society)

Bromine Company and releases that occur during the production of these chemicals may
influence levels in the region. Relatively high concentrations were measured in the southern
part of Africa, South America and China. These may reflect releases from e-waste recycling
activities that are carried out in developing countries.

5.3.2 Butter

Butter has also been used effectively as a matrix for studying the distribution of POPs on a
global scale. Butter offers an ‘indirect’ method of determining atmospheric concentrations
of POPs in various parts of the world. The most significant attempt at a comparative
assessment of levels of POPs on a global scale using butter as a matrix comes from the work
of Kalantzi et al. [113]. Samples of butter were collected simultaneously from various parts
of the world, including several developing countries, and analyzed by a standardized
procedure in the same laboratory for organochlorine pesticides and PCBs. The concentra-
tions for developing countries reported in the study (Table 5.2) reflect usage patterns around
the globe. The highest concentration of DDT and HCHs from developing countries were in

Table 5.2 Clobal comparison of POPs concentrations (ng/g l.w. (lipid weight)) in butter from
developing countries. (After Kalantzi et al. [113])

Country PCBs DDTs HCHs HCB
Brazil 1.06 4.25 2.33 0.52
India 4.51 248.88 222.76 0.63
Israel 3.57 20.89 3.59 1

Mexico 1.18 101.22 2.86 1.11
Philippines 0.52 71.29 0.91 0.92
South Africa 4.16 4.02 2.48 0.72
Thailand 1.21 3.95 2.49 0.83
Tunisia 11.81 7.8 6.41 2.34
UK 3.37 2.39 3.86 2.12

USA 2.25 23.61 1.33 0.9
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samples collected from India followed by Mexico. Samples from the southern hemisphere
contained consistently the lowest concentrations of PCBs, in line with observations from
surface soils [27].

5.3.3 Sediments

Because of their hydrophobic nature, upon reaching aquatic environments, POPs are very
quickly sequestered by organic-rich particles and delivered to the bottom sediments where
they are ultimately buried. Sediments tend to integrate contaminants over long periods
of time and are often the best matrix for assessing spatial and temporal concentrations
of hydrophobic organic contaminants. Sediments are thought to act as the ultimate ‘sink’ of
POPs, and sediment samples have been analyzed extensively in developing countries to
understand historical and recent levels of pollution, especially along coastal areas affected
by industrial developments. In Mexico, for example, several studies have documented OC
pesticides and PAHs in sediments collected in primarily coastal lagoons [120]. Concentra-
tions of OC pesticides in several developing countries are summarized in Table 5.3.
Published studies [106, 121-124] were selected to highlight differences between various
developing countries. It is evident that clear differences exist in levels in various countries,
which appear to reflect usage patterns in these countries/regions.

The Regional Organization for the Protection of the Marine Environment (ROPME)
carries out periodic sediment surveys in the Arabian Gulf. The results from these surveys
show that distribution of OC pesticides was generally ‘patchy’ with hot spots of contami-
nation. The highest concentrations in Arabian Gulf sediments were encountered in the Shatt
Al-Arab River, which drains a heavily agricultural region in Southern Iraq. The concentra-
tions of PCBs are generally less than 10ng/g in sediments from the Arabian Gulf. The
exceptions are patches of coastal sediments opposite marinas, harbours and industrial
estates where concentrations range from 100 to 150 ng/g [126, 127].

5.3.4 Soils

Soils, particularly those with high organic carbon content like peat, are natural sinks for
POPs. Compounds are delivered to soil from wet and dry atmospheric deposition, accidental
spills, sewage sludge application to land and direct pesticide applications. Soil-bound POPs
can be taken up by crops and by grazing animals and hence reach the human food chain.
They may also be washed in run-off from the land into watercourses. In tropical and
subtropical regions characterized by heavy rainfall, soil erosion can be severe and eroded
soils may therefore cause significant pollution of waterways in tropical countries. The levels
of POPs in ‘background’ soils, which receive chemicals solely from atmospheric deposi-
tion, vary depending on soil type and organic carbon content. Within a given geographical
region, POP concentrations in ‘background’ soils have been shown to be higher in forested
soils compared to those in grasslands.

The concentrations of POPs in soils in developing countries vary depending on the
proximity to sources or history of pesticide use in the region. A comparative assessment of
the concentrations of POPs in soils from developing countries is given in Table 5.4. A
selection of published studies [106, 122, 128-135] from different developing countries were
used to highlight differences brought about due to usage patterns in various countries.



Table 5.3 Comparison of concentrations (ng/g d.w.) of various POPs in sediments from various water bodies in developing countries

Country Year DDTs HCHs CHLs PCBs HCB Aldrin Endrin Dieldrin  References
Iraq 1985 2000-7000 35000-50000 8000-40000 [125]
Kuwait 1998  5.0-1400 82-115 1.2-98  15-3500 <d.l.-220 <d.l.-93 <d.l.-110 [148]
Saudi Arabia 1998 0.7-91 0.44-5.6 0.008-0.19 3.5-28 4.8-53 1-6.7 [148]
Iran 1997 2400-3400 51-230 0.62-0.65 210-810 14-59 23 56-59 [148]
Vietnam 1990 2.1-790 6.0-12 440-630 [122]
Ghana 2000 0.46 3.2 0.9 [123]
Honduras 1995-7 <d.l. 33 (a-HCH)  <d.l. <d.l 3 [135]
Vietnam 2002 144-370
Vietnam 2003-4 0.01-110 0.004-1.9 0.039-9.2 <0.006— [106]
0.080
[124]

Singapore 2003 2.2-11.9 3.3-46.2 1.4-18.7 1.4-329.6
Korea 1997  0.2-80.2 <d.l-1.3  <dl-1.7 1.2-41.4

d.l. = detection limit.
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Table 5.4 Comparison of concentrations (ng/g d.w.) of various POPs in soils from various developing countries

Country Year Soil type DDTs HCHs CHLs PCBs Endosulfans References
Philippines 1994 Agricultural 1.2-200 0.1-5.2 <1 [128]
Philippines 1994 Dumpsite 50-1100 10-190 30-200 [128]
Indonesia 2003 Urban 25 29 [131]
India 2000 Dumpsite 24 30 180 [102]
India 2000 Rural 0.079 0.048 0.052 [102]
China 2000 Agricultural 68 16 [138]
Cambodia 2000 Dumpsite 350 1.7 140 [102]
Cambodia 2000 Rural 1.1 0.01 0.85 [102]
Vietnam 2000 Rural 35 2.1 12 [139]
Egypt 1996 Urban 1.4 2.3 [129]
Argentina 1996 Agricultural 30 21 [130]
Honduras 1995-7 Agricultural ~200->2000 70-110 [135]
Costa Rica 2004 Background ~1.5 ~0.14 <0.05 [133]
Ethiopia 2003-4 Agricultural ~60-~230 Nd-~9.4 ~7.6—>1300 [134]
Nepal 2004 Variety [132]
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Recently, a survey has been carried out on the levels of DDTs and HCHs in differently
cultivated and noncultivated soils from the Pearl River Delta (China) in 2000 [136]. The
concentrations of DDTs ranged from 15 to 125 ng/g, while HCHs ranged from 2 to 30 ng/g
in agricultural soils. In nonagricultural soils, mean DDT and HCH concentrations were
6.7ng/g and 8.2 ng/g respectively. The highest DDT concentrations were measured on
paddy fields used for rice cultivation. High concentrations of HCHs were detected in
vegetable, banana, sugarcane and fruit plantation soils, as well as fish-pond causeway soils,
suggesting its former use in agriculture or for the purposes of maintaining fish health.

A survey of soils from 224 sites in India used for the cultivation of cotton, wheat, rice and
vegetables had DDT concentrations ranging from 5 to 49 ng/g [137]. In Cuba, DDT levels
reported in soil samples from rice-producing fields ranged from 60 to 350 ng/g, whereas
total insecticide concentrations (DDTs, heptachlor, lindane and metoxychlor) ranged from
10 to 840ng/g. Very high concentrations of HCHs were reported in soil samples from
Kazakhstan, ranging from 1000 to 1900 ng/g [21].

Soil samples from paddy fields, uplands and urban areas (gardens and roadsides)
collected from Vietnam, Thailand and Taiwan show high levels of DDTs, HCHs and
PCBs [122, 139, 140]. The DDT levels in soil samples from Vietnam were found to be
highest, with a mean value of 110 ng/g, while the Taiwanese soils averaged 20 ng/g. HCH
concentrations averaged 4.8 ng/g and 1.2 ng/g in Vietnamese and Taiwanese soils, respec-
tively. Concentrations of PCBs were extremely high and averaged 95 ng/g in Taiwanese soil
samples. Interestingly, relatively high concentrations of PCBs in rural cultivated-soil
samples from Vietnam were measured (mean of 25 ng/g), probably suggesting PCB release
from different kinds of weapons used during the Second Indochina War. Thailand recorded
the lowest concentrations of these compounds [140]. A detailed study by Iwata et al.
recorded high levels of HCB, HCHs, DDTs, PCBs and chlordanes in soils from the Lake
Baikal region in Russia [141].

A recent study in southern Mexico [117] indicated that the POPs present in highest levels
in soils were DDTs and toxaphene. XDDTs in soils ranged from 0.057 to 360 ng/g while
toxaphene ranged from 0.066 to 69 ng/g.

5.3.5 Bivalves

Bivalves have been used extensively to monitor POPs in coastal marine ecosystems. Their
restricted mobility and contact with substrate, resistance to stress, tolerance to a wide range
of salinities and ability to accumulate a wide variety of contaminants makes them useful as
monitors of local pollution [142]. Because they are sessile, the concentrations of POPs in
their tissues, obtained through respiration and diet, should reflect the state of pollution
within their immediate vicinity. They can, therefore, serve to identify point sources of
pollutant inputs into coastal marine environments. The ‘Mussel Watch’ programmes, which
examine the levels of POP compounds in bivalves around the world, offer another way of
comparing data from different regions of the world as well as a way of investigating
temporal trends in changes in POP contamination over the long term. There are ‘Mussel
Watch’ monitoring programmes that have been on-going in Asia and South American
countries for some time now [114—116]. The International Mussel Watch (IMW) Program,
for example, was carried out at the behest of the United Nations Educational, Scientific and
Cultural Organization (UNESCO), the Intergovernmental Oceanographic Commission and
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the United Nations Environment Programme (UNEP), the Ocean and Coastal Areas
Program, to assess the extent of chemical contamination, primarily in the equatorial and
subequatorial areas of the southern hemisphere, with particular attention to coastal areas of
developing countries.

A total of 76 sites were sampled in South America, Central America, the Caribbean and
Mexico. Selection of sites included locations near known or suspected contamination
sources in addition to noncontaminated sites. Analyses showed that concentrations of OC
pesticides were not elevated for most of the stations and were similar to the range of
concentrations found in the United States. Several stations near urban or agricultural areas in
this region show elevated concentrations of one or more OC pesticides. Individual PCB
concentrations were generally lower for the Latin America data set in comparison to the
NOAA Mussel Watch data set for the US coast. PAH concentrations in the sample set were
generally within the range of PAH concentrations found in the NOAA Mussel data set but
with several locations exhibiting elevated concentrations (document available at http://
ccma.nos.noaa.gov/stressors/pollution/assessments/as_intl_mw_study.html).

Monirith et al. [115] summarized results of surveys of mussels carried out between 1994
and 2001 from coastal waters of Cambodia, China, Hong Kong, India, Indonesia, Korea,
Malaysia, Philippines, Singapore and Vietnam for OC pesticides and PCBs. The results are
shown in Tables 5.5 and 5.6, together with studies from selected peer-reviewed literature
[14, 107, 114, 115, 143-152] from other countries for comparison. The levels found in
bivalves from various regions of the developing world reflect continued usage of these
compounds for public health reasons and in pest control. For example, DDT levels are
highest in mussel samples from the coastal waters of South China, Hong Kong and Vietnam.
The composition of DDT in the samples from Asian countries showed a dominance of p,p’-
DDT, suggesting the presence of current emission sources of DDT in Asian countries despite
a ban on their continued usage in 1983. On the other hand, the highest concentrations of
HCHs are for mussels from India, the world’s largest consumer of technical HCHs [12, 17].
The agricultural use of technical HCH is banned in India but with exemptions allowed on
public health grounds [153]. The highest concentrations of PCBs were found in samples
from the Philippines and Vietnam, consistent with the presence of large stockpiles of these
compounds present in electrical transformers, capacitors and circuit breakers, as revealed by
recent surveys conducted in these countries during the drafting of national implementation
plans under the Stockholm Convention. The concentrations of CHLs were higher in mussels
from coastal waters from China, Hong Kong, Malaysia, Singapore and the Philippines,
which are linked to their use in the fishing industry. The only country with elevated levels of
HCB in mussel samples is China.

The levels are similar to samples from most other developing countries. In general, the
distribution patterns of POPs in mussels from developing countries appear to mirror their
usage patterns in these countries.

5.3.6 Breast Milk

Humans are exposed to pollutants via inhalation, dermal uptake and dietary and nondietary
ingestion. In fact, human exposure begins from the womb and continues until death. Since
POPs are lipophilic contaminants, they tend to accumulate in large quantities in lipid rich
tissues. Their accumulation in human milk has received considerable attention because of



Table 5.5 Comparison of PCBs and organochlorine pesticides (ng/g wet weight) in bivalve molluscs

Location Year Species PCBs DDTs CHLs HCHs HCB Reference
Guanabara Bay, 1986-1993  Mytilus edulis 34 [114]
Brazil
Guanabara Bay, 1996 Perna veridis 1.1-10 0.1-0.9 <0.01-0.7 [143]
Brazil
Cambodia 1998 Perna veridis <0.50-5.1 0.1-0.2 <0.01 <0.01 <0.01-0.03 [154]
China 1999-2001 Perna veridis 0.3-3.1 58-630 1.0-10 0.10-0.60 <0.01-0.50 [154]
China 1999 Perna veridis 151-200 [145]
China 1994-1995 Perna veridis 0.52-10 240-310 0.70-5.4 [151]
India 1998 Perna veridis 0.2-11 0.6-15 <0.01-3.3 0.2-7.7 <0.01-0.3 [154]
India 1994-1995 Perna veridis 0.31-15 0.9-40 <0.01-2.0 1.5-12 <0.01-0.4 [147]
India 1998-1999 Perna veridis 0.7-7.1 3.0-40 4.3-16 [144]
Indonesia 1998 Perna veridis 0.1-2.7 0.1-3.1 <0.01-0.3 <0.01-0.1 <0.01-0.03 [154]
Isla de Aserradores, 1986-1993  Mytilus edulis 32 2 [114]
Nicaragua
Ma|aysia 1998 Perna veridis <0.05-5.1 0.06-0.8 0.1-9.6 <0.01-0.20 <0.01-0.60 [154]
Puerto Madero, 1986-1993  Mytilus edulis 21 [114]
Mexico
Tampico, Mexico 1986-1993  Mytilus edulis 18 2 [114]
Phi|ippines 1998 Perna veridis 0.4-14 0.07-0.8 0.10-2.8 <0.01-0.05 <0.01 [154]
Philippines 1994-1997 Perna veridis 0.7-36 0.2-4.2 0.15-9.5 <0.01-0.20 <0.01-0.04 [14]
Thailand 1994-1995 Perna veridis <0.01-20 1.2-38 0.25-6.0 <0.01-0.33 <0.01-0.12 [146]
Vietnam 1997 Perna veridis 0.2-3.4 2.4-310 0.10-1.4 0.04-0.11 <0.01-0.03 [154]
Kuwait 1998 Circentia callipyga 0.05-3.8 3.1 0.29 0.13 [152]
Saudi Arabia 1998 Meretrix meretrix 0.18-0.71 1.3 0.003-0.27 0.005-0.009 [152]
Iran 1997 Saccostrea cucullata 3.8 2.7 0.05 0.59 [152]
Bahrain 1984 Pinctada margaritifera  1.7-10.5  0.1-0.67 <d.l.-0.07  0.03-0.04 [150]
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Table 5.6 Mean (and range) of concentrations (ng/g lipid weight) of organochlorine contaminants in mussels

Country Year PCBs CHLs DDTs HCHs HCB Reference
Japan 1994 3000 (510-12000 550 (150-1800) 600 (70-2900) 28 (13-50) 8.2 (<0.60-29) [115]
Hong Kong 1998 307 (40-710) 240 (18-750) 7700 (640-61 000) 18 (2.1-30) <1.0 (<1.5) [115]
South Korea 1998 170 (30-340) 25 (3.7-40) 150 (14-360) 14 (1.9-80) 2.3 (<0.4-7.3) [115]
Malaysia 1997-1998 56 (<4.2-250) 140 (17-630) 90 (16-270) 3.9 (<0.8-12) 0.9 (<0.5-3.3) [115]
Thailand 1994-1995 170 (5.0-1100) 80 (10-510) 380 (48-3300) 9.0 (0.16-27) 3.3 (<0.5-8.0) [147]
Philippines 1994/1998 660 (22-2100) 120 (5.1-460) 69 (4.0-200) 4.5 (0.5-10) 0.8 (<0.4-2.0) [14,115]
China 1999-2001 120 (15-540) 190 (10-870) 17000 (830-54 000) 44 (11-110) 56 (<0.9-540) [115]
Indonesia 1998 87 (5.6-210) 19 (8.3-45) 70 (6.5-160) 2.7 (<0.6-5.3) 0.8 (<0.5-1.5) [115]
India 1994-1997/1998 202 (7.9-650) 38 (0.2-160) 430 (29-3000) 205 (20-590) 4.4 (<0.4-63) [115, 146]
Vietnam 1997 160 (21-450) 35 (7.0-160) 4400 (220-34 000) 5.7 (3.0-11) 0.93 (<0.5-3.5) [115]
Cambodia 1998 33(<1.4-220) <0.3 (<0.4-<1.1) 23 (16-42) <0.3 (<0.8-<1.2) 1.2 (<0.4-2.6) [115]

plHop Suidojarsg ayy ur spueInjjo4 d1ueSI() 1UBISISISY

Ay



158  Persistent Organic Pollutants

their transfer to babies at a vulnerable stage of their development. A considerable number of
studies have been conducted around the world to determine the exposure of children to POPs
in their early development. Among human tissues, breast milk is the most convenient matrix
for measuring residue levels of hydrophobic contaminants. In their guidance document on
the monitoring of POPs, UNEP recommended the use of breast milk for assessing levels of
environmental pollution by lipophilic substances in different areas within and between
countries. However, the data that exist currently in the literature for breast milk should be
interpreted with caution since the sampling and analytical procedures often vary between
different laboratories. In addition, the levels of POPs in breast milk is also dependent on the
age and parity of the mother, sampling period and dietary habits, and these factors make
comparison even more complicated.

The most reliable study of POPs in breast milk samples from developing countries comes
from work carried out by Kunisue and colleagues [103-105, 155-157]. Here, samples were
collected from across Asia and analyzed within the same laboratory using the same
analytical procedures. Their studies revealed that relatively high concentrations of DDT,
for example, were found in mothers from Vietnam, China, Cambodia and Malaysia, more
than from other countries included in their studies. To compare levels in Asia with other
developing countries, selected data from other published studies [103—-105, 155-164] from
the literature have been compiled in Table 5.7. Other countries with elevated levels of DDT
in breast milk, as shown in Table 5.7, are Zimbabwe, Mexico and Pakistan, all countries with
a history of widespread usage of DDT in malaria vector and pest control.

The levels of HCHs were also found to be higher in Chinese and Indian breast milk samples
than in mothers from other developing countries in Asia. The relative concentrations of these

Table 5.7 Global comparison of POPs concentrations (ng/g l.w.) in breast milk from
developing countries

Country Year of survey  PCBs DDTs HCHs CHLs HCB  References
China 2002 42 2100 1400 16 81 [105]
Philippines 2000 72 190 4.7 15 <0.56 [105]
Vietnam 2000 74 2100 58 2 3.9 [155]
Cambodia 1999-2000 20 1800 5.6 1.6 1.6 [105]
Malaysia 2003 80 1600 230 23 11 [108]
Indonesia 2001 33 640 14 2 2.2 [108]
India 2000 30 430 640 0.91 1 [104]
Turkey 1995-1996 2400 480 50 [161]
Iran 1991 2000 600 61 [161]
Brazil 1992 150 1700 280 12 [158]
Mexico 1997-1998 4700 60 30 [163]
Kenya 1991 470 96 [160]
Kazakhstan 1994 380 2300 2300 91 [164]
Kuwait 1999 128-3606 <d.l.-20 [159]
Ghana 2000 490 40 [123]
Jordan 1993-1997 1510 710 290 [21]
Guatemala 2001 3-557 [21]
Panama 1987 10.0-4300 [21]
Zimbabwe 1989 6000 910 [21]
Pakistan 760-5230 93-3430 [21]
Saudi Arabia 247 0-440 [21]
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two chemicals in breast milk samples appear to reflect their usage patterns across Asia.
Extremely high values have also been reported in samples from Pakistan and Kazakhstan.
The concentration and pattern of these compounds in breast milk from Asia suggests
continued usage of these OC pesticides in developing countries across Asia. This suggests
that these countries may continue to serve as sources of these chemicals to the global
environment.

There is limited information of levels of PCBs, HCB and CHLs in developing countries in
the literature. The available information indicates that levels in breast milk may be linked to
the degree of urbanization and industrialization from which samples are collected.

A recent survey was conducted of dioxins and related compounds in breast milk from
mothers living close to municipal dumpsites in India, Cambodia, Vietnam, Philippines,
Malaysia, Indonesia, and China to investigate the influence of uncontrolled combustion of
garbage that occurs at these sites on human exposure [103, 104]. The levels of dioxins in
samples from India were significantly higher than in all other samples from other countries.
In addition, the differences between levels from dumpsites and reference sites were greater
for the Indian samples relative to those from Cambodia and Vietnam, suggesting that the
Indian residents were exposed to higher levels than mothers from other developing
countries. The differences in exposure between Indian mothers and those from other
countries were due to dietary intake from milk of buffaloes that were reared close to the
dumpsites.

5.4 Problems Related to POPs in Developing Countries

Developing countries face some of the same problems with POPs as developed countries.
However, there are other problems that are unique to developing countries. The United
Nations has identified some of the problems facing developing countries with regards to
POPs [165]. Problems can generally be divided into three sections: those of a technical and
economic nature, those of a legal nature and those of an educational nature.

5.4.1 Economic and Technical Problems

Inevitably, a country’s economic conditions will determine its technical capacity since
finances are needed to build and maintain a technical infrastructure. Thus, these two types of
problems faced by developing countries are linked. In most developing countries there
exists alack of financial resources to build and maintain adequate laboratories, purchase and
maintain sophisticated scientific equipments and train scientific personnel. Most developing
countries thus lack the scientific/analytical capabilities needed to generate the comprehen-
sive scientific data necessary to develop proper regulatory policies with respect to POPs. In
order to develop sound policies developing countries must carry out detailed, long-term and
wide-ranging studies regarding POPs, including monitoring of the environment, human and
ecosystem health, and products (including food products). They must also produce accurate
inventories of POPs. Generation of such scientific/technical data is costly, and unfortunately
developing countries often lack the economic resources to do so.

In addition, in developing countries there is often a scarcity of personnel trained to
manage any existing technical infrastructure. This is compounded by the diverse demands
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often placed on the limited trained personnel. Thus, it is common in developing countries to
place the few trained personnel in managerial capacities outside of science. The result is
often limited coordination and poor harmonization of any scientific/technical projects that
are carried out in developing countries. Thus, data on POPs generated in developing
countries are often difficult to compare in both a regional context and with data from
developed countries.

A problem that is specific to developing countries is the lack of knowledge on how to
dispose of stockpiles of POPs. This problem epitomizes the link between economic and
technical issues since developing countries usually lack both the financial resources and
technical capacity to dispose of significant stockpiles of POPs.

5.4.2 Legal Problems

Developing countries often lack a suitable legislative framework to deal with the issue of
POPs, linking the diverse aspects of their management from source/import through use to
disposal and effects. This is, of course, tied to the economic and technical problems facing
developing countries since sound scientific information is necessary to develop such a
suitable legislative framework. This framework must be developed in consultation with all
stakeholders on the issue of POPs (users, governmental and nongovernmental organiza-
tions, international agencies). Such processes, however, are costly in both financial and
human resources, which are often lacking in developing countries. Such a lack of capacity
makes the legal issue quite problematic in these countries.

Another legal problem in developing countries is the ineffective enforcement of any
existing regulations on POPs. The mere fact of passing legislation governing the use,
disposal, etc., of POPs does not mean that developing countries have the capacity to enforce
such legislation. There is often a lack of trained personnel and required resources to enforce
existing regulations on POPs. An additional problem that arises in developing countries as a
result of the above is that of illegal trade and use of POPs. This may involve both illegal use
of POPs that have been banned and use of restricted POPs for unauthorized use. This
significant problem is exacerbated by the existence, as pointed out above, of stockpiles of
banned and/or restricted POPs.

5.4.3 Educational Problems

Another set of problems facing developing countries with regards to POPs is the lack of
education among the population and even among decision-makers. Very often sound
information on POPs does not filter down to the general population, leading to a dearth
of knowledge on the dangers of POPs or the country’s international obligations with regards
to them. As a result, many people use POPs illegally as they are unaware of their status, and
due to the fact that these compounds may be the cheapest and/or because of incorrect advice
from their peers. With the lack of education/information campaigns, many people in
developing countries have been known to reject alternatives. They may see proposed
alternatives as ineffective or too expensive and lack the knowledge to make such judgments.

Suppliers of chemicals must also be properly trained so they do not inadvertently or
willingly engage in illegal and/or inappropriate commerce of POPs, and so too must the
operators of processes that may produce POPs unintentionally. This must include offering
alternatives to prevent generation of POPs.
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The lack of awareness and information may even extend to governmental personnel, who
are then in no position to enforce legislation. For example, customs officials are often
untrained in the issues surrounding POPs and do not effectively enforce legislation,
exacerbating the legal problems discussed above.

5.5 Conclusions

POPs are now understood to be one of the most dangerous threats to human health and the
environment today. However, there is a genuine lack of knowledge about POPs sources and
releases in many developing countries. Existing data from Africa and other developing
countries show concentrations of POPs equal to or higher than those in temperate or cold
regions. Unfortunately, even after developed countries banned the use of many POPs,
especially OC pesticides, they continued exporting them to developing countries. As a
result, developing countries have experienced or are experiencing the same problems that
developed countries did earlier. In addition, a more sophisticated understanding of the long-
range transport of POPs has shown clearly that the same POPs that developed countries
export to developing countries can potentially affect the former.

Experience and studies suggest that the problem of POPs is one that must be tackled
jointly between developed and developing nations. It is not enough to ban their manufacture
and use because their persistence means they continue to be found in the environment for
years. Bans must be accompanied by educational programmes and real alternatives,
otherwise poor inhabitants of developing countries will simply seek out the cheapest
options available to them, which quite often are the banned POPs. Such alternatives might
have to come via aid from developed countries.

This chapter has shown that in developing countries there is a paucity of data on quantities
of POPs used, potential sources and environmental concentrations. This information is
critical in order to develop plans to eliminate POPs in developing countries. The lack of data
is due to lack of resources, personnel and facilities to carry out the necessary studies. What is
needed is joint action whereby developed countries aid developing ones in establishing a
cadre of trained professionals and suitable facilities to both conduct monitoring and to
implement disposal plans. The international community needs to respond in a coherent and
cost-effective fashion with measures acceptable from a public health and socioeconomic
perspective. The available data indicates that POPs are indeed present in the environment
and humans in developing countries and are likely to have an adverse impact on the
environment and public health.
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6.1 Introduction

With a quick look out the window of any first world city one sees the fabric of urban life —
infrastructure constructed to facilitate the activities and flows of people, goods and services.
Turning one’s eyes to within one’s office or home, you see a wide array of products,
commodities and infrastructure. Much of what you see has been built or manufactured since
1900 and, more so, since World War II. This is reflected in the exponential rate of resource
use since the early 1900s, which is predominantly nonrenewable construction materials
that comprise our cities and especially the city infrastructure (Matos and Wagner, 1998;
Brunner and Rechberger, 2001). An extremely small fraction of the total material can be
classified as POPs. Some POPs were synthesized to facilitate industrial and construction
activities that allowed the safe expansion and efficiency of infrastructure and human
activities that are concentrated in cities. POPs in this list include polychlorinated naphtha-
lenes (PCNs) and polychlorinated biphenyls (PCBs) as stabilizers of dielectric fluids,
PCBs in exterior paints and sealants to increase product longevity and performance, PCBs in
some paint pigments and perfluorinated compounds on carpets and fabrics to minimize their
staining and, again, to prolong their useful life. Other POPs such as polychlorinated
dibenzodioxins and furans (PCDD/Fs), polybrominated dibenzodioxins and furans (PBDD/
Fs), polyaromatic hydrocarbons (PAHs) and PCNs are produced as we combust materials
either for energy or to reduce our waste.
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Cities are reservoirs of POPs, just by virtue of the enormous stock of products and
materials geographically concentrated in the urban technosphere. Considerably less than
1% of the reservoir of POPs ‘leak’ out of the materials and products into which they were
intentionally added. Urban form, due to its simplistic architecture (relative to nature) and
disturbed hydrologic regime, promotes the mobility of the POPs that escape. The ‘leakage’
of POPs to the surrounding environment is of concern with respect to human and ecosystem
exposure, as explained in Chapter 8.

This chapter reviews the sources and types of POPs emissions in urban areas and ensuing
environmental effects, examines some of the chemical interactions and transformations
that occur within complex chemical mixtures that are found in urban areas and discusses
some of the links between urban form and chemical emissions. We identify gaps, of which
there are many, in the scientific understanding of contaminant dynamics in urban areas. We
conclude by discussing the implications of urban contaminants on health and recommend
ways to maximize the health benefits afforded by urban areas.

6.2 Cities in the 21st Century

Rapid urbanization has occurred on a global scale in the past century. Urban areas import
vast quantities of materials and energy from a global geographic range (Newman, 1999),
have high rates of material and energy use, and concentrate large stocks of a wide diversity
of chemicals (Brunner and Rechberger, 2001). These factors elevate the rates of chemical
emissions to the areas surrounding cities (e.g. Hafner and Hites, 2003; Diamond and
Hodge, 2007). Many of the particular challenges and opportunities facing urban areas with
respect to environmental quality are related to the elevated concentrations of chemical
contaminants in virtually all urban media.

The lopsided material-energy balance between urban areas and their hinterlands is
reflected by urban—rural gradients in concentrations of contaminants in air (Cotham and
Bidleman, 1995), vegetation (Wagrowski and Hites 1996), sediments (Van Metre
et al., 2000), surface water (Asher et al., 2007) and soil (Wong et al., 2009). In addition,
because the contaminants concentrated in urban areas are mobile and are exported on either
aregional or global scale (Newman, 1999; Brook et al., 2002) urban areas become regional
point sources of contaminants. Through atmospheric transport and then deposition of POPs,
many such chemicals are imported back into cities through the food supply (Harrad and
Diamond, 2006; see Chapter 8).

Although urban areas are nodes of emissions, this does not imply that human popula-
tions should become more dispersed to improve the sustainability of human settlements or
health. On the contrary, urban areas present particular opportunities to improve sustain-
ability and to mitigate health risks that arise from anthropogenic activity (Jackson, 2003).
Some urban areas, characterized by high densities, embody inherent opportunities to
enact large-scale improvements and efficiencies, such as mass transit and centralized,
tertiary sewage treatment. Well-planned urban areas potentially can support the lowest per
capita quantities of chemical emissions possible for human settlements (e.g. Jacob and
Lopez, 2009). Thus, urban areas can be managed to minimize environmental impacts,
outside obvious point source regulations. Human health is often higher in cities because
of the numerous opportunities available and improved access to institutions including
health care.
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Economic and demographic shifts have changed the profile of urban chemical emissions
in high-income countries (HICs). Historically, industrial point source emissions, which
tended to occur in urbanized areas with large work forces, were obvious and egregious
contributors to urban environmental degradation. The development of cleaner industrial
processes in specific instances (Hill et al., 2002; Hilson, 2000; Overcash, 2002), the
implementation of policies and regulations drafted for the control of point source emissions
and urban zoning regulations have been effective at reducing and/or relocating such
emissions within cities (Douglas et al., 2002; Salzman, 1999; Perdue et al., 2003). Concur-
rently, many cities have ‘de-industrialized’ in HICs, including North America and Europe
(Salzman, 1999; Alderson, 1999; Ansari, 1992), and much of the more polluting industries
have relocated to low-income countries (LICs) (Rock, 2002). An alternative view is that
commodities that are consumed in HIC cities are increasingly produced in LICs: product
manufacturing can and does pollute LICs whereas product use can pollute HIC cities,
although to a lesser extent (e.g. Hertwich and Peters, 2009). As a result, in HIC:s, the relative
importance to environmental degradation of the numerous non-point-source emissions (e.g.
stationary and mobile fossil fuel combustion by both domestic and commercial activities)
present in cities has increased (Salzman, 1999). Controlling diffuse non-point-source
emissions may be a more difficult challenge than addressing the obvious smokestack
‘culprits’ of previous decades, but is nonetheless important because the cumulative effect
of numerous emissions, even in trace amounts, can be appreciable concentrations in
environmental media that are subsequently contaminated.

Population growth is associated with absolute increases in chemical emissions, but this
general tendency is affected substantially by factors such as demography, infrastructure,
urban form and societal wealth. In North America, the effect of urban sprawl and rising rates
of car ownership on total vehicle kilometres travelled (VKT), and hence on emissions
associated with use of motor vehicles, is one example of how urban form and rising affluence
can affect chemical emissions (Frank et al., 2000; Van Metre et al., 2000; Ewing et al., 2002;
Cameron et al., 2004). The trend of increasing household numbers is an example of a
demographic trend with implications for rates of chemical emission. In urban regions
worldwide, the number of separate households is increasing faster than total population
(Liu, J. G., et al., 2003), a trend that is expected to increase per capita demands for energy,
household products, building materials and other goods, and hence increase chemical
emissions related to the use and manufacture of such items (Liu, J. G., et al., 2003).

Although chemical emissions are important contributors to environmental degradation
in virtually all cities, there are significant differences between cities located in high and
low income countries with respect to particular trends in urban form and infrastructure, patterns
of resource use and chemical fate. The insights and observations that we have garnered in the
course of our research primarily relate to cities in HICs and, consequently, such cities will be the
focus of this chapter. The focus on cities in HICs is not meant to downplay the ongoing adverse
and serious effects of environmental contamination of cities and megacities in many LICs.

6.3 Urban Emission Sources
The list below summarizes some of the sources of POPs typically emitted in urban areas.

The list is not exhaustive, but provides a view of the wide range of sources that contribute to
emissions and environmental degradation in urban centres:
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¢ Vehicles emit a wide range of organic and inorganic constituents from fuel combustion,
uncombusted fuels, crankcase leakage and the operation of catalytic converters. Poly-
aromatic hydrocarbons (PAHs) and trace levels of polychlorinated dibenzodioxins
and furans (PCDD/Fs) are among the numerous compounds emitted as a result of vehicle
operation (e.g. Rogge et al., 1993a, 1993b; Chang et al., 2004).

¢ Vehicles also emit flame retardants and plasticizers such as phthalates from their interior
seating, dashboards and other plastic components. Vehicles are, presumably, sources of
some bisphenol A through the deterioration of polycarbonate plastics used in high-impact
plastic vehicle components. Extremely high concentrations of polybrominated diphenyl
ethers (PBDEs) have been measured in cars as their degassing is promoted by the heating
that occurs while the engine is in use (Gearhart and Posselt, 2006; Harrad et al., 2008;
Petreas and Oros, 2009).

¢ Products from fossil fuel combustion are emitted from residential heating systems, e.g.
PAH (Traynor et al., 1990).

e Trace emissions occur from building materials and infrastructure. For example, phtha-
lates are released from polyvinyl chloride plastics, chlorinated solvents from paint
strippers, degreasers, aerosols and adhesives, and CFCs from blown foam in which they
were used as blowing agents; flame retardants (e.g. hexabromocyclododecane, or HBCD,
and tetrabromobisphenol A, or TBBPA) are also used in construction foams (Rudel
et al., 2008; Abdallah et al., 2008; Covaci et al., 2006, 2009; Stapleton et al., 2008).
Materials such as flame retarded electronic cables and sealants in buildings constructed
between World War II and the mid-1970s can contain PCBs (Kohler et al., 2005; Herrick
et al., 2004; Rudel et al., 2008). PCBs and PCNs can degas from electrical infrastructure
(Helm and Bidleman, 2003; Du and Rodenburg, 2007).

¢ Older exterior paints and floor finishes can release PCBs, furniture finishes can release
phthalates as well as more volatile solvents and paint pigments can release ‘new’ PCBs
(e.g. PCB 11) as pigment by-products (Rudel and Perovich, 2009; Hu et al., 2008).

¢ Road sealants can contain extremely high concentrations of PAH that are released over
time (Mahler et al., 2005; Van Metre and Mabhler, 2005; Van Metre et al., 2009).

¢ Pesticides are widely used outdoors in urban areas and use of phenoxy herbicides such as
2,4-D and prometon in urban areas exceeds that in rural areas (Templeton et al., 1998;
Struger et al., 1994).

e Pesticides are also used indoors, from which release to outdoors occurs via ventilation
(see Chapter 7). Indoor use of pesticides often results in indoor air and dust concentrations
10-100 times greater than that in outdoor air and surface soil because of minimal
degradation indoors. Chlordane is still released via indoor air as a result of its application
to house foundations to control termites in urban areas from the 1940s to its ban in the US
in 1988 and global discontinuation of production in 1997 (Leone et al., 2000; Offenberg
et al., 2004).

¢ Fabrics and polyurethane furniture, circuit boards, high-impact plastic casings around
electronic equipment such as televisions, telephones, computers, hair dryers, etc., are
sources of flame retardants such as PBDEs, HBCD, TBBPA and ‘new’ generation flame
retardants bis(2,4,6-tribromophenoxy)ethane (BTBPE), (2-ethylhexyl)tetrabromophtha-
late (TBPH), decabromodiphenyl ethane (DeBDethane) and 2.4,6-tribromophenol
(2,4,6-TB) (see Chapters 2, 5, 7 and 8) (Kemmlein et al., 2003; Stapleton
et al., 2008; Takigami et al., 2008, 2009; Kolic et al., 2009). Traces of PBDD/F can
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be found in plastics and dust collected from plastics containing highly brominated
flame retardants (Kajiwara et al., 2008). Surface treatments on textiles, food packaging,
paper, nonstick cookware, etc., emit fluoropolymers (e.g. Scotch Guard, although
production has ceased) (Ellis et al., 2001; Fromme et al., 2009; Bjorklund et al., 2009;
D’Eon et al., 2009).

Persistent chemicals that do not necessarily originate from within the urban area are
atmospherically deposited after medium- or long-range transport. These include com-
pounds such as DDT, DDE, DDD and hexachlorocyclohexanes (HCHs). It is often
difficult to distinguish between the proportion of these chemicals that are transported
atmospherically from agricultural regions versus those released within urban areas
(Gingrich et al., 2001). DDT was commonly used as a general agricultural pesticide
and for controlling bat populations and pests in urban areas (Bidleman et al., 1998; Gouin
et al., 2007).

Sanitary and ultimately wastewater treatment plant (WWTP) discharges release numer-
ous contaminants from hygiene and personal care products such as chlorinated benzenes
(predominantly 1,2-dichlorobenzene) from deodorizers, d-limonene and diethyl and
dibutyl phthalate from perfumes, soaps, air fresheners and detergents, styrene from
carpets, rubber and adhesives (Edwards et al., 2001; Yu and Crump, 1998; Salthammer
et al., 1999; Wolkoff, 1995), synthetic musks from deodorants, cleaning products, etc.
(Rimkus et al., 1994; Peck and Hornbuckle, 2004, 2006a), polydimethylsiloxanes
(PDMSs) and other medium and high molecular weight siloxanes used in high volume
in a wide variety of personal care and consumer products (Mueller et al., 1995; Parker
et al., 1999), triclosan, which is a broad spectrum antibacterial of which 95% is used in
‘down the drain’ consumer products and the remainder in domestic surfaces such as
chopping boards and food wrappers (Reiss et al., 2002; Haggard et al., 2006), and legal
and illicit pharmaceuticals and drugs such as caffeine, cocaine, ibuprofen, carbamaze-
pine, etc. (Kolpin et al., 2004; Glassmeyer et al., 2008; Loos et al., 2009; van Nuijs
et al., 2009; Watkinson et al., 2009).

Structural fires in cities and fires at waste landfills and demolition sites emit a wide range
of compounds, some of which are compounds present in materials (e.g. PBDEs, HBCD,
PCBs) while others are produced by the low-temperature combustion process (e.g.
PCDD/Fs and PBDD/Fs) (Farrar et al., 2004b; Butt et al., 2004b; Rayne et al., 2005).
The US EPA reported substantial amounts of numerous contaminants from simulated
open fibreglass combustion, including benzo[a]pyrene, dibenzofuran, lead, naphthalene,
phenanthrene, phenol, styrene and toluene (Lutes and Ryan, 1994). Analysis of the
fibreglass used in building industry materials showed significant halogen concentrations
that are probably due to the presence of brominated flame retardants in the material.
The de novo production of some compounds, such as PCDD/Fs, PCNs, PCBs and PBDD/Fs,
are favoured by low-temperature combustion of organic materials and are catalysed
by metals such as copper in wiring under low oxygen conditions (Lemieux et al., 2002;
Helm and Bidleman, 2003). Firefighting foams are a source of PFCs (Moody
et al., 2002).

Medical waste and municipal solid waste incineration has been the source of PCDD/Fs
as well as PCNs, PAHs and PCBs, although emissions from the new generation of
incinerators are much lower than those of decades past (Lemieux et al., 2002; Capuano
et al., 2005; Kim et al., 2009).
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6.4 Urban Emissions and Urban—-Rural Gradients

Emissions from urban sources increase the concentrations of nonagricultural, and even
some presumed agricultural POPs, in virtually all urban media. Emissions are difficult to
estimate as they originate from myriad non-point sources. Hites and co-workers have found
significant relationships between atmospheric concentrations of PCBs, PAHs and PCDD/Fs
with population (Hafner and Hites, 2003; Hafner et al., 2005; Venier et al., 2009). For
PCDD/Fs, the slope of log—log concentration—population plots are slightly greater than 1,
indicating that a doubling of the population results in slightly more than double the air
concentrations, whereas the slope is ~0.5 for PAHs. This lower slope is likely to be
attributable to the high photoreactivity of PAHs versus PCDD/Fs (Hafner et al., 2005; Venier
et al., 2009). The observation by Venier et al. (2009) of seasonal periodicity in PCDD/F
concentrations at remote Great Lakes sites but not an urban Chicago site is consistent with a
constant emission source from Chicago, such as medical and municipal waste incineration,
but not residential heating, and seasonal transport processes to the remote sites. Although
the emission—population relationship holds generally, it breaks down at small spatial scales
within urban areas where emissions from industrial areas with low population densities can
be important (Du et al., 2009).

Emissions have been estimated using a variety of modelling methods. Diamond and
co-workers have used the fugacity-based multimedia urban model, or MUM, to ‘back-
calculate’ emissions. Jones-Otazo et al. (2005), using a 470 km? area centred on downtown
Toronto, estimated that XPBDE (12 congeners in penta- and octa-formulations) emission
rates varied from 20 to 118 mg/capita year or 0.2 to 0.9 ug/m>year. Using the same
approach, Clarke et al. (in prep.) back-calculated emissions of ZPCB from downtown
Hamilton, Canada, an industrial city located at the western end of Lake Ontario. They
estimated that ZPCB emissions representing 104 congeners (calculated as the sum of di-
to nona-chlorobiphenyl homologues) ranged from 0.14 to 4 mg/m”year or 0.55 to
1.5 mg/capita year. Diamond et al. (2009) used a similar approach to calculate XPCB
emissions (70 congeners) for Toronto, Canada, with a population of 2.5 million and a
metropolitan population of over 5 million. Their estimate of 0.14—1.4 mg/m?” year was very
similar to that of Clarke et al. (in prep.), as well as modelled estimates of Eisenreich (2000)
and Totten et al. (2004) of 0.4-3.6 and 0.4 mg/m? year for Chicago and New York City
respectively. Expressed on a per capita basis, PCB emissions have been reported as 35-350,
360 and 1600 mg/capita year for Toronto, Wilrijk, Belgium and Zurich respectively
(Diamond et al., 2009; Van Gerven et al., 2004; Gasic et al., 2009).

These emissions have resulted, not surprisingly, in concentration gradients from urban to
rural locations (Tables 6.1 and 6.2). The magnitude of the gradients typically ranges from
2 to 20 for POPs that are either predominantly in the gas phase (PCBs) or split between
particle and gas phases (chlordanes, PBDEs). These relatively small gradients are the result
of the long atmospheric travel distances of gas-phase compounds. In comparison, more
particle-phase compounds or those that are more photoreactive with shorter travel distances
have larger gradients, such as 20-60 for PAH in soils. Compounds with more recent histories
of use, such as PBDEs, have less clear urban—rural gradients (Strandberg et al., 2001; Hoh
and Hites, 2005; Harner et al, 2006). Urban-rural gradients in soils can be obscured by
uncertain past uses or sources of urban soils such as residential suburban developments
located near or on former industrial areas (Wong et al., 2009).



Table 6.1 Summary of ratios of urban-rual concentrations of POPs

Medium Chemical Ratio Location Reference Measurement Comments
Method
Air PCB, gas-phase 3-5 Great Lakes Hafner & Hites 2003 hi-vol Magnitude very
sensitive to wind
direction
PCB <8 Great Lakes Tasdemir et al. 2004 hi-vol
PCB <20 Philadelphia-Camden Totten et al. 2004, hi-vol
2006
PCB 5-10 7 sitesalong 80 km N-S  Harner et al. 2004 PUF passive
transect Toronto
PBDE 3-6 5 sites from L Michigan ~ Hoh and Hites 2005 hi-vol
through East-
Central US
PBDE 2-5 10 sites along 80 km Harrad & PUF passive
transect in West Hunter 2006
Midlands
PBDE 1-2 7 sites along 80 km N-S  Harner et al. 2004 PUF passive
transect Toronto
Chlordane 5 Chicago & Great Lakes  Strandberg et al. 2001 hi-vol
sites
Chlordane 4 15 sites including Gouin et al. 2007 PUF passive
Toronto & Chicago
Chlordane 1-2 7 sitesalong 80 km N-S  Harner et al. 2004 PUF passive
transect Toronto
Dechlorane Plus 5 24 urban, 27 rural sites  Ren et al. 2008 PUF passive
in China
DDT 3 Chicago & Great Lakes  Strandberg et al. 2001 hi-vol
sites
(continued)
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Table 6.1 (Continued)

Medium Chemical Ratio Location Reference Measurement Comments
Method
Atm Deposition ~ PCB 5 Hudson River estuary Totten et al. 2004 gas absorption,
wet & dry
PAH 2.5-6  Seine River Garban et al. 2002 bulk wet & dry
Surface Films PCB 50 7 sites along 80 km N-S  Gingrich et al. 2001
transect Toronto
PCB 8-20 Southern Ontario Wau et al. 2008
PBDE 10-20  7sitesalong 80 km N-S  Butt et al. 2004a
transect Toronto
PCDD/F 15-20  Southern Ontario Butt et al. 2009
PAH 30 7 sites along 80 km N-S  Gingrich et al. 2001
transect Toronto
Vegetation PAH 10 Illinois, Indiana, Wagrowski &
Michigan Hites 1996
Soil PCB 10 7 sites along Seine Motelay-Massei
River basin et al. 2004
PCB >100 3 sites in Romania Covaci et al. 2001
PCB 12 10 sites along 80 km Jamshidi et al. 2007
transect in West
Midlands
PBDE 15-20 10 sites along 80 km Harrad &
transect in West Hunter 2006
Midlands
PAH 5 7 sites along Seine Motelay-Massei
River basin et al. 2004
4 7 sitesalong 80km N-S  Wong et al. 2004,
transect Toronto 2009
Chlordane 2 7 sitesalong 80 km N-S  Wong et al. 2009

transect Toronto

swenjjod dIuediQ) USISISIDd 9/ |



Table 6.2 Summary of POP concentrations measured in urban, suburban and rural locations. Rural locations were generally located within 300 km of urban
locations and thus are not considered remote

Medium  Chemical Congeners Unit Concentration Concentration Concentration Location Reference Measurement Comments
or Compounds Urban Suburan Rural Method
Air PCB - gas 87 pg/m’ 270-14200 230-690 Chicago and Simcik et al., hi-vol
phase South Haven 1997
PCB- particle 87 pg/m’ 7.2-590 ND
phase
PCB 105 pg/m? 3100 (32) 530 (30) 660 (18) Chicago, Strandberg hi-vol (% std
Sturgeon Point, et al. 2001 error)
Sleeping Bear
Dunes
PCB - 60 peaks, 93 pg/m? 1260-3250 430-540 150-220 Camden, Totten hi-vol
gas phase congeners Jersey City et al. 2004
PCB - total 35-50 pg/m? 1160 217 46.3 Manchester, Halsall hi-vol
(223-2360) (54.5-2253) (16.5-78.2) NW England et al. 1999
35-50 pg/m’ 1490 Cardiff, Wales
(415-3710)
PCB 60 pg/m? 350+218 2304180 97 sites in Zhi et al. 2008 PUF passive
China
PCB 90 pg/m? 445 167 116 7 sites along Harner PUF passive summer/fall
80 km N-S et al. 2004
transect
Toronto
PCB 90 pg/m’ 424 66 NA 7 sites along Motelay-Massei ~ PUF passive winter
80 km N-S et al. 2005
transect
Toronto
PCB 90 pg/m? 1100 129 269 7 sites along PUF passive spring
80 km N-S
transect
Toronto
PCB 48 pg/m? 930 239 83 12 sites GL Gouin PUF passive
(Toronto, et al. 2005
Chicago/
Downsview,
Sturgeon Pt/8
rural)

(continued)
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Table 6.2 (Continued)

Medium  Chemical Congeners Unit Concentration Concentration Concentration Location Reference Measurement Comments
or Compounds Urban Suburan Rural Method
Air PCB 97 pg/m3 3000 200 Camden, Lum’s Du et al. 2009 hi-vol NJADN
Pond
PCB 77 pg/m? 357 88 72 10 sites along Jamshidi PUF passive
80 km transect et al. 2007
West Midlands
PCDD/F 17 congeners  fg WHO 35+3 13+2 7.4+1.4 Chicago, Venier hi-vol
2,3,7,8 TEQ/m? Sturgeon Point, et al. 2009
substituted Sleeping Bear
Dunes
PAH 12 (acenaptha- ng/m’ 2.7-5.1 8.3-20.1 0.14-0.8 London, Prevedouros hi-vol
lene to Hazelrigg UK, et al. 2004
benzolg,h,il Rorvik
perlyene)
PAH - gas 19 ng/m’ 27-430 4.0-55 Chicago and Simcik et al., hi-vol
phase South 1997
H
PAH-particle 19 ng/m? 3.2-460 0.1-1.1 aven hi-vol
phase
PAH 17 (acenaphtha- ng/m? 58.5 18.4 11.5 7 sites along Motelay- PUF passive summer/fall
lene to 80 km N-S Massei
benzolg,h,il 17.0 14.8 8.3 transect in et al. 2005 winter
pyrlene) Toronto
17.5 3.9 3.5 spring
Dechlorane pg/m? 15.6£15.1 3.5+5.6 97 sites in Ren et al. 2008  PUF passive
Plus China
PBDE 7 (BDE-47,99, pg/m® 52 (30) 7.2(13) 15 (29) Chicago, Strandberg hi-vol (% std error)
100, 153, Sturgeon Point, et al. 2001
154, 190, Sleeping Bear

209)

Dunes
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PBDE

PBDE

PBDE

Musks

Musks

Chlordane

Chlordane

15, from BDE-
17 to 183

6 (BDE-28, 47,
99, 100,
154, 153)

6 (BDE-28,
47,99, 100,
153, 154)

HHCB,
galaxolide,
gas phase

AHTN tonalide,
gas phase

trans-nonachlor
cis-chlor-
dane trans-
chlordane

trans-nonachlor
cis-chlor-
dane trans-
chlordane

pg/m’

pg/m’

pg/m’

ng/m?

17.5

8.1

20

34

21

0.8

0.3

28
39
43

31
25
27

8.8

24.4

27

23

0.1

0.1

7.8
8.2
7.7

8.1
8.9
8.7

8.2

2.7

24

8.6

3.9

0.04

0.03

8.8
9.0
8.1

15
19
16

6 sites along
80 km N-S
transect in
Toronto

12 sites GL
(Toronto,
Chicago/
Downsview,
Sturgeon P/8
rural)

6 sites along
80 km transect
West Midlands

lowa City and
environs

Toronto,
Chicago/
Dowsview and
Sturgeon Pt/8
rural sites

6 sites along
80 km N-S
transect in
Toronto

Harner
et al. 2006

Gouin
et al. 2005

Harrad &
Hunter 2006

Peck &
Hornbuckle
2006b

Gouin
et al. 2007

Harner
et al. 2004

summer/fall
PUF passive winter
spring/
summer
PUF passive
PUF passive
hi-vol median
PUF
(continued)
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Table 6.2 (Continued)

Medium  Chemical Congeners Unit Concentration Concentration Concentration Location Reference Measurement Comments
or Compounds Urban Suburan Rural Method
Chlordane trans- pg/m? 240 (46) 67 (26) 52 (39) Chicago, Strandberg hi-vol (% std error)
nonachlor, Sturgeon Point, et al. 2001
cis-and Sleeping Bear
trans- Dunes
chlordane,
cis-hepta-
chlorepox-
ide,
oxychlor-
dane
DDT o,p-DDD, pg/m’ 110 (39) 55 (27) 35 (44) Chicago, Strandberg hi-vol (% std error)
DDE, DDT Sturgeon Point, et al. 2001
Sleeping Bear
Dunes
Precipi- PAH 16 (naphtha- ng/L 221 25 Paris, 50 km Garban
tation lene to in- distance et al. 2002
denol1,2,3-
c,d/lpyrene)
Surface PCB 89 ng/m?* 95 (5-5800) 14 (4-160) 1.8 (0.6-0.7) 7 sites along Gingrich et al.
Films 80 km N-S 2001
transect in
Toronto
PCB 15(PCB- ng/m? 263 38 Wu et al. 2008 winter
8,18,28, 117 5 spring
52,49,101,
118,153,
105,137/
138,156/1
71,180,

209)
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Vegetation

Sediment

Soil

PBDE

PCDD/F

PAH

PAH

PCBs

PCB

PCB

PCB

PCB

9 (BDE-28, 47,
66, 99,
100, 153,
154, 183,
209)

Homolgues
tetra- to
octa

44

18 (acenaphthy-
lene to ben-
zolg,

h, il pyre-
lene, and
coronene)

10 (CB-28, 52,
95, 101,
118, 136,
138, 149,
153, 180)

7 (CB-28,52,
101, 118,
153)

77

10 (CB-28, 52,
95, 101,
118, 136,
138, 149,
153, 180)

ng/g
dry wt
maple
leaves

ug/kg
dry wt

ug/kg
dry wt

ug/kg
dry wt

ug/kg
dry wt

uglkg
dry wt

9.0 (2.5-14.5)

140 (47.7-
3010)

6100
(900-
62000)

16004210

23

100.15

722

6313.3

1.1

8.1

1800
(1300-2600)

5104100

10.79

57.3

1146.7

19.2

210(60-600)

220452

10.8

568.5

0.76

7 sites along
80 km N-S
transect in
Toronto

Toronto to
northern
Ontario

7 sites along
80 km N-S
transect in
Toronto

llinois,
Indiana, Mi

7 sites along
80 km N-S
transect in
Toronto

7 sites along
Seine River
basin

3 sites, Romania

10 sites along
80 km transect
West Midlands
7 sites along
80 km N-S
transect in
Toronto

Butt et al.
2004a

Butt et al. 2009

Gingrich
et al. 2001

Wagrowski &
Hites 1996

Wong
et al. 2009

Motelay-Massei
et al. 2004

Covaci et al. 2001

Jamshidi
et al. 2007

Wong et al. 2009

(continued)
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Table 6.2 (Continued)

Medium  Chemical Congeners Unit Concentration Concentration Concentration Location Reference Measurement Comments
or Compounds Urban Suburan Rural Method
Soil PAH 14 (fluorene to  ug/kg 3940 2180 695 Rouen, Honfleur,  Motelay-Massei
indeno dry wt Forest of et al. 2004
[1,2,3-¢,d] Brotonne
pyrene)
PAH 12 (fluorene to  ug/kg 2836 319 61 7 sites along Wong et al. 2004 forest soils
benzolg,h,/] dry wt 80km N-S
pyrelene transect in
Toronto
PAH 15 (ace- ug/kg 2900 387.5 58 7 sites along Wong et al. 2009
naphtha- 80km N-S
lene to transect in
benzolg, Toronto
h,ilperylene
PBDE 6 (BDE-28, 47, ug/kg 3890 321 216.55 11 sites along Harrad &
99, 100, dry wt 80 km transect Hunter 2006
153, 154) in Westmid-
lands UK
Chlordane trans-nona- ug/kg 0.98 0.15 0.38 7 sites along Wong et al. 2009
chlor, dry wt 80km N-S
cis-and transect in
trans- Toronto

chlordane
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In addition to POPs having urban-rural gradients, emission sources in cities produce
vertical gradients. Farrar et al. (2004a), Moreau-Guigon et al. (2007) and Li et al. (2009)
have measured higher concentrations at first and second storey heights than above 300 m of
PCBs, PBDEs, PAHs and the organochlorine pesticides HCH, DDT and HCB. However, the
trend is not always consistent, which also points to the influence of meteorological
conditions and regional transport on concentration profiles.

The contamination of receiving waters nearby urban areas has been well documented
and attributed to the discharge of stormwater runoff via combined sewer overflows and
industrial and municipal effluent (Golomb et al., 2001; Foster et al., 2000), as well as to
atmospheric deposition (Brunciak et al., 2001; Offenberg and Baker, 1997; Simcik
et al., 1997). The effect of the ‘urban atmospheric plume’ on chemical loadings has been
documented for Chesapeake Bay (Offenberg and Baker, 1997), Lake Michigan (Simcik
et al., 1997), New Jersey estuary (Brunciak et al., 2001; Du et al., 2009) and the Hudson
River estuary (Totten et al., 2004). For example, Offenberg and Baker (1997) estimated that
Chicago, Illinois, contributes 50 to 400% more wet deposition of PCBs than background
precipitation to near-shore Lake Michigan. In some cases, atmospheric deposition may be
the principal source of some volatile PAHs to urban surface waters (Nelson et al., 1998).
Van Metre et al. (2000) documented the increase in concentrations over time of PAHs in the
sediments of surface waters located near urban areas. The PAH signature was attributable
strictly to indirect, atmospheric deposition and not to direct discharges (Van Metre
et al., (2000)).

Several methods have been used to discern the sources of atmospheric concentrations,
including the distinction between fresh emissions versus older emissions, cycling and
recycling in the environment and those subject to regional and long-range transport.
Gingrich et al. (2001) and Harner et al. (2004) used PCB congener profiles in window
films and passive air samples respectively to infer a fresher signal in downtown Toronto
in contrast to rural profiles that were enriched with lower molecular weight PCBs. They
concluded that the higher molecular weight congeners were deposited closer to sources
(i.e. downtown Toronto). Zhang et al. (2008) and Motelay-Massei et al. (2004) found
similar urban fractionation patterns in PCB congeners between urban and rural air and soil
samples at 97 sites located in China and PCB congeners in soils along the Seine River basin
in France respectively.

Rodenburg and co-workers used positive matrix factorization (PMF) as a more formal
statistical method to distinguish sources of PCBs based on congener profiles (Du and
Rodenburg, 2007; Du et al., 2008, 2009). Coupled with potential source contribution
analysis, they were able to distinguish geographically the source(s) of PCBs in the PMF
factors. The overall outcome of their studies was to identify locations in the Philadelphia—
Camden area from which higher and lower molecular weight PCB emissions originated,
some of which were temperature dependent while others were not. In other words, they
concluded that PCBs have many, diffuse, sources in the region.

A version of the congener profiling method to trace the origin of air concentrations
compares the ratios of compounds within a compound class to those within the technical
mixtures. This has been done for DDT and chlordanes in window films (Gingrich
et al., 2001) and passive air samples (Gouin et al., 2007). For example, Gouin et al.
reported ratios of ¢trans- to cis-chlordane in passive air samples from Chicago and Toronto of
1.22 and 1.13 respectively, which were close to the ratio in the technical mixture of 1.16. In
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comparison, they calculated ratios of 0.72—0.88 at three rural sites around the Great Lakes.
Gouin et al. (2007) concluded that fresh emissions supported air concentrations in the two
cities whereas air concentrations originated from an aged source in rural areas due to the
depletion of frans-chlordane. However, they also remarked that the geographic pattern of
the ratio showed that urban emissions had minimal influence on rural air concentrations.

Insights into whether the emissions are from ‘fresh’ versus aged sources has also been
inferred from the strength of the relationship between gas-phase air concentrations and
temperature using the Clausius—Clapeyron equation. When gas-phase air concentrations are
supported by temperature-dependent volatilization from a surface, such as PCBs volatiliz-
ing from external building sealants, the slope of the Clausius—Clapeyron equation should
yield the enthalpy of vaporization. A weak relationship has been interpreted as an indication
of advection as the dominant source of air concentrations. Halsall ez al. (1999) clearly
demonstrated this by finding a strong temperature dependence of PCB air concentrations in
the cities of Manchester and Cardiff, UK, but weaker relationships at rural sites, except at
one rural site that was influenced by an urban centre. They concluded that urban PCB air
concentrations were attributable to the release of a readily available reservoir. However, the
calculated enthalpies of vaporization were not consistent with PCBs being at equilibrium
with the source(s), suggesting that they were released from sources such as indoor air, in
addition to temperature-dependent volatilization. Peck and Hornbuckle (2006b) also found
strong relationships between gas-phase air concentrations and temperature of the two
synthetic musks HHCB or galaxolide (1,3,4,6,7,8-hexahydro-4,6,6,7,8,8-hexamethylcy-
clopenta-(g)-2-benzopyran) and AHTN or tonalide (1-(5,6,7,8-tetrahydro-3,5,5,6,8,8-
hexamethyl-2-naphthalenyl)-ethanone). However, in contrast to Halsall et al. (1999), Peck
and Hornbuckle found a stronger relationship at rural and suburban sites, compared to a
weaker relationship at urban sites. Together, these results suggest that the release of a ‘fresh’
source such as musks from indoor air may not show temperature-dependent outdoor air
concentrations whereas concentrations supported by releases from surfaces such as building
sealants or vegetation would show temperature dependence. Thus, the strength of the
Clausius—Clapeyron equation of temperature versus gas-phase air concentrations does not
provide a unique indication of an emission source.

Enantiomeric signatures of chiral compounds have also been used to discern releases
from ‘fresh’ versus aged sources where a racemic signature is indicative of a fresh source
and vice versa. Robson and Harrad (2004) were the first to use atropisomeric PCBs to
distinguish fresh versus aged sources. They found that whereas air samples at one urban
and one rural location in the West Midlands, UK, had racemic signatures of PCBs 95, 136
and 149 and their congener profiles resembled those of the technical formulations, paired
samples from top soil showed enantiomeric degradation. Harrad and co-workers
followed this study with a more extensive study of 10 sites along an 80km transect
in the West Midlands (Jamshidi et al., 2007). They confirmed the racemic signature in
outdoor air that they matched with 20 indoor air samples, but not soil samples taken
along the same transect. These results provided strong evidence of indoor air with its
fresh PCB signatures as the source to outdoors, rather than the release of aged PCBs from
soils.

Asher et al. (2007) reported racemic air signatures of PCBs 91, 95, 136 and 149 in the
New York/New Jersey Harbor Estuary, which is consistent with fresh emissions. However,
they measured nonracemic signatures in water, total suspended particles, phytoplankton
and sediment of the harbour. Accordingly, they inferred that PCB contributions from the
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Upper Hudson River watershed dominated the PCBs in the aquatic system rather than
atmospheric deposition from the immediate urban area.

Leone et al. (2000) and Offenberg et al. (2004) reported racemic signatures in air
concentrations of trans- and cis-chlordane in indoor air whereas samples in outdoor air
and soils showed enantiomeric degradation, although Gouin et al. (2007) found that the
pattern was not always consistent with the urban—rural differences. Leone et al. (2000) and
Offenberg et al. (2004) concluded that indoor air was a source of chlordanes to outdoor
urban air, which is similar to the conclusion reached by Robson and Harrad (2004) and
Jamshidi et al. (2007) for PCBs.

Whereas the studies described above have sought to identify the main sources, it is more
likely that there are multiple sources of POPs to urban centres, some of which show
temperature dependence while others do not. This was the conclusion of Rodenburg and
co-workers based on a variety of measurements and statistical methods that they used to
study PCBs in the Hudson River estuary and the Philadelphia—Camden region (Totten
et al., 2004; Asher et al., 2007; Du and Rodenburg, 2007; Du et al., 2008, 2009).

6.5 Chemical Mixtures in Urban Media

Urban development, including residential development, results in chemical emissions to all
media such as air, water and soil. Some activities, such as pesticide application, result in
the emission of a simple mixture of compounds. Other activities, such as motor vehicle
transportation, emit a complex mixture of organic and inorganic compounds such as PAHs
and trace amounts of PCDD/Fs.

Atmospherically derived surface films on impervious surfaces are a complex mixture of
predominantly inorganic (e.g. sulfate, nitrate, silicates, metals) and secondarily polar and
nonpolar organic compounds (Lam et al., 2005). The organic fraction is largely biogenic
in origin, but not surprisingly contains POPs including PAHs, PCBs, PCNs, brominated
flame retardants (BFRs), pesticides and metals (Liu, Q. T., et al., 2003a, 2003b; Lam
et al.,2005; Butt et al., 2004a; Gingrich et al.,2001). The film is a time-integrated sample of
ambient air contaminants from both the gas and particle phases and represents the contents
of urban ‘grime’. The film concentrates atmospherically deposited compounds and either
facilitates the chemicals’ subsequent re-release to air through volatilization, their release to
stormwater through washoff or their degradation (Labencki ef al., 2009; Kwamena
et al., 2007).

The complex mixture of compounds in stormwater is the result of removal by precipita-
tion from impervious, vegetated and soil surfaces. Stormwater may be viewed as integrating
air, terrestrial and water quality. Several authors have compiled lists of chemicals in urban
stormwater runoff, the most comprehensive of which is that of Makepeace et al. (1995). All
classes of compounds are found in stormwater runoff, including high concentrations of
nutrients, bacteria and viruses, major cations and anions, and lower concentrations of metals
and elements, VOCs, SOCs (including some POPs) and pesticides (Lopes and Bender, 1998;
Gromaire-Mertz et al., 1999; Phillips et al., 2000; Lopes and Dionne, 1998; Capel
et al., 1997; Sztruhar et al., 1997). Stormwater composition is a function of antecedent
dry days over which deposited chemicals accumulate (Characklis and Wiesner, 1997).
Because of the numerous sources, the number of chemicals and their concentrations in urban
stormwater are often greater than in agricultural runoff.



188  Persistent Organic Pollutants

The high concentrations of numerous chemicals in urban media contribute to complex
chemical interactions and transformations within urban chemical mixtures. One example
of this complexity is chemical speciation and distribution in stormwater, which affects
bioavailability, toxicity and fate. High particle and colloidal concentrations suggest that
many compounds in stormwater are not bioavailable, although the extent to which
bioavailability is reduced depends on location.

6.6 Fate in Urban Areas

The fate of POPs in urban areas differs from nonurban systems. Firstly, urban areas have
large areas of impervious surfaces that increase chemical mobility and transformation
rates due to the presence of the film on these surfaces (Priemer and Diamond, 2002;
Kwamena et al., 2007). Secondly, the high chemical concentrations in urban media can
affect chemical fate through chemical interactions and transformations. Thirdly, the
reduced vegetative cover in urban areas results in profoundly different hydrological flows
and microclimatic extremes marked by larger volumes of runoff and lower rates of
evapotranspiration. Finally, urban warming increases local temperatures above those of
surrounding hinterlands (Stone and Rodgers, 2001) and can exacerbate rates of contaminant
emission and mobility. The combination of these factors increases chemical mobility in
cities versus forested areas (Priemer and Diamond, 2002).

The multimedia urban model (MUM) is a fugacity-based mass balance model that treats
the movement of POPs in an urban environment and links emissions to ambient chemical
concentrations, and thus outdoor exposure (Diamond et al., 2001). MUM considers long-
term, average conditions of chemical transport and transformation among six environmental
compartments in urban areas (air, soil, surface water, sediment, vegetation and surface film;
see Figure 6.1) shows a conceptual version of the model). The model does not estimate
event-specific processes as do meteorological-based air or stormwater models.

MUM-Fate includes films on impervious surfaces that link atmospheric emissions and
subsequent movement of contaminants to surface water and sediment (Labencki
et al., 2009). The model illustrates that surface films can vary from acting as a temporary
sink through temperature-dependent condensation of gas-phase POPs to a permanent
reactive sink, to a source of POPs through temperature-dependent volatilization (Diamond
et al., 2001; Kwamena et al., 2007). The exact role played by the film is a function of the
physical-chemical properties of the particular compound, as illustrated in Figure 6.2, which
was generated by varying the octanol—air partition coefficient of a PCB-like compound
while assuming no degradation. This analysis shows the interplay between losses due to
volatilization versus washoff and that the proportions shift according to ambient tempera-
ture, i.e. colder temperatures promote condensation and greater loss from washoff in
contrast to warmer temperatures that favour loss due to volatilization (as modified from
Priemer and Diamond, 2002).

For photoreactive compounds such as PAHs, reaction in surface films can be their main
degradative loss process in an urban system. Kwamena ez al. (2004) and Poschl et al. (2001)
found under experimental conditions that reactions of PAHs on organic-coated films
exceeded those on atmospheric particulate matter (PM), the reason for which was not
clear. Using these experimentally derived reaction rates in MUM, Kwamena et al. (2007)
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import into and
concentration of
materials and energy
in urban centre,
progressive depletion
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Figure 6.1 Conceptual model derived from the multimedia urban model (MUM) of contami-
nant emissions, transformation and transport in and from urban areas

found that advection by air was by far the dominant loss process from an urban centre for
PAHs anthracene (found mostly in air), pyrene (distributed among air, film and soil) and
benzo[a]pyrene (BaP, mostly in soil) (Figure 6.3). The next greatest loss process was the
gas-phase reaction with OH of anthracene and pyrene, and the reaction in surface films of
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Figure 6.2 The relationship between percentage loss of a nonreactive POP to volatilization
versus washoff from surface film as a function of Ko calculated using MUM-Fate. Summer and
winter conditions were estimated assuming 25 and 5 °C, respectively
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Figure 6.3 The fate of reactive chemicals anthracene, pyrene and benzola]pyrene in an urban
environment. (a) The mass distribution of anthracene, pyrene and benzolajpyrene considering
three wind speeds and (b) percentage losses due to advection and reaction of benzo[alpyrene at
three wind speeds. (Reproduced with permission from Kwamena et al., © 2007 Elsevier)
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BaP. The importance of reaction losses in film for only BaP (and other low-volatility, high
molecular weight PAHs) was ascribed to its tendency to partition into condensed phases
(e.g. soil, PM, film), an order of magnitude greater ratio of surface area to volume of films on
impervious surfaces (10%) versus surface films on PM (10°), and least important, the faster
reaction rate in film versus PM.

For PCBs and PBDEs, the consequence of urban emissions and fate for human exposure
and potential risk does not come from exposure to outdoor urban air, soils or surface waters.
Rather, the main exposure route for PCBs and PBDE:s is either indoor air or dust, or diet
where fish have particularly high concentrations (see Chapter 8). The connection between
PCBs and PBDE:s in food and their emission from an urban area can again be clarified by
examining the output from MUM. More than 90% of PCB and PBDE emissions within the
urban area, plus inputs from regional atmospheric transport, is advected downwind from the
city (Figure 6.4). These downwind locations include agricultural areas where, through
atmospheric deposition to crops, the compounds move through the terrestrial food web and
return to us in our foods from animal products (Harrad and Diamond, 2006; see Chapter 8).
For cities located on waterbodies, downwind advection of the contaminant mass may
translate to atmospheric deposition to the lakes (e.g. Offenberg and Baker, 1997; Simcik
et al., 1997; Totten et al., 2004). Most of the remaining < 10% of total emissions from the
city enters surface water. Although some of this chemical mass will be removed by
wastewater treatment systems, a fraction is discharged and is then available for bioconcen-
tration and biomagnification through the aquatic food web. This passage of persistent
chemicals from point of emission (e.g. PCBs evaporating from an in-use light ballast),
through the city, and either atmospheric deposition directly to surface waters or discharge
via stormwater, and finally incorporation in the aquatic food web, in part explains elevated
concentrations of PCBs in fish from nearly all nearshore areas of Lake Ontario (Guide to
Eating Ontario Sport Fish, 2006).

6.7 Emissions and Environmental Degradation

It is difficult to tease apart the individual contributions of chemical emissions to the
degradation of urban ecosystems versus other perturbations such as those to hydrologic
regimes, micro- and mesoclimate, soil structure and species composition brought about
by the introduction of many exotic species. In fact, negative impacts are usually related to
a combination of stresses. One disturbance can reduce the resilience of organisms to
subsequent stresses, e.g. increased susceptibility of fish to infectious disease following
exposure to contaminants from stormwater discharges (Arkoosh et al., 2001). This section
discusses some of the numerous examples of environmental degradation resulting from
widespread urban chemical release to soil, surface water, sediments, groundwater and air.

Contamination of urban soils by POPs such as PCBs is of concern for human
and ecological health. Soil contamination by metals and persistent organics disrupts
nutrient cycling and is associated with declines in density of soil microfauna and
lower rates of decomposition of organic compounds (Carreiro et al., 1999; Pouyat
et al., 1994), an important process for the removal of organic contaminants from the
environment. Ironically, urban warming may counteract this effect in some locations
(McDonnell et al., 1997).
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Loadings of PAHs and other POPs occur to surface waters near urban areas via
atmospheric deposition, direct discharge and runoff (Offenberg and Baker, 1997; Bamford
etal.,1999; Zhang et al., 1999; Gigliotti et al., 2005). Since urban runoff contains a complex
mixture of contaminants, some of which are found at relatively high concentrations
(Makepeace et al., 1995), its discharge degrades nearshore environments (Carr
et al., 2000; Cross and Hose, 1988). For example, concentrations in aquatic biota of
halogenated organic contaminants and metals generally increase with increasing proximity
to urban areas (Giesy and Kannan, 2001; Johnson and Olson, 2001; Wright and Ma-
son, 1999), as do an array of sublethal abnormalities, reproductive impairments and
neoplasms in a variety of fish and invertebrate species (Gagnon and Holdway, 2002;
Matthiessen and Law, 2002; Sepulveda et al., 2002; Mikaelian et al., 2000).

Attempts to reduce the impacts of urban areas on aquatic biota have involved examining
the relationship between the percentage of impervious cover versus various biological
assessment indices, and has led to the conclusion that the percentage of impervious cover
must not exceed 15% to protect stream integrity (Roesner et al., 2001). Schueler ez al. (1992)
have shown that impervious surface coverage in urban areas is inversely related to the health
of aquatic biota in surface waters, though the precise mechanisms underlying this
association are debated because ecosystem degradation downstream from urban areas that
conform to the 15% rule still occurs (Roesner et al., 2001). However, we submit that greater
protection of stream biota can be achieved by increasing urban density, which entails
increased impervious cover but which decreases the total land area devoted to urban
development and hence the total mass of emissions, rather than promoting low-density
development over larger areas (Jacob and Lopez, 2009).

6.8 Urban Form and Chemical Emissions

Asdiscussed in Section 6.2, demographic factors and factors related to urban form influence
the profile and quantities of chemical emissions in urban areas. For example, increasing
urban populations combined with increasing separate household numbers have increased
the rates and quantities of material and energy consumption and ensuing chemical emissions
in urban areas (Liu, J. G., et al., 2003). A second example is the influence of urban sprawl
and use of public transit on VKT and associated vehicular emissions (e.g. US EPA, 2004;
Lyons et al., 1990). Sprawled patterns of development also exacerbate urban warming
(Stone and Rodgers, 2001). Higher air temperatures increase energy consumption and
ensuing chemical emissions by increasing demand for air conditioning and by increasing
volatilization of POPs from contaminated materials such as electrical transformers and
building materials. This section examines three aspects of the relationship between urban
form and chemical emissions in urban areas: urban sprawl and emissions from motor
vehicles; the relationship between urban sprawl, urban warming and chemical dynamics in
urban areas; and trends in stormwater management. We include a discussion of vehicles
because of their emissions of PAHs and PCDD/Fs (Dyke et al., 2007).

6.8.1 Transportation, Urban Sprawl and Emissions

Urban form, including such aspects as transportation infrastructure, influences traffic
congestion and the number and length of passenger car trips taken in a city, thereby
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influencing contaminant emissions associated with motor vehicle use. The predominant
pattern in North American urbanization over recent decades, one where rates of conversion
of land for urban uses has exceeds the rate of population growth (Sorensen et al. 1997), is
commonly termed ‘urban sprawl’. As cities have sprawled and as private vehicles rather
than public transit have been adopted as the major mode of travel, the VKT per capita has
increased as well (US EPA, 2004). Increases in VKT are closely associated with concurrent
increases over time in the levels of PAH contamination of sediments in urban watersheds
(Donaghy and Schintler, 1998; Van Metre et al., 2000).

With respect to VKT and vehicular emissions, the absolute size or population density of
an urban area is not as important as other factors, including provision and rates of use of
public transit, access to other modes of travel, such as walking, and the specific arrangement
in space of residential, industrial, commercial and recreational functions in relation to one
another (Lyons et al., 1990; Badoe and Miller, 2000; Ewing ez al., 2002). Frank et al. (2000),
in their study of vehicle use in the Seattle area, found that emissions due to household
vehicles are inversely related to street connectivity and work tract employment density,
in addition to household density. The feasibility of reducing VKT by providing mass transit
is also affected by urban form, as demonstrated by recent work by Gilbert (2002), who found
that 2 million people in the Greater Toronto Area (GTA) live in areas too scattered to permit
the operation of an efficient, tethered transit system.

Mandated requirements regarding the control of vehicular emissions can lead to planning
decisions that ensure compliance (e.g. vehicle emission testing) but do not address the
origins of increased requirements for passenger car trips, e.g. road improvements versus
re-zoning to permit mixed land uses (Frank et al., 2000). Misconceptions regarding the
origin of sprawl also contribute to the continuing widespread approval of development
projects that exacerbate it (Bourne, 2001). The most commonly villified image of urban
sprawl is a residential cul-de-sac of single-family homes with wide expanses of green lawn.
In fact, decreasing suburban densities are not primarily driven by the residential sector,
but by low-density, nonresidential uses such as commercial, industrial, distributional and
recreational activities (Bourne, 2001).

Energy use may be used as a proxy for chemical emissions attributable to transportation.
Gilbert (2002) has linked higher per capita energy use to declining rates of automobile
occupancy and transit use in the Greater Toronto Area (GTA). Gilbert also found that energy
use in Ontario between 1990 and 1999 was virtually static in the residential and industrial
sectors while it increased by 23% each in the transportation and commercial/retail sector.
The largest portion of the increase in transportation energy use was in freighting; the
increase in energy use by passenger car travel was in fact below the rate of population growth
due to improved combustion efficiencies (Gilbert, 2002). Sahely et al. (2003), who
examined the urban metabolism of the GTA, found that from 1987 to 1999 gasoline and
diesel use increased by 27 and 67% respectively, the latter being significantly in excess of
population growth over the same period. The larger increase in diesel than gas consumption
in the GTA has implications for chemical emissions because diesel trucks emit approxi-
mately four times more particle-associated polycyclic organic matter (POM) and twice as
much PCDD/Fs than catalyst-equipped gasoline vehicles (Rogge ef al., 1993a; US
EPA, 1998; Chang et al., 2004). POM includes PAHs as well as aza-, carbonyl- and
imino-arenes, trace levels of PCDD/Fs and other toxic compounds (US EPA, 1998).
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6.8.2 Residential Density and Urban Heat Islands

The urban heat island effect has implications for chemical emissions in several ways.
Elevated temperatures increase the consumption of energy for air conditioning and other
cooling systems, with attendant increases in fossil fuel combustion-related contaminants
(Cardelino et al., 2001; Adams, 1999). Increased ambient air temperatures also increase
volatilization of POPs such as PCBs, PCNs and PBDEs from urban sources (Priemer and
Diamond, 2002; Helm and Bidleman, 2003).

The relationship between residential density and the urban heat island effect has been
recently investigated by Stone and Rodgers (2001). Observing that in Atlanta, Georgia,
ambient air temperatures in the ‘hot-spot’ of the city centre were of equal magnitude to a
hot-spot in a suburban county, the authors investigated whether a link could be established
between urban form and the magnitude of an urban heat island. In comparing the net
thermal emissions (radiant heat flux corrected for the radiant flux estimated to be generated
by a forested parcel of equal size) of single-family parcels, they found that expansive
forms of residential development emit more excess radiant heat energy per parcel than
denser, more compact residential development. They found that the quantity of land
devoted to lawns and landscaping, rather than the paved and shingled area, was most
strongly related to excess heat production in residential development in Atlanta. Although
this may seem counterintuitive, as vegetation itself mitigates urban warming, larger
suburban lots, despite their larger gardens, have a greater uncanopied area as well. The
effect, in absolute terms, is to increase the excess radiant heat energy emitted per single-
family unit.

6.8.3 Trends in Stormwater Management

Stormwater runoff is a significant challenge for managing urban chemical emissions and
their environmental impacts. In city cores, stormwater can empty untreated into surface
waters via combined sewer overflows, infiltrate soil and/or groundwater, and/or enter
WWTPs with sewage where it is treated before being discharged. In more recently
urbanized areas that are built at lower densities, the high cost of constructing centralized
treatment facilities, combined with a desire to reduce the negative impacts on surface
water of stormwater, have led to the use of stormwater management practices such as wet
and dry detention ponds, otherwise termed stormwater management (SWM) ponds.

SWM ponds are an improvement over past practices where stormwater entered surface
and/or groundwaters unchecked. SWM ponds retain coarse suspended solids and a fraction
of organic compounds (e.g. PAHs) and metals, thereby preventing their entering surface and
groundwater. Fine particles and their associated chemicals, as well as dissolved and
colloidal phase compounds, are not well retained by the ponds (VanBuren et al., 1996;
Marsalek et al., 1997). Thus, SWM ponds retain, but do not remediate, most contaminants
and nutrients associated with stormwater. Unfortunately, there is a tendency to overrate
the utility of SWM ponds in development applications and to ignore the exposure of biota to
the contaminants trapped in the ponds, and to even include the ponds in development
proposals as integral parts of ‘ecological corridors’ to satisfy regulatory requirements
(Diamond et al., 2002).
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One objective of best management practices (BMPs) for stormwater is to reduce water
volumes and attendant chemical loads by promoting localized management. These BMPs,
such as those promoting lot- and subdivision-scale infiltration, are principally based on water
management. Since stormwater quality diminishes with increasing impervious surface
coverage (Schueler, 1994), some of the management guidance could promote low-density
development. These approaches do not account for the fact that stormwater concentrations
from high-density developments are lower on a per capita basis than those from low-density
developments (GHK International et al., 2003; Jacob and Lopez, 2009), nor does simply
limiting impervious surface area, without enacting other ameliorative measures, necessarily
prevent downstream impacts on aquatic ecosystems (Roesner et al., 2001).

SWM ponds and other decentralized methods of stormwater management are predicated
on dilution and the assimilative capacity of the environment rather than on efficient chemical
treatment, and illustrate several issues confronting planners and policy makers with regards
to urban chemical emissions. Measures directed at containment alone defer, rather than
eliminate, a possible future need to remediate the contaminants considered. Stormwater
management that is based on geographically dispersed and unmonitored collection ponds
may be the basis of a future problem of localized hot-spots of soil and sediment contamina-
tion, particularly if and where some contemporary suburbs become economic foci and
subsequent infilling leads to higher population densities and more intense land use. The
hazards of such a scenario are amply demonstrated by cases where past industrial or
municipal landfill sites were unwittingly or irresponsibly redeveloped as residential sub-
divisions, leading to human exposures to the contaminant mixtures present at the sites and
costly remediation (International Institute of Concern for Public Health, 1998).

6.9 Future Directions

The hazards posed by urban environmental contaminants are not, of course, the only ones
posed to ecological and human health. Climate change, access to health care, the provision
and maintenance of sanitary and other infrastructure, and numerous other economic and
political factors variously impact on ecological and human health in cities. By some
measures, and in some locations, urbanites enjoy better health and well-being than their
rural counterparts, a difference thought to be due to socioeconomic factors, and access to
health care and other social institutions (Perdue et al., 2003). Policies to address urban
environmental health may be debated within a benefit-risk framework that considers the
multiplicity of economic, social and environmental factors that interact and underlie health
and well-being.

Nevertheless, urban contaminant emissions contribute to significant environmental
degradation and, at least, urban air pollution, including PAHs, are linked to human health
effects (e.g. Cohen et al., 2005; Perera et al., 2006). Evidence is emerging of the connection
between POP exposure and diabetes (Carpenter, 2008; Codru et al., 2007), as well as
exposure to air pollution and diabetes (e.g. Brook et al., 2008). However, whether the
POP-diabetes correlation is exacerbated by urban exposure pathways is not known. With
that larger perspective in mind, what are some of the main gaps in our scientific
understanding of contaminant dynamics in urban areas and what types of questions might
science address in the near future?



Contaminant Emissions in Urban Areas 197

6.9.1 Quantifying Rates of Emission

In contrast to studies of ambient contaminant concentrations in urban areas, comparatively little
work has determined rates of contaminant emissions, with the exception of PCBs (e.g.
Offenberg et al., 2005; Totten et al., 2006; Gasic et al., 2009). This information is of critical
importance to risk assessment studies and the design of effective policies and programmes
aimed at emissions reductions. There are numerous examples of national scale emissions
inventories of single-chemical or point-source. These do not account for many of the important
non-point sources of contaminants in urban areas, nor are they comparable due to differences in
categorization and research priorities in different jurisdictions (Seika et al., 1996).

6.9.2 Influence of Urban Areas on Chemical Fate

There are many unanswered questions regarding chemical interactions and fate processes.
What is the composition and impact of chemical interactions given the complex mixture
of chemicals emitted and found in urban matrices (e.g. enhanced rates of chemical reaction
and a wider range of transformation products)? What are the roles of urban form and
management practices in mediating transport dynamics (e.g. the implications of stormwater
management systems on total chemical fate)? Furthermore, what role do different types of
urban development patterns and heat island effects play with respect to contaminant fate?
Does the simplified vegetative community that is dominated by exotic species influence the
rate at which chemicals are ‘processed’ or accumulated?

6.9.3 Economic Activity, Urban Form and Chemical Emissions

How does the socioeconomic geography of cities affect chemical emissions? A case in point is
the deindustrialization of Western cities in favour of a service-based economy (Salzman, 1999),
which has contributed to achange in the profile of the sources, types and rates of urban chemical
emissions. What are the implications of the so-called ‘service-based economy’ in HICs for
patterns and rates of chemical emissions? What are the implications of chemical production,
product manufacturing, etc., in emerging economies or LIC? Similarly, as patterns of
consumption and technologies have changed, new considerations such as the overwhelming
volume of waste electronic and electrical equipment (WEEE) emanating from cities have
emerged (see also Chapters 5 and 8).

The literature does suggest that dense urban form provides opportunities to reduce per
capita emissions. The opportunity arises because, for example, (1) lower material and
energy inputs for infrastructure are necessary to support each resident than with low-density
development (hence a lower per capita stock of building materials and their associated
emissions), (2) transportation-related emissions can be reduced by the provision of afford-
able mass transit (mass transit for low-density developments is difficult to finance) and
(3) centralized waste management and treatment also becomes more economically efficient
and feasible.

6.9.4 From Dilution to Reduction

There is a need within environmental research to recognize that there are no perfect
measures for containment and remediation of contaminants associated with human settle-
ment, whether in soil, water or air quality. There probably never will be perfect measures,
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given the material basis of urban settlements: the importing of resources and energy from a
wide area and the subsequent storage of materials and discharging of wastes into the
comparatively confined area of a city. The implicit assumption that development can occur
with minimal impacts underlies mandated measures such as riverine setbacks and some
stormwater management strategies that rely on dilution and the environment’s assimilative
capacity rather than on emission reduction and treatment. However, these well-intentioned
measures that result in certain environmental benefits may also contribute to or justify urban
sprawl (Bourne, 2001; Jackson, 2003), which tends to contribute to greater overall chemical
emissions in the North American context. At a local level, arguments over urban develop-
ment, based on concerns about environmental impacts, tend to focus on debating the merits
of different options for environmental remediation or the control of emissions. Arguments
framed in this way tend to leave equally valuable questions unasked. For example, what
types of urban form are commensurate with the lowest per capita emission rates of various
contaminants? How can the relationship between rates of material and energy use and
emissions of different contaminants be quantified in order to strategize to minimize
emissions? Following from this, what combinations of economic, cultural and physical
factors contribute to lower rates of material and energy consumption?

Ultimately, whatever environmental and planning measures are chosen, some degree of
environmental degradation is inevitable in urban areas and, to a greater or lesser extent, in
surrounding areas as well. Nevertheless, the impact that urban areas have on regional
environmental quality and the quality of our food supply, the established trend of rapid urban
metropolitan growth (in both population and area) and prevailing high rates of resource
consumption all warrant deliberate efforts at mitigating the environmental effects of urban
areas.
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7.1 Introduction

Until relatively recently, it was held widely that human exposure to POPs occurred
predominantly via the diet. While this appears true for pollutants like dioxins, a burgeoning
portfolio of research has challenged this paradigm for those POPs with significant indoor
use patterns. For such pollutants, like brominated flame retardants (BFRs), polychlorinated
biphenyls (PCBs), and perfluorinated chemicals (PFCs), it appears reasonable to hypothe-
sise that their extensive deployment in indoor applications leads to contamination of indoor
air and dust, with resultant implications for human exposure via inhalation and ingestion.
Such potential exposures are compounded by the high proportion of time spent indoors —
estimated at 22 hours per day for UK adults (ECETOC, 2001). Furthermore, while there still
remains considerable uncertainty surrounding human dust ingestion rates, it is agreed
widely that they are greater for young children (USEPA, 1997, 2002).

This chapter will first review critically methods for monitoring BFRs, PCBs, and PFCs in
indoor air and dust. It will then summarise the concentrations in such matrices of these
contaminants, together with the factors that influence such contamination and its implica-
tions for human exposure, and will make recommendations as to future research needs in
this area.
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7.2 Methods of Sampling

7.2.1 Indoor Air

Sampling indoor air for POPs has been conducted via three approaches: (a) high-volume
active sampling (Currado and Harrad, 1998; Harrad et al, 2004), (b) low-volume active
sampling (Allen et al., 2007; Mandalakis et al., 2008), and (c) passive air sampling (Gevao
et al.,2006a; Harrad, Hazrati, and Ibarra, 2006; Mandalakis, Atsarou, and Stephanou, 2008;
Wilford et al., 2004). Each approach has benefits and disadvantages. These are summarised
in Table 7.1.

7.2.2 Indoor Dust

There are also a number of approaches taken to sampling indoor dust. It is important to
emphasise that the matrix under study is settled dust for which the exposure pathway is
ingestion (usually accidental, but for a small number of individuals, particularly young

Table 7.1 Relative attributes of active and passive sampling approaches to monitoring POPs
in indoor air

Sampling method Advantage Disadvantage
Active (high and Air sampling rates well-defined, Higher sampling rates
low volume) hence enhanced accuracy (~0.2-1 m*/min) can

mean volume of room
exceeded, hence
underestimation of
concentrations (high
volume only)

Higher sampling rates result in Noisy, obtrusive (less so for
lower detection limits (high low volume), and require
volume only) power supply, hence less

versatile with respect to
microenvironments in
which they can be
deployed (e.g. cars)
Higher sampling rates facilitate Expensive (especially high

study of short-term source- volume)

related concentration

variations (high volume only)

Passive Inexpensive Air sampling rates less
well-defined, hence less
accurate

Quiet, comparatively Air sampling rates derived
inobtrusive, and do not from a nontrivial
require power supply, hence calibration experiment

can be deployed in nearly all
microenvironments

Supply time weighted average
concentrations that are
suited ideally to monitoring
chronic exposure
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children, deliberate). This is distinct from suspended dust, for which exposure will occur via
inhalation. One approach to sampling dust is to take the contents of vacuum cleaners
(Harrad, Hazrati, and Ibarra, 2006; Wilford et al., 2005), donated by householders.
Advantages of this method are that it provides an integrated measure of contamination
and thus potential exposure from throughout the rooms in which it is deployed. It is also
cost-effective, and as it does not require the householder to allow a researcher access to their
home, makes donor compliance more easily achievable. A major disadvantage is that it does
not take account of the influence on exposure of within-house between-room variations in
contamination. If such variations are substantial, then a vacuum cleaner bag sample will not
reflect exposure to building occupants accurately if there is substantial discrepancy between
the proportion of time an occupant spends in the different rooms of the building and the
proportion of time that the cleaner was deployed in those rooms. Other disadvantages of the
vacuum cleaner bag sampling approach are that it is susceptible to problems with post-
sampling contamination (vacuum cleaner components may well be treated with BFRs and/
or PFCs), and/or loss due to volatilisation and/or degradation); that the vacuum cleaner may
have been used outside the home; and that the differences in ‘sampling rates’ of different
vacuum cleaners and the periods represented by each dust sample hamper true comparison
across samples.

An alternative (Abdallah, Harrad, and Covaci, 2008; Abdallah et al., 2008; Allen
et al., 2008b; Harrad, Abdallah, and Covaci, 2009; Harrad et al., 2008b, 2008c; Stapleton
et al.,2005; Wu et al., 2007) is to use members of the research team to procure samples using
the same vacuum cleaner for all samples. Although this can result in difficulties with
obtaining donor compliance it does facilitate comparability between samples obtained within
a given study. Another advantage is that it minimises sample contamination/loss issues by the
use of pre-extracted sample receptacles (e.g. soxhlet thimbles/‘socks’ — Harrad et al., 2008c;
Wau et al., 2007) placed within the ‘sampling train’ (furniture attachment), which are replaced
before taking each sample and are transported to the laboratory for storage under controlled
conditions as soon as practicable. However, this approach still has potential problems in
tackling the issue of the period represented by each sample. Specifically, there is no guarantee
that donors will adhere to the research team’s request that the room to be sampled should not
be vacuumed for a set number of days prior to sampling.

Even among those using the approach of researcher-procured samples, there are
potentially important variations in methodology. One is to sample the entire surface of
a given room until sufficient mass of dust is collected (cited as 15-30 minutes by Stapleton
et al., 2005) while the other is to sample a standardised floor area for a standardised time
period within each room (Abdallah, Harrad, and Covaci, 2008; Abdallah et al., 2008;
Harrad, Abdallah, and Covaci, 2009; Harrad et al., 2008b, 2008c). As discussed later, there
are within-room variations in dust contamination with BFRs (Harrad, Abdallah, and
Covaci, 2009; Harrad et al., 2008b). These mean that vacuuming the entire room may
oversample less-frequented parts of a room; equally that sampling one specific area of a
room may not give a complete assessment of contamination within the room. However, it
may be argued that the latter approach may provide a more biologically relevant dust sample
provided that the area sampled corresponds to the most-frequented part of the room.

At the current time, it is not clear as to whether using vacuum cleaner bags or researcher-
collected samples is more suitable. Allen et al. (2008b) compared concentrations of PBDEs
in vacuum cleaner dust with researcher-collected samples from 20 homes, finding only poor
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to moderate correlation between the concentrations detected in the two sample types, with
concentrations significantly lower in the vacuum cleaner dust. Although this confirms the
influence of the sampling method deployed, without matching measurements of body
burden for the occupants of the sampled homes, it does not indicate which approach
provides a more biologically relevant assessment of exposure. Similarly, there are no data
comparing contamination present in ‘whole-room’ as opposed to ‘specific-area’ dust
samples. This, combined with the absence of body burden measurements, means that no
definitive assessment of the relative biological relevance of the two methods can be made. In
conclusion, there is no universally agreed standard method for sampling indoor dust. Given
the respective pitfalls/advantages of each method deployed to date, and the uncertainty as to
which provides the most biologically relevant sample, there is currently insufficient
information available to allow the development of a standardised method of dust sampling.
In summary, it appears more important that the sampling method deployed is ‘fit-for-
purpose’ with respect to the specific aims of the study and that as much detail as possible
should be provided when reporting study results.

Alternative approaches to evaluating the magnitude of indoor contamination with POPs
have also been reported. Some studies have argued that lint from clothes dryers provides an
effective passive monitor (Pless-Mulloli ez al., 2006; Stapleton et al., 2005). While more
detailed study is required, there are two potential problems with this approach, viz: (a) it
may only be applied to those microenvironments in which clothes dryers are used and
(b) human ingestion of such lint would appear minimal. Another approach that has been
employed (with similar rationale to clothes dryer lint) is the sampling of dust from air
conditioning unit fans or filter blades (Tan et al., 2007a). Although this has the benefit of
sampling the atmosphere throughout the room in which it is deployed, this is of likely
minimal additional value over the monthly timescales over which more conventional
passive air samplers are deployed, and may only be applied in air-conditioned environ-
ments, thus limiting severely the environments in which it may be deployed.

7.3 Sources and Levels of Indoor Contamination

7.3.1 General Observations

While these vary depending on compound class, for all POPs considered in this chapter,
indoor—outdoor air concentration ratios exceed 1 (Abdallah, Harrad, and Covaci, 2008;
Currado and Harrad, 1998; Harrad, Hazrati, and Ibarra, 2006; Shoeib et al., 2004, 2005).
Hence, unlike ‘classical’ air pollutants like particulate matter, nitrogen oxides, and ozone,
there appears negligible influence of outdoor sources on the indoor environment.

In addition to the magnitude and number of potential sources, a number of factors can
influence levels of indoor contamination. In the first instance, the relative ease with which
different classes of POPs can undergo emission from products within which they are
incorporated will influence indoor contamination. For example, while the production
volume of TBBP-A far exceeds that of HBCD (BSEF, 2001), TBBP-A is present in far
lower concentrations than HBCD in indoor air and dust (Abdallah ez al., 2008). Abdallah
et al. (2008) attributed this observation to the fact that the principal use of TBBP-A is as a
reactive flame retardant, whereas HBCD is used as an additive flame retardant. While
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reactive flame retardants are bound covalently to the matrix (e.g. high impact polystyrene)
within which they are deployed, additive flame retardants are simply mixed with the treated
matrix; hence migration of additive flame retardants from treated products is markedly more
facile.

Secondly, following emission, the relative partitioning between air and dust for a given
compound will be influenced strongly by its physicochemical properties. Broadly, more
volatile pollutants, like lower chlorinated PCBs, will partition preferentially to air, while
those with lower vapour pressures, like BDE-209, HBCDs, and TBBP-A, will partition
preferentially to dust (Abdallah, Harrad, and Covaci, 2008; Abdallah et al., 2008; Harrad,
Hazrati, and Ibarra, 2006; Harrad et al., 2008b).

Additionally, it has been shown that photolytic isomerisation/degradation of HBCDs on
indoor dust occurs in a fashion that both reduces the concentration of THBCDs and effects a
marked shift from y- to «-HBCD (Harrad, Abdallah, and Covaci, 2009).

We will now address sources and levels of contamination of indoor air and dust for each
compound class.

7.3.1.1 Polychlorinated Biphenyls

Although their manufacture and new use was prohibited in most Western countries in the
late 1970s, there remains an essentially unquantified but likely substantial reservoir of these
chemicals within contemporary indoor environments. The most likely ongoing applications
for PCBs are their use in permanently elastic sealants used in building construction (e.g.
window caulking — Kohler ef al., 2005; Herrick et al., 2004) as dielectric fluids in capacitors
and transformers, and in acoustic ceiling tiles (Heinzow et al., 2004). Indeed, a survey of
Swiss buildings constructed between 1950 and 1980 showed the importance of elastic joint
sealants as a source of PCBs to indoor air (Kohler et al., 2005). Figure 7.1 shows how, in the
UK, PCB concentrations in indoor air are significantly higher in buildings constructed
during the period of UK manufacture and new use (1954—1979) than in those constructed
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Figure 7.1 Variation of concentrations of 3PCB in indoor air with date of building construction.
(Reprinted with permission from Environmental Science and Technology, Causes of Variability in
Concentrations of Polychlorinated Biphenyls and Polybrominated Diphenyl Ethers in Indoor Air,
by Hazrati, S., Harrad, S., 40(24), 7584-7589. Copyright (2006) American Chemical Society)
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Table 7.2 Summary of concentrations (pg/m>) of SPCBs in indoor and outdoor air samples
from selected studies

Study location; Matrix Minimum  Median  Average Maximum
number of samples

(Reference)

Birmingham, UK; Indoor air 487 3538 10725 101 762

n=92 (Harrad,
Hazrati, and
Ibarra, 2006)
Birmingham, UK; n= Outdoor air 76 - 290 1000
41 (Currado and
Harrad, 2000)

Switzerland; n=160  Indoor Air - 410 000 790 000 -
(Kohler
et al., 2005)

Massachusetts, USA;  Indoor air 5200 — 10000 (geometric 51 000
n=16 (Vorhees, mean)
Cullen, and
Altshul, 1997)

Massachusetts, USA;  Outdoor air 100 — 600 (geometric 8200
n=20 (Vorhees, mean)
Cullen, and

Altshul, 1997)

post-1979 (Hazrati and Harrad, 2006). Table 7.2 summarises the XPCB concentrations
detected in indoor air in a number of surveys worldwide, as well as those reported in outdoor
air to illustrate the substantial indoor—outdoor concentration gradient.

As noted earlier, the comparatively high vapour pressures of some (lower chlorinated)
PCBs implies that they will partition principally to indoor air, and this provides a plausible
explanation as to why comparatively little attention has been paid to their contamination of
indoor dust. However, a review of the available evidence suggests that dust may contain
substantial concentrations of PCBs. Table 7.3 summarises reported concentrations of
YPCBs in indoor dust (Harrad et al., 2008a; Tan et al., 2007b; Vorhees, Cullen, and
Altshul, 1999). In addition, a few other studies have reported concentrations of a limited

Table 7.3 Summary of concentrations (ng/g) of ZPCBs in indoor dust from selected studies

Study location; number Minimum Median Average Maximum
of samples (Reference)

Toronto, Canada; n=10 56.3 260 290 819
(Harrad et al., 2008a)

Singapore; n=31 (Tan <d.L 5.6 9.2 44
et al., 2007b)

Massachussetts, USA; n = 260 710 - 3600

15 (Vorhees, Cullen,
and Altshul, 1999)

Birmingham, UK; n=20 5.7 48 110 860
(Harrad et al., 2008a)

d.l. =detection limit.
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Table 7.4 Summary of principal applications of selected brominated flame retardants

BFR Application

Penta-BDE Printed circuit boards in electronics
Polyurethane foam in carpet underlays, furniture upholstery, etc.

Octa-BDE Acrylonitrile-butadiene—styrene (ABS) housing for electronic/electrical goods

Deca-BDE High impact polystyrene (HIPS) housing for electronic/electrical goods
Textiles

HBCD Extruded and expanded polystyrene for thermal insulation of buildings
Textiles

TBBP-A Printed circuit boards

ABS housing for electronic/electrical goods

number of individual PCB congeners in indoor dust (Colt et al., 2005; Rudel, Seryak, and
Brody, 2008; Rudel et al., 2003; Wilson, Chuang, and Lyu, 2001).

7.3.1.2 Brominated Flame Retardants

Details on the production volumes of the major BFRs may be found in Chapter 2, but
Table 7.4 summarises the principal uses of the same products.

Given the ubiquitous presence of many potential sources of PBDEs in indoor environ-
ments, many researchers have attempted to establish correlations between concentrations of
PBDEs in indoor air and dust and the number of potential PBDE-containing items (e.g.
electronics and PUF-containing furniture) in the same microenvironment. Such efforts have
met with limited success (Gevao et al., 2006a; Harrad et al., 2004; Hazrati and Har-
rad, 2006). However, as discussed by Allen et al. (2007), this is likely to be attributable to
misclassification of sources. This is because the PBDE content of goods will vary according
to their age and manufacturing origin —e.g. temporal and spatial trends in PBDE use patterns
alone will mean that a TV manufactured in one country in a given year may have a
substantially different PBDE content to another manufactured elsewhere at a different point
in time. As a consequence, Allen et al. (2008a) employed a portable X-ray fluorescence
(XRF) detector to measure the bromine content of potential PBDE-containing items. They
reported a markedly stronger correlation with PBDE concentrations in dust, when they
regressed against the Br content of goods, than when using a simple count. However, the use
of portable XRF detectors to identify better PBDE sources can still be confounded by
misclassification arising from the presence in tested goods of BFRs other than PBDEs, such
as HBCDs. Neither can it identify the type of PBDE present, which may be relevant in PCs
where the penta-BDE formulation may have been used to flame-retard the printed circuit
boards (Kemmlein, Bergman, and Jann, 2006), whereas deca-BDE was present in the high
impact polystyrene (HIPS) housing (Weil and Levchik, 2007). Furthermore, as the XRF can
only detect the presence of bromine close to the surface of the tested item, it may misclassify
PBDE-containing items where the PBDE is contained within a product (e.g. in printed
circuit boards inside computers).

Despite this problem of source misclassification, evidence exists of the role of specific
source items in influencing contamination. With respect to indoor air, Figure 7.2 illustrates
the findings of Hazrati and Harrad (2006), who reported an approximately 75% decrease in
concentrations of Xtri-hexa-PBDEs (equal for all individual congeners monitored) in an
office following the replacement of computers constructed in 1998, with one built in 2003 —
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Figure 7.2 Temporal (month-to-month) variation in concentrations (pg/m’) of SPCB and
3PBDE in office. (Reprinted with permission from Environmental Science and Technology,
Causes of Variability in Concentrations of Polychlorinated Biphenyls and Polybrominated
Diphenyl Ethers in Indoor Air, by Hazrati, S., Harrad, S., 40(24), 7584-7589. Copyright

(2006) American Chemical Society)

the role of enhanced ventilation in this decrease was deemed minimal owing to the
essentially constant levels of PCBs detected in the same samples. Furthermore, the
observation elsewhere (Kemmlein, Bergman, and Jann, 2006; Kemmlein, Hahn, and
Jann, 2003) that volatile emissions of PBDEs are enhanced due to unit heating during
use is consistent with the fact that concentrations were reduced by only ~30—40% during an
interim period where the office occupant used both the old and new computers. Similarly, a
recent paper has reported a substantial attenuation in concentrations of HBCDs in dust with
increasing distance from a TV set (Harrad, Abdallah, and Covaci, 2009). Likewise,
extremely high concentrations of PBDEs (and TBBP-A) in dust taken from inside TV
sets have been reported by Japanese researchers (Takigami ez al., 2008), and a marked
increase in concentrations of BDE-209 in dust was noted to coincide with the introduction
of a padded quilt cover and polyester fabric blinds (Harrad et al., 2008b).

While the above provides evidence that BFR-containing goods are a source to the indoor
environment, the mechanisms via which the BFRs migrate from goods to air/dust are not yet
wholly understood. For the relatively volatile PBDEs present in the penta-BDE formula-
tion, a number of studies have shown that their emissions occur as a result of volatilisation
facilitated by above-ambient temperatures arising during use of treated goods like printed
circuit boards within personal computers (Hazrati and Harrad, 2006; Kemmlein, Bergman,
and Jann, 2006; Kemmlein, Hahn, and Jann, 2003). Similar release pathways would appear
feasible for HBCD, given its similar volatility to BDE 99 (1.6 x 107 Pa for HBCD
(Kemmlein, Hahn, and Jann, 2003) cf. 6.82 x 107 Pa for BDE 99 (Wong et al., 2001)).
In contrast, given its lower vapour pressure (4.63 x 10°Pa (Kemmlein, Hahn, and
Jann, 2003)), volatilisation seems a less likely explanation for the extensive contamination
of indoor dust with BDE-209 that has been reported in several regions (Allen et al., 2008b;
Gevao et al., 2006b; Harrad et al., 2008b, 2008c; Pless-Mulloli et al., 2006; Schecter
et al., 2005; Sjodin et al., 2006; Tan et al., 2007a). Instead, recent research has been
focusing on other processes: viz: direct transfer of BDE-209 into dust settled on the surface
of treated goods; abrasion of fibres from flame-retarded textiles, or abrasion of particles
from the surfaces of treated electronic goods. (Webster et al., 2009).
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Table 7.5 lists concentrations of BFRs reported in indoor air, along with typical
concentrations in outdoor air for comparison. As for PCBs, the available data show that
indoor concentrations exceed those detected outdoors by typically around an order of
magnitude. Table 7.6 summarises current knowledge of the concentrations of BFRs in
domestic indoor dust. For both indoor air and dust, it is of note that indoor concentrations of
tri-hexa-BDEs are markedly higher in North America than elsewhere. This has been
attributed widely to the far greater North American usage of the penta-BDE formulation.
In contrast, concentrations of both HBCDs and BDE-209 in UK and US dust are not
significantly different (suggesting that transatlantic differences in usage are less marked for
these BFRs). Also noteworthy is that the substantial range of concentrations and discrep-
ancy between median and average values demonstrate that the data are lognormally
distributed. The exposure implications of these observations are explored later.

7.3.1.3 Perfluorinated Chemicals

Fuller details of the applications of PFCs may be found in Chapter 3. The database on indoor
contamination with these chemicals is to date less comprehensive than for either PCBs or
PBDEs, but summaries of concentrations of selected PFCs in both indoor (and outdoor) air
and indoor dust are given as Tables 7.7 and 7.8.

7.4 Relative Significance of Indoor Exposure

The previous section demonstrates clearly that concentrations of the POPs under consider-
ation in this chapter are markedly higher in indoor air and dust than those detected in the
corresponding matrices (air and soil respectively) outdoors. It is therefore pertinent to
evaluate the significance of human exposure that arises from such indoor contamination
relative to dietary exposure.

Indoor exposures are a function of the following factors, viz:

e contaminant concentration in air or dust in a given microenvironment;
e proportion of time spent in a given microenvironment;

¢ inhalation rate (for air);

e ingestion rate (for dust).

Additionally, there is the crucial consideration of the extent to which such external
exposure translates into internal exposure or body burden. To date, there is only one paper
that makes a definitive link between indoor contamination (specifically of dust) and body
burden for PBDEs (Wu et al.,2007). While there are few data relating to such bioavailability
issues for indoor air and dust, the situation is not appreciably less certain than for dietary
exposure. An important recent study (Huwe et al., 2008) has compared the bioavailability of
PBDESs administered to rats in both indoor dust and in corn oil. While there was considerable
congener-specific variation in uptake, there were no significant differences in uptake for a
given congener regardless of whether it was administered in dust or corn oil.

Given this evidence of similar availability of PBDEs associated with dust and diet,
Table 7.9 summarises data on how contamination of indoor dust (and air) contributes to UK
estimates of external human exposure to BFRs relative to dietary exposures. It is apparent



Table 7.5 Summary of concentrations of brominated flame retardants (pg/m’) in indoor and outdoor air from selected studies

Study location; Statistical a-HBCD B-HBCD y-HBCD XHBCDs TBBP-A BDE-47 BDE-99 Xtri-hexa- BDE-209

matrix; number of parameter/ BDEs?

samples (Reference) BFR

Birmingham, UK; Minimum 13 4 39 67 4 1.9 <d.l. 3.8 -
indoor air; n = 62 Median 38 20 112 172 17 15 13 47 -
(HBCDs), 14 Average 65 31 170 266 18 49 37 110 -
(TBBP-A), 92 Maximum 430 288 707 1291 33 568 634 1416 -
(tri-hexa-BDEs)

(Abdallah,
Harrad, and
Covaci, 2008;
Harrad,
Hazrati, and
Ibarra, 2006)

Birmingham, UK; Minimum 2.3 0.9 31 34 0.7 0.29 0.08 0.49 -
outdoorair;n=5 Median 2.9 1.0 33 37 0.7 5.0 1.5 8.7 -
(HBCDs and Average 3.0 1.1 33 37 0.8 6.1 1.9 10.4 -
TBBP-A), 110 Maximum 3.7 1.2 35 40 0.9 17.4 5.6 29.9 -
(tri-hexa-BDEs)

(Abdallah,
Harrad, and
Covaci, 2008;
Harrad and

Hunter, 2006)
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Ottawa, Canada;
indoor air
(outdoor air in
parentheses);
n=74 indoor, 7
outdoor (Wilford
et al., 2004).

For BDE-209,
Ontario, Canada;
outdoor air;
n=235 (Gouin

et al., 2006)

Boston, USA;
indoor air from
main living
area; n=20
(Allen et al.,
2007)

Kuwait; indoor air,
homes (offices in
parentheses);
n=46 homes,
24 offices
(Gevao
et al., 2006a)

Minimum
Median
Average
Maximum

Minimum
Geometric
Mean
Average
Maximum

Minimum
Median
Average
Maximum

<d.l. (<d.l.) <o|| (<d.l) 2.0(<d.l.)

66 (0.88) 5(1.4) 100 (2.6)
160 (0.87) 2 (1.1) 260 (2.2)
1600 (1.9) 890 (1.9) 3600 (4.4)
<62 <49 82
145 60 289
2371 553 3512
6 (19) 2.4 (2.3) 8.2 (8.6)
9.1 (19) 4.4 (6.7) 15.2 (32.7)
101 (274) 36.2 (77.6) 136 (390)

<d.l.

19
105

<48
94

651
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Table 7.6 Summary of concentrations of brominated flame retardants (ng/g) in domestic indoor dust from selected studies

N
S
Study location; Statistical a-HBCD B-HBCD y-HBCD  =HBCDs TBBP-A BDE-47 BDE-99  Ztri-hexa- BDE-209 -
number of samples  parameter/ BDEs 3
(Reference) BFR %
S
Birmingham, UK; Minimum 22 9 70 140 <d.l. 1.2 2.8 7.1 <d.l. 5
n=233, 30, and Median 380 93 670 1300 62 10 20 46 8100 o3
18 for HBCDs, Average 3200 1000 4200 8300 87 15 36 77 260000 S
tri-hexa-BDEs, Maximum 66 000 26 000 75 000 140 000 382 58 180 250 2200000 &
and BDE-209 3
respectively £
(Abdallah, 2
Harrad, and 2
Covaci, 2008;
Harrad
et al., 2008b)
UK; n=10 Minimum - - - 940 <d.l. 10 18 - 3800
(Santillo Median - - - 3250 <d.l. 24.8 44 - 7100
et al., 2003) Average - - - 3160 116 223 287 - 9820
Maximum - - - 6900 340 1980 2100 - 19 900
Ottawa, Canada; Minimum - - - - - 21 19 647 74
n=68 (Wilford  Median - - - - - 300 430 900? 630
et al., 2005) Average - - - - - 1100 1800 45007 1100
Maximum - - - - - 33 000 60 000 170 000? 10 000
Toronto, Canada; Minimum 25 6 34 64 - 47 80 160 290
n=38,10,and7  Median 300 72 230 640 - 140 330 620 560
for HBCDs, Average 340 70 260 670 - 300 510 1100 670
tri-hexa-BDEs, Maximum 670 130 470 1300 - 720 1800 3600 1100
and BDE-209
respectively
(Abdallah
et al., 2008;
Harrad

et al., 2008c¢)



Amarillo/Austin,
Texas, USA; n
13,20, and 17
for HBCDs,
tri-hexa-BDEs,
and BDE-209
respectively
(Abdallah
et al., 2008;
Harrad
et al., 2008c)

Boston,
Massachusetts,
USA; n=46
(Wu et al.,
2007)

Dallas, Texas,
USA; n=9
(Schecter
et al., 2005)

Kuwait; n=17
(Gevao
et al., 2006b)

Wellington, New
Zealand; n=
20 (Harrad
et al., 2008c)

Singapore; n=31
(Tan et al.,
2007a)

Minimum
Median
Average
Maximum

Minimum
Median
Average
Maximum

Minimum
Median
Average
Maximum
Minimum
Median
Average
Maximum
Minimum
Median
Average
Maximum
Minimum
Median
Average
Maximum

17
80
260
1800

6
28
56

300

79
300
490

2000

110
390
810
4000

49
364
1621
10540

240
670

14610

49
364
1621
10540

0.11
2.7
6.6

65.2

3.3
13
20

150

<d.l.
20
110

1500

79
612

2295
13840

290
1010

14800

79
612

2295
13840

0.04
3.4
6.0

35.8

6.4
47

87

380

<d.l.

24
340
6300

310
1600
3000

14 000

590
1910

34 400

920
1300
1600
3300

<d.l.
<d.l.

9600
536

665
8567

65 780

“Includes 183 and 190.

bIncludes 183.
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Table 7.7 Summary of concentrations of perfluorinated substances (pg/m’) in indoor and outdoor air from selected studies

Study location; Statistical parameter/ 6:2 FTOH 8:2 FTOH 10:2 FTOH MeFOSE EtFOSE MeFOSEA  EtFOSEA

matrix; number of PFS

samples (Reference)

Ottawa, Canada; Minimum - - - 366 227 12 5.9
indoor air; n=>59 Geometric mean - - - 1490 744 29 40
(Shoeib Average - - - 1970 1100 35 59
et al., 2005) Maximum - - - 8190 7740 109 646

Ottawa, Canada; Minimum - - - 76 80 <d.l. <d.l.
Outdoor Air; n=7  Geometric mean - - - 82 88 <d.l. <d.l.
(Shoeib Average - - - 83 88 <d.L <d.L
et al., 2005) Maximum - - — 99 106 <d.l. <d.l.

(a) Tromso, Norway; Geometric mean (indoor) 3000 3400 3600 6400 5800 6600 6600
indoor air; n=4; Average (outdoor) 190 240 65 48 17 7.6 10
(b) Manchester,

UK; outdoor air
(02-03/05); n=2
(Barber

et al., 2007)

Hamburg, Germany; Minimum 33 62 16 5.3 2.9 3.4 1.3
outdoor air; n=7 Median - - - - - - -
(Jahnke Average 66 119 35 41 14.3 9.0 3.1
et al., 2007) Maximum 149 275 93 107 39 20 5.9
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Table 7.8 Summary of concentrations of perfluorinated substances (ng/g) in indoor dust from selected studies

Study location; number  Statistical 6:2 8:2 10:2  MeFOSE EtFOSE MeFOSEA EtFOSEA PFOS PFOA  PFHXxS
of samples (Reference)  parameter/PFS ~ FTOH FTOH FTOH
Ottawa, Canada; n=66 Minimum - - - 3.3 1.4 0.7 <d.l. - - -
(Shoeib et al., 2005) Geometric mean - - - 113 138 7.9 <d.l. - - -
Average - - - 412 2200 14 <d. - - -
Maximum - - - 8860 75 440 44 <d.l. - — —
Ottawa, Canada; n=67 Minimum - - - - - - - 2.3 1.2 2.3
(Kubwabo Median - - - - - - - 38 20 23
et al., 2005) Average - - - - - - - 444 106 392
Maximum - - - - - - - 5065 1234 4305
Japan; n=16 (Moriwaki, Minimum - - - - - - - 11 69 -
Takata, and Median - - - - - - - 22 160 -
Arakawa, 2003) Average - - - - - - - 176 354 -
Maximum - - - - - - - 2500 3700 -
Ohio and North Minimum <dl. <dl <d.l - - - - <dl.  <d.L <d.l.
Carolina, USA; Median 24 33 31 - - - - 201 142 46
n=112 (Strynar and  Average 75 167 96 - - - - 761 296 874
Lindstrom, 2008) Maximum 804 1660 883 - - - - 12100 1960 35700
Birmingham, UK Minimum - - - - - - - 85 42 -
(school classrooms);  Median - - - - - — - 1200 220 -
n=20 (Goosey, Average - - - - - - - 1300 240 -
Abdallah, and Maximum - - - - - — - 3700 640 -

Harrad, 2008)
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Table7.9 Summary ofrelative significance (%) of exposure of UK adults and toddlers to selected BFRs via dust ingestion, inhalation, and diet under

various scenarios

% contribution to overall exposure

BFR

Mean dust intake scenario (assuming concentrations of ingested dust and air at different specified levels, but uniform

dietary exposure)

Toddler (6-24 months)

swenjjod 21uediQ alsISIdd 7T

5th %ile Average Median 95th %ile 5th %ile Average Median 95th %ile
>tri-hexa-BDEs  Air 0.2 0.1 2.2 7.3 0.0 0.3 0.7 1.7
Dust 0.3 2.2 4.3 18.1 1.3 4.8 14.0 45.8
Diet 99.5 97.7 93.5 74.6 98.7 94.9 85.3 52.5
BDE-209 Air - - - - - - - -
Dust 9.5 46.7 94.2 98.9 14.2 69.6 98.1 99.7
Diet 90.5 53.3 5.8 1.1 85.8 30.4 1.9 0.3
XHBCDs Air 0.5 0.9 0.9 1.2 0.2 0.2 0.2 0.1
Dust 1.4 239 7.2 52.5 5.5 62.6 26.5 85.8
Diet 98.1 75.2 91.9 46.3 94.3 37.2 73.2 14.1
TBBP-A Air 5.9 6.4 6.8 6.3 0.0 2.0 2.6 1.1
Dust 11.8 34.0 29.5 50.0 92.9 89.8 86.8 94.4
Diet 82.4 59.6 63.6 43.8 7.1 8.2 10.5 4.4
High dust intake scenario (assuming concentrations of ingested dust and air at different specified levels, but uniform
dietary exposure)
>tri-hexa-BDEs  Air 0.2 0.8 2.0 5.8 0.0 0.3 0.5 0.7
Dust 1.9 8.7 18.9 37.1 6.5 25.2 45.3 68.8
Diet 98.9 95.7 87.4 59.0 95.0 83.5 60.0 221



BDE-209 Air
Dust
Diet

XHBCDs Air
Dust
Diet

TBBP-A Air
Dust
Diet

21.1
78.9

0.3
1.7
98.1

4.9
26.8
68.3

68.6
31.4

0.4
28.0
71.6

4.2
56.3
394

97.6
2.4
0.4
8.8

90.8

4.8
50.0
45.2

99.6
0.4
0.5

57.9

41.5

3.5
71.7
24.8

39.0
61.0

0.1
10.0
89.9

0.0
92.9
7.1

90.0
10.0

0.1
74.6
25.3

0.5
97.3
2.2

99.5
0.5
0.1

33.4

66.5

0.7
96.5
2.8

100.0
0.0

0.0
91.5
8.4

0.3
98.6
1.1

Data taken from:

For Ztri-hexa-BDEs, air, diet, and dust data taken from Harrad, Hazrati, and Ibarra, 2006, and Harrad et al., 2004 and 2008b respectively.
For BDE-209, no indoor air data available for the UK; dust data taken from Harrad et al., 2008b, and diet data taken from UKFSA, 2006a.

For HBCDs and TBBP-A, air and dust data taken from Abdallah, Harrad, and Covaci, 2008.
For HBCDs, diet data taken from FSA, 2006a.
For TBBP-A, diet data taken from de Winter-Sorkina et al., 2003.

Mean dust ingestion rates assumed to be 20 mg/day (adults), 50 mg/day (toddlers).
High dust ingestion rates assumed to be 50 mg/day (adults), 200 mg/day (toddlers).

SJUSWIUOIIAUF JOOPU| JO UOIBUIIEIUOD) Y |

sce



226  Persistent Organic Pollutants

that indoor exposures (in particular the ingestion of dust) constitute an important pathway of
exposure. Furthermore, for some individuals — usually young children — ingestion of dust
can represent the principal exposure pathway. UK data are presented in Table 7.9 as it is for
this country that the most complete data set exists at the present time — there is in particular a
dearth of up-to-date dietary exposure data for North America. However, it should be noted
that while indoor contamination with most BFRs is similar in North America and Europe,
concentrations of tri-hexa-BDEs in indoor dust are significantly higher in North America
(see Table 7.6). As a consequence, the significance for North Americans of dust ingestion as
an exposure pathway to these congeners has been deemed even higher than shown in
Table 7.9 for the UK (Jones-Otazo et al., 2005; Lorber, 2008).

Despite the evidence that PBDEs in dust and diet are bioavailable to similar degrees, it is
still important to evaluate the extent to which estimates of external exposure via indoor
pathways translates into internal exposure. To that end, as described above, previous surveys
of the concentrations of PBDEs in indoor air and dust are lognormally distributed (Harrad,
Hazrati, and Ibarra, 2006; Wilford ez al., 2005). Such heterogeneity has been suggested as a
possible explanation for reports that while most human tissue samples display relatively
similar levels of PBDEs, some individuals display significantly higher contamination
(Petreas et al., 2003; Thomas et al., 2006). The plausibility of such a causative link
between exposure via ingestion of indoor dust and human body burdens is supported further
by the recent report of a statistically significant correlation between PBDE concentrations in
human milk and those in indoor dust from the homes of US donors (Wu et al., 2007).
Furthermore, a recent study examined, via an analysis of handwipes, the concentrations of
PBDEs present on the hands of 33 US individuals (Stapleton et al., 2008). The close
resemblance between the congener pattern observed on the handwipes and in household
dust suggests strongly that dust particles are the source of PBDEs on hands. Although the
authors cautioned that the PBDE handwipe residues may also be due to direct contact with
PBDE-treated goods like remote controls, their estimates of exposure that would arise from
hand-to-mouth contact are consistent with estimates reported as arising from dust ingestion.

Table 7.10 summarises the relative contribution of indoor air inhalation and diet to UK
human exposure to XPCBs. Clearly, inhalation has the potential to make a significant
contribution to the exposure of the UK population. While there are relatively few data
available on which one may base a reliable estimate of human exposure to PCBs via indoor
dust ingestion, an indication of its likely significance may be derived from Harrad
et al. (2008a) who estimated that a UK toddler ingesting 200 mg/day of dust contaminated
at the 95th percentile concentration (a high end exposure scenario) would receive 54 ng
2PCB/day. From Table 7.10, this reveals dust ingestion to contribute up to 15% of toddler
exposure. While not of the same magnitude as for some BFRs, the significantly higher PCB
concentrations in Canadian household dust reported by Harrad et al. (2008a) suggest that
dust ingestion may be more important in North America. The possibility of substantial
international variation in the contribution of dust ingestion to overall PCB exposure is
supported by Tan et al. (2007b), who concluded that when compared to dietary exposure,
ingestion of indoor dust made only a very low contribution to the exposure of the
Singaporean population.

With respect to exposure to PFCs, there are as yet too few data to assess fully the relative
contribution of indoor and dietary exposures. The most detailed evaluation to date was
conducted for Canadian adults by Tittlemeir ez al. (2007). Using their own dietary exposure
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Table 7.10 Summary of relative significance (%) of exposure of UK adults and toddlers to
3PCBs via inhalation and diet

% contribu- Adult Toddler (624 months)
tion to sum ) .

ofinhalation 2th . Median Average 95th ' 5th . Median Average 95th .
and dietary percentile percentile percentile percentile
exposure?

Air 4.2 15.0 30.6 63.3 1.4 5.4 12.6 36.4
Food 95.8 85.0 69.4 36.7 98.6 94.6 87.4 63.6

“Assuming uniform dietary exposure (340 ng XPCB/day; Wearne et al., 1996), butinhalation of air contaminated at different
specified levels (Harrad, Hazrati, and Ibarra, 2006).

data alongside estimates for other exposure pathways derived from other studies; they
estimated dust ingestion at 28 ng/day to contribute 6.8% of combined dietary, inhalation,
and dust ingestion exposure to PFOS and PFOA. They deemed inhalation exposure minimal
owing to the low vapour pressures of these PFCs. The estimate of exposure via dust ingestion
generated by Strynar and Lindstrom (2008) for US adults was — at 46 ng/day — in broad
agreement with that of Tittlemeir ez al. (2007). However, no US dietary exposure estimate
exists at present. The UK’s Food Standards Agency has provided an estimate of UK dietary
exposure to a range of PFCs including PFOS and PFOA (UKFSA, 2006b). This enabled
Goosey, Abdallah, and Harrad (2008) to place in context their estimates of exposure via dust
ingestion of children attending UK primary schools. Under a high exposure scenario (i.e.
assuming children ingested 200 mg dust/day reduced pro rata to the time spent in the
classroom, and that the dust was contaminated at the 95th percentile concentration) and
comparing to high level, lower bound dietary exposures, dust ingestion contributed 17% and
27% of the sum of dust ingestion and dietary exposures to PFOS and PFOA respectively.
Importantly, Goosey, Abdallah, and Harrad (2008) found that combined dust and dietary
ingestion exposures were well below the UK government’s provisional tolerable daily
intakes for these contaminants. In summary, while it appears that indoor exposures to PFCs
may not be as significant as for some BFRs, they are still appreciable, and it must be noted
that the situation may not be the same for PFCs other than PFOS and PFOA.

7.5 Uncertainties in Estimates of Exposure via Dust Ingestion
and Indoor Air Inhalation

While there is a substantial body of evidence that suggests dust ingestion and indoor air
inhalation are significant pathways of exposure, it is important to note that there remains a
degree of uncertainty regarding the absolute magnitude of the exposure estimates upon
which such evidence is based. We discuss here the principal causes of such uncertainty.

7.5.1 Dust Ingestion Rates

There is considerable uncertainty surrounding dust ingestion rates, with those used
derived from a very small number of studies using primary data collection (see
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USEPA, 1997, 2002). This is underlined by the recent suggestion that the practice of
basing estimates of human exposure on a ‘default’ dust ingestion rate, regardless of the
dust loading of the room, may not always be appropriate. To illustrate, consider two
identically dimensioned and ventilated rooms containing identical contaminant emission
strengths but different dust loadings. In which will exposure be greater? One may
hypothesise that there would be a lower mass-based concentration of contaminant due to
dilution in the dustier room, but to what extent will the reduced exposure arising from the
lower mass-based contaminant concentration be mitigated by a greater dust ingestion rate
in such a microenvironment? As indicated above, there are currently no data addressing
the influence of dust loading on dust ingestion rates, and research to fill this data gap
would appear a priority. In contrast, recent preliminary data have examined the extent to
which higher dust loadings ‘dilute’ concentrations of PBDEs and HBCDs in dust (Harrad,
Abdallah, and Covaci, 2009; Harrad et al., 2008b). A plot of dust loading versus BFR
concentration should be linear with a negative slope, provided: (a) BFR emissions in the
room remain essentially constant throughout the monitoring period and (b) the sources of
the dust and of BFRs are independent. Figures 7.3(a) and (b) illustrate such a relationship for
BDE-99 and ZHBCDs in two rooms in which BFR concentrations in dust were measured
once a month over a 9—10 month period. These figures suggest that the concept of ‘dilution’
may occur, but it should also be noted that no such relationship was apparent in the two other
rooms studied.

7.5.2 Air Sampling Artefacts

To date there has been only one study that has deployed personal air samplers to monitor
inhalation exposures (Allen et al., 2007). This study compared airborne concentrations of a
full suite of PBDEs measured using fixed point area samplers in a given individual’s home
with those measured using a personal exposure monitor fixed to the individual’s lapel within
30cm of the breathing zone while they were at home. Each home studied had an area
sampler operational in both the bedroom and the main living area. The equipment used for
both area and personal sampling was identical and fitted with both a particulate filter and a
vapour phase sorbent. While concentrations of lower brominated congeners like 17 and 28
were not significantly different when measured by either personal or area monitors, those of
more highly brominated congeners like 47, 99, 100, 153, 154, and 209 were significantly
higher (by fourfold for BDE-209) when measured by the personal monitors. The authors
attributed this to the fact that the personal monitor measurements for the higher molecular
weight and thus more particulate phase-associated congeners were influenced by the
‘personal cloud’ effect, whereby human activities resuspend particulates and thus increase
exposure to associated contaminants. As the vast majority of studies to date have not utilised
personal exposure monitoring, it seems quite possible that such studies have underestimated
exposure via inhalation.

7.5.3 Biological Relevance of Samples: Within-room/building Spatial
and Temporal Variability of Contamination

As discussed earlier, it is also important to evaluate whether a single ‘spot’ measurement of
contaminant concentration in air and/or dust from a given microenvironment represents a
biologically relevant sample. Where not all of the surface area of a room is sampled to obtain
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Figure 7.3 Relationship between dust loading and concentrations of: (a) BDE-99 and
(b) XHBCD:s in indoor dust. Negative linear correlation is indicative of ‘dilution’” of BFRs at
higher dust loadings

adust sample, one must consider the impact of within-room spatial variability. The extent of
such variability in concentrations of both PBDEs and HBCDs in dust has been studied
(Harrad, Abdallah, and Covaci, 2009; Harrad et al., 2008b). The findings suggest that while
in many rooms it will not influence exposure estimates significantly, in some microenvir-
onments it exceeds substantially the measurement uncertainty. In contrast, while it has not
been quantified for indoor air, it would seem unlikely to be significant, given atmospheric
mixing.

In addition to within-room spatial variability, within-room temporal variability in both air
and dust contamination has been the subject of several recent studies. For air, Hazrati and
Harrad (2006) reported appreciable (but not always statistically significant) seasonal
variation in concentrations of PCBs and tri-hexa-PBDEs in four homes and four offices.
The seasonal variability was less pronounced than observed widely for PCBs in outdoor air
(e.g. Currado and Harrad, 2000; Hillery et al., 1997). This was attributed to: (a) the narrower
temperature range indoors and (b) the mitigation of summer peaks in concentration due to
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enhanced ventilation counteracting temperature-driven volatilisation during warmer
months. Although this study appears the only data available for PBDEs, its findings
regarding seasonal variation are consistent with earlier studies for PCBs. Specifically,
concentrations of six PCB congeners in ten indoor environments in summer and winter
were found to be significantly higher in summer, despite room temperatures being fairly
constant throughout the year (Balfanz, Fuchs, and Kieper, 1993). Similarly, concentra-
tions of dioxin like PCBs in five indoor environments in summer exceeded those in winter
(Volland et al., 2005), while two other studies have reported positive correlations between
PCB concentrations in indoor air and the temperature of the room (Benthe et al., 1992;
Kohler et al., 2005).

Changes in room contents may also influence strongly airborne contamination. Hence,
studying within-room temporal variation offers insights both into the validity of basing
exposure assessments on a single spot measurement of contamination, as well as source
attribution. As shown in Figure 7.2, Hazrati and Harrad (2006) reported an approximately
75% decrease in concentrations of Xtri-hexa-PBDEs (equal for all individual congeners
monitored) in office air following the replacement of a computer constructed in 1998 with
one built in 2003.

More recently, there have been three studies of within-room temporal variability in the
contamination of dust with PBDEs (Allen et al., 2008b; Harrad et al., 2008b) and HBCDs
(Harrad, Abdallah, and Covaci, 2009). The study of Allen et al. reported no significant
change in concentrations of penta- and deca-BDE congeners in dust samples taken from the
same rooms (n = 40) eight months apart. Conversely, the same authors reported a significant
difference in concentrations of the octa-BDE congeners in the same sample set.

The temporal variability in concentrations of PBDEs in dust samples taken at monthly
intervals in the same three home microenvironments over a 9—10month period was
monitored by Harrad et al. (2008b). The variability in the entire dataset of 9-10 monthly
samples within each room expressed as the relative standard deviations (RSDs) of
concentrations (ng XBDE/g) ranged between 58 and 166%, indicating at least moderate
temporal variability. This was underlined further by the fact that in the three rooms studied,
the maximum Xtri-hexa-BDE concentration (ng/g) exceeded the minimum by a factor of
~50, 3.5, and 5.5 in the three homes studied, while for BDE-209, the corresponding figures
were 7.5, ~400, and ~35.

Harrad, Abdallah, and Covaci (2009) conducted a similar examination of the temporal
variation in concentrations of HBCDs in dust from the same three rooms as those
characterised for PBDEs by Harrad et al. (2008b). RSDs of concentrations of XSHBCDs
in these samples (27-190%) were broadly in line with those for PBDEs. Furthermore, the
maximum concentration (ng tHBCDs/g) exceeded the minimum by a factor of 2.6, 224, and
4.0 in the studied rooms. Clearly, substantial variation in estimates of exposure is possible,
depending when a given room is sampled. In both papers, the authors were able to attribute
most of the temporal variability to changes in the contents of the rooms studied; for example,
the temporary removal and reintroduction to one room of a TV shown elsewhere in the study
to be a substantial source of HBCDs was demonstrated to coincide with significant changes
in concentrations of HBCDs in dust.

The substantial temporal variations in the contamination of individual rooms reported by
Harrad et al. (2008b) may —in combination with the observed short (15 day) human half-life
of BDE-209 (Thuresson et al., 2006) — provide an explanation for the marked (order of
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magnitude) fall in contamination with BDE-209 of blood serum from members of one
family sampled 90 days apart (Fischer et al., 20006).

With respect to within-building variations in concentrations of POPs in dust, there
appears to be only one study. In this, Allen et al. (2008b) reported that concentrations of
penta- and deca-BDE congeners were on average significantly higher in the main living area
compared to the bedroom in 20 homes. The same authors detected no significant difference
in concentrations of octa-BDE congeners for the same sample set.

More data exists for indoor air, with within-building variations in concentrations of PCBs
and PBDE:s in air reported by Hazrati and Harrad (2006). In this study, sampling was
conducted simultaneously in two separate rooms within the same three buildings (two
homes and one office building) for 9—12 months. While concentrations of PBDEs and PCBs
were not significantly different between the two rooms monitored in one home, this was
considered to be due to the fact that the rooms (living room and bedroom) were contiguous
and that the connecting door was usually kept open. In contrast, concentrations of all PBDEs
and the most abundant PCB congeners were significantly higher in the bedroom as opposed
to the living room in another home where the two rooms were on different floors. The
authors could not attribute the concentration differences to differences in the number and
nature of emission sources. Instead they suggested that the higher temperatures in the first
floor room may have resulted in higher volatile emissions or that the lower concentrations in
the ground floor room may have been attributable to higher ventilation rates.

In the office building (constructed in 1998), concentrations of all bar two PCB congeners
(i.e. PCB 17/18, and 32) in the two rooms studied were statistically indistinguishable. In
contrast, the concentrations of all PBDE congeners monitored differed significantly
between the two rooms. As overall building characteristics were similar for both rooms,
variations in concentrations were considered due to differences in room usage pattern (e.g.
computer usage and type/age/manufacturer, and room ventilation rates) and the presence of
different source types and numbers in the rooms. For instance, while one room contained
seven PUF containing chairs and six PCs, the other housed one PC and four chairs.

The same study also monitored concurrently during one month four rooms located in
different floors of another office building constructed in 1965 during the period of peak PCB
usage in the UK. While concentrations of PBDEs showed only moderate variability between
rooms (from 10 to 50 pg/m?), concentrations of ZPCB in one room were — at 43 ng/m> —
about an order of magnitude higher than in the rest. While the authors could identify no
obvious differences in potential sources of PCBs (or PBDEs) in the four rooms studied,
principal component analysis revealed that while the vast majority of indoor air samples
displayed a congener pattern that resembled closely that of the Aroclor 1016 and 1242
commercial formulations, the PCB congener pattern displayed in the outlier room was
distinct and resembled most closely Aroclor 1248.

7.6 International Differences in Indoor Contamination

Of additional interest is the cause(s) of the observed order of magnitude higher concentra-
tions of tri-hexa-BDEs (i.e. those present in the penta-BDE commercial formulation) in
human tissues from North America compared to elsewhere (Hites, 2004). It has been
suggested that these differences may be due to intercontinental variations in exposure via
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ingestion of indoor dust (Harrad, Hazrati, and Ibarra, 2006; Schecter et al., 2003). Estimates
of dietary exposure in Canada, UK, and US are comparatively close at ca. 50-100 ng/day
(D’Silva et al., 2006; Harrad et al., 2004; Huwe and Larsen, 2005; Jones-Otazo et al., 2005;
Schecter et al., 2006). This, coupled with the recent report of Harrad et al. (2008c) that
Canadian and US exposure to tri-hexa-BDEs via dust ingestion exceeds by an order of
magnitude that in the UK and New Zealand, supports this hypothesis. In contrast, the story
for BDE-209 may be different. Exposure to this congener via dust ingestion has been shown
to be similar in North America and the UK (Harrad et al., 2008c). However, there are
insufficient data on both dietary exposure to BDE-209 and human body burdens to evaluate
whether any international differences exist in such parameters, and further investigation of
these issues appear warranted.

7.7 Concentrations in Different Microenvironment Categories

Given the likely variation in the deployment of goods containing POPs in different
microenvironment categories — for example, one would anticipate a higher density of
BFR-treated PCs, printers, etc., in office as opposed to domestic microenvironments — it
might be expected that there would be appreciable differences in the concentrations of POPs
in such categories. Tables 7.11 and 7.12 summarise the concentrations of target contami-
nants detected in air and dust from various microenvironment categories and demonstrate
that substantial differences exist. The significantly greater airborne concentrations of PCBs
in offices as opposed to homes suggests less extensive use of PCB-containing building
sealants in domestic buildings. Likewise, the significantly higher concentrations of tri-hexa-
BDEs detected in offices compared to homes is not unexpected, in view of the greater
preponderance in offices of potential sources of these congeners. In contrast, there are no

Table 7.11 Summary of median concentrations (pg/m’) of brominated flame retardants and
PCBs in indoor air from different microenvironment categories in Birmingham, UK

Pollutant; number of samples (Reference) Microenvironment category
Homes Offices Cars
>tri-hexa-BDEs; n =31, 33, and 25 for 24 71 41

homes, offices, and cars
respectively (Harrad, Abdallah, and
Ibarra, 2006)
YHBCDs; n=33 and 25 for homes and 180 170 -
offices respectively (Abdallah, Har-
rad, and Covaci, 2008)

TBBP-A; n =5 for both homes and offices 15 11 -
(Abdallah, Harrad, and Covaci, 2008)
YPCBs; n=31, 33, and 25 for homes, 1800 5900 930

offices, and cars respectively (Harrad,
Abdallah, and Ibarra, 2006)
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Table 7.12 Summary of median concentrations (ng/g) of brominated flame retardants and
PFOS in dust from different microenvironment categories in selected studies

Pollutant; number of
samples (Reference)

Microenvironment category

Homes

Offices

Day care centres/
primary school
classrooms

Cars

Xtri-hexa-BDEs; n =30,
18, and 20 for homes,
offices, and cars
respectively (Harrad
et al., 2008b)

BDE-209;n=18,15, and
9 for homes, offices,
and cars respectively
(Harrad et al., 2008b)

YHBCDs; n=45, 28, 20,
and 20 for homes,
offices, primary
school classrooms,
and cars respectively
(Abdallah, Harrad,
and Covaci, 2008;
Goosey, Abdallah,
and harrad, 2008)

TBBP-A; n =35, 28, 20,
and 20 for homes,
offices, primary
school classrooms,
and cars respectively
(Abdallah, Harrad,
and Covaci, 2008;
Goosey, Abdalla, and
Harrad, 2008)

PFOS; n=10, 38,10, 10,
and 5 for houses,
apartments, offices,
daycare centres, and
cars respectively
(Bjorklund, Thuresson,
and de Wit, 2008)

46

8100

1300

62

39 (houses); 19
(apartments)

100

6200

760

36

110

5200

110

32

190

100 000

13 000

11

significant differences in concentrations of HBCDs and TBBP-A in offices and homes, and
while the median PFOS concentration in office dust exceeded appreciably that in domestic
dust, no indication of whether this difference was significant was given. Of potential
significance is the observation that concentrations of HBCDs and TBBP-A in primary
school classroom dust exceed significantly those in offices. While caution is needed given
the relatively small number (7 =20) of classroom dust samples, further investigation of
classroom contamination appears justified. Of particular interest are the levels of contami-
nation detected in air and dust from cars. Concentrations of PBDEs and HBCDs are
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significantly higher in vehicles than in other microenvironments. Conversely, cars appear
comparatively uncontaminated with PCBs, PFOS, and TBBP-A. These observations
probably reveal compound-specific differences in the extent of their use in vehicles.

Such differences in contamination raises questions as to the relative contributions of
different microenvironments to overall exposure. To date, this has not been explored in any
detail. However, a recent study that confirmed earlier findings of high PBDE concentrations
in vehicles (Harrad, Hazrati, and Ibarra, 2006) estimated that 29% of inhalation exposure to
PBDEs (including BDE-209) occurred as a result of time spent in cars (Mandalakis
et al., 2008).

Also of note is that, to date, estimates of indoor exposure are population-based, and as yet
there exists a dearth of studies of the extent of personal exposure indoors. This may be
important in identifying particularly exposed individuals, who may frequent a series of
microenvironments containing elevated concentrations of POPs. To date, however, this has
yet to be examined for exposures received via either air inhalation or dust ingestion — the
study of Allen et al. (2007) monitored personal inhalation exposures in the home only.

7.8 Influence of Indoor Contamination on Outdoor Contamination

Given the likely vast reservoir of POPs associated with indoor environments (in air, dust, and
in treated goods/materials), Harrad and Diamond (2006) proposed that this reservoir was
exerting and would continue to exert, for the foreseeable future, a significant impact on
outdoor contamination and thus human exposure. This concept is dealt with in detail in
Chapter 8, but is mentioned here briefly to underline further the importance of indoor
contamination. In short, several studies have shown marked ‘urban pulses’ of both PCBs and
PBDEs, whereby concentrations in both outdoor air and soil are correlated positively with
the distance from the urban centres of Birmingham, UK, and Toronto, Canada (Harner
et al., 2006; Harrad and Hunter, 2006; Jamshidi ez al., 2007; Motelay-Massei et al., 2005).
A further link between indoor and outdoor contamination was made by the correspondence
between the chiral signatures of PCBs 95 and 149 in indoor and outdoor air, but not soil, in
Birmingham (Jamshidi et al., 2007).

7.9 Future Research Priorities

This chapter has shown the importance of indoor contamination with POPs and demon-
strated clearly that it is a fertile area of research. While good progress has been made with
furthering our knowledge of many aspects, there are a number of areas that the author
believes will form the focus of research efforts over the next few years. Specifically, these
include studies to:

1. Elucidate dust ingestion rates better, including how they vary with the dust loading in a
microenvironment.

2. Characterise, in more depth, the extent and causes of within-room spatial and temporal
variability in dust contamination.

3. Characterise better the extent and causes of within-building spatial variability.
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4. Determine the bioavailability to humans of pollutants other than PBDEs in dust.

5. Quantify personal exposures of individuals via air inhalation and dust ingestion.

6. Elucidate the pathways via which less volatile chemicals like BDE-209 migrate from
treated products into air and dust.

7. Characterise better the emission rates of POPs from treated goods.

8. Provide further understanding of the fate and partitioning of POPs in indoor
environments.

9. Evaluate the extent to which indoor contamination impacts on the outdoor environment.
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8.1 Introduction

POPs continue to fascinate and at times disturb (horrify) researchers, policy-makers and the
public. As earlier chapters of this book describe, POPs are found globally in every natural
and disturbed ecosystem. Our understanding of the ability of POPs to cause a wide range of
subtle adverse health effects at relatively low concentrations continues to grow. We continue
to revise our estimates of their persistence upwards as monitoring shows their very slow
degradation rates under a range of environmental conditions.

In response to the continuing discovery of the persistence, bioaccumulative properties,
and toxicity of POPs, regional, national and international policies ban the intentional
production of compounds, such as polychlorinated biphenyls (PCBs), several organochlo-
rine pesticides, such as mirex and dieldrin, and the brominated flame retardants poly-
brominated diphenyl ethers (penta-BDE and octa-BDE, and most recently, deca-BDE).
Policies and programs have also targeted the unintentional production and release of
POPs such as polychlorinated dibenzodioxins and furans (PCDD/Fs). Evidence of the
success of these policies has been seen in immediate reductions of air concentrations,
followed by declining concentrations in water bodies, soils, biota and our food supplies
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(e.g. Jeremiason et al., 1998; Meijer et al., 2003a; Gauthier et al., 2008; Law et al., 2006;
Szlinder-Richert et al., 2009). However, the levels of some of these banned compounds
are hovering around levels that could still be problematic (Bhavsar et al, 2007;
Fernie et al., 2008; Verboven et al., 2009). Several explanations have been proposed for
the stubbornly elevated levels of some of the banned compounds, including their unantici-
pated persistence and slow release from large, uncontrollable reservoirs such as soils and
sediments, and the ability of POPs released into the environment to cycle and recycle within
and among environmental compartments (Bidleman et al., 2006; Meijer et al., 2003;
Ockenden et al., 2003). For some banned compounds, there is a growing recognition that
primary emissions from existing stocks or releases, rather than secondary cycling, are
responsible for maintaining elevated levels (Meijer et al., 2003a; Robson and Harrad, 2004,
Jamshidi et al., 2007). We have argued previously that a reliance solely on bans on the
manufacture and ‘new’ use of POPs without addressing significant existing controllable
reservoirs will ultimately be ineffective in eliminating such chemicals from the environment
(Harrad and Diamond, 2006). This chapter addresses the complex relationships that
exist between the reservoirs of POPs, their migration from these reservoirs and the
implications for human exposure, both present and future.

8.2 Conceptual Model of POPs

To begin this discussion we recall that POPs were originally synthesized and enjoyed
widespread use because of their beneficial properties. Their high persistence meant that they
could extend the life of materials into which they were added, such as PCBs in building
sealants or electrical wiring, or perfluorooctane sulfonate, which allowed stains to be
repelled from fabrics. The low flammability of PCBs reduced the danger of fires in electrical
transformers and capacitors in which they were used in dielectric fluids. Their very low
volatility minimized, but did not entirely prevent, their escape from materials such as the
release of certain brominated flame retardants from plastics. Due to their persistence
and ability for global transport, this slow rate of escape has translated into increasing
concentrations in the receiving environment, which is the entire world!

The highly useful properties of nonpesticidal and intentionally produced POPs has resulted
in their widespread usage in innumerable materials and products at low ppm to percentage
concentrations. However, the mass of materials and products into which they have been
added has grown and continues to grow at rates well above the growth of populations making
use of them. As such, we have enormous reservoirs or stocks of materials and products that
contain a much smaller, but toxicologically significant, mass of POPs.

We have come to recognize that the extremely low rate of escape of POPs from the
reservoir, which is nested within the reservoir or stock of materials and products, is a source
of concern because it could result in exposures that could cause subtle toxicological effects
in humans and biota (Boucher et al., 2009; Ashwood et al., 2009; Fernie et al., 2008, 2009).

Let us consider a conceptual model of the reservoirs, or stocks, and flows of a POP that
leads to ecosystem and human exposure, as illustrated in Figure 8.1. We assume that the
chemical is used in consumer products and building materials. Further, we assume that
the greatest geographic concentration of the materials and products is in cities due to high
urban population densities (Chapter 6). Over time, an increasing mass of materials
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Figure 8.1 Conceptual model of sources, pathways and exposure to POPs with significant use
in the built environment, from exposure via the indoor environment, cities and food, and finally
the relationship with policy and regulation

containing the chemical will accumulate in the fabric of buildings, in goods and products
inside the buildings, and/or in the built infrastructure. For the POP contained in building
materials and consumer products, the low vapour pressure of the POP will result in a slow,
but significant, release into the indoor environment or directly outdoors. The release can
come from direct volatilization or ‘off-gassing’ as well as microscale abrasion of plastics
(Kemmlein et al., 2003; Webster et al., 2009).

Following release, the POP compound will experience fate in the indoor environment
according to its physical-chemical properties and characteristics of the indoor environment
(Zhang et al., 2009). Inevitably, indoor air concentrations will rise as the chemical seeks to
establish equilibrium among all compartments of the indoor environment (Weschler and
Nazaroff, 2008). In other words, the same principles of chemical fate that govern a
chemical’s movement outdoors will govern its movement indoors. However, a crucial
difference that leads to higher concentrations indoors than outdoors is the greatly reduced
opportunities for removal and dilution by air and water advection indoors, especially as
many homes and offices take steps to reduce heating (or cooling) losses by limiting air
exchange rates (Weschler, 2009). Further, mechanisms leading to permanent chemical loss,
such as photodegradation, biodegradation and burial to inaccessible soil or sediment layers,
are usually much reduced or absent compared to outdoors (Weschler and Nazaroff, 2008).

As indoor air concentrations rise over time, people in those environments will be exposed
to the chemical through air and/or dust inhalation and ingestion. The dominant mode of
exposure will be a function of the chemical’s volatility or K,,.

A fraction of the compound in indoor air and dust will inevitably be transported outdoors
via building ventilation and dust removal, respectively. The fraction of total emissions to
indoors that is released outdoors by way of ventilation and/or dust removal can be predicted
by the chemical’s K, the air exchange rate of the room or building, the dust removal rate and
chemical dynamics within the room (Zhang et al., 2009). Chemicals with lower values of K,
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and thus mostly in air, will be exported via ventilation whereas chemicals with higher K,,, for
which a significant fraction is in dust, will be exported via dust removal. The total fraction
exported from indoors is a function of the air exchange rate, room temperature, activity and
hence number of occupants within a room, age and function of the room, and the room’s
contents (Zhang et al., 2009). Export fractions via ventilation can vary widely from nearly
100 to 20% of total releases to air for lower chlorinated PCB and higher brominated PBDE
congeners, respectively (Zhang et al., in prep). The removed dust may be deposited outdoors
in landfill or incinerated, depending on the geographic location and personal practices.

In addition to ‘leakage’ from the indoor environment via ventilation, POPs enter the
outdoor environment via liquid and solid discharges from waste water treatment plants.
The liquid effluent is commonly discharged near population centres and biosolids can be
intentionally applied to agricultural lands near those centres. Products containing POPs and
the residue of our indoor environment (dust and rubbish) are deposited in landfills in many
localities, some is dumped directly into the oceans, while others are incinerated. Given their
persistence and volatility, POPs entering surface waters and oceans, applied to agricultural
land and contained in landfills will all be potential emission sources to the surrounding
environment.

Upon reaching the outdoor environment, POPs experience fate processes that are
consistent with their physical-chemical properties and that of the receiving environment.
Most compounds released to the city from indoor ventilation are exported via air advection;
only a small proportion (typically 1-20%) is either retained in a city’s soils or moves from
impervious surfaces into surface waters (Diamond et al., 2001; Jones-Otazo et al., 2005).
Unlike a typical forested environment, cities are poor sinks for chemicals (Priemer and
Diamond, 2002; Diamond and Hodge, 2007) (see Chapter 7).

Although the POPs are diluted while moving downwind or downstream of a city, their
persistence and bioaccumulative capacity means that following release to outdoors, POPs
are effectively ‘reconcentrated’ by incorporation into the food chain, with concomitant
impacts on our dietary exposure. In other words, some proportion of what we do not inhale in
indoor air or ingest via indoor air or household dust now, we will ingest later via our diet. The
‘we’ includes populations near and far from the locations of the production, use and disposal
of the materials and products since the stages in a product’s life cycle often occur globally.

The extent to which a POP is reconcentrated in terrestrial and aquatic food webs is a
function of its persistence, physical-chemical properties and properties of the receiving
system. According to Kelley et al. (2007), persistent compounds with values of log Ky,
between ~4-8, 5-7 and 68 and log K,,, above ~8§ that do not metabolize will biomagnify up
to 400, 8000 and 4000 times in terrestrial mammalian, marine mammalian and human food
chains, respectively. Compounds with values of log K, from 6 to 8 will biomagnify up to 75
times in aquatic food webs. The process of environmental transport and incorporation into
food supplies will be accelerated if the compound is within biosolids applied to agricultural
lands, in wastewater effluents discharged to surface waters and in dust deposited to landfills
adjacent to agricultural lands, and if industrial facilities that use the compound are located
nearby our sources of food.

In Figure 8.2 we visualize conceptually the time course of the relative importance of
exposure routes — indoor air/dust versus diet — as a function of time. The absence of scale
acknowledges the uncertainties involved and differences due to characteristics of the
chemical and receiving environment.
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Figure 8.2 Hypothetical time course in the relative magnitude of human exposure to PCBs and
PBDEs due to indoor exposure and dietary exposure. Note that the exact and relative magnitude
of exposures and time frame of trends are illustrative. (Reproduced with permission)

Some time after production begins and our inventory or stock of materials and products
containing the POP mounts, we will start to be exposed to the chemical via indoor air and/or
dust. At this point, exposure will be predominantly through the indoor environment, which
has the highest concentrations among all exposure media. Over time, as the chemical is
released outdoors and is transferred within ecosystems, a growing mass of the chemical will
accumulate in our food supply. At some point, our exposure to the chemical via food may
supersede our indoor exposure due to the ability of the chemical to bioaccumulate and/or
biomagnify. If the chemical is banned, then the inventory of materials and products
containing the chemical will slowly be replaced and consequently the mass indoors and
hence indoor exposure will decline. This will take time — a considerable time after a ban is
introduced on new production. As the indoor reservoir declines, chemical releases from
materials and products will continue to move from indoors to outdoors and into our food
supply.

The magnitude of future exposures and the relative significance of exposure pathways
depends on several factors, such as: (a) the production volume and uses of the chemical,
(b) the mass of chemical in materials and consumer products yet to be released indoors
and from indoors into the outdoor environment and (c) the efficiency with, and rate
at, which these chemicals are incorporated into human foodstuffs. Further, the time frame
of releases from building materials and consumer products to indoors and then outdoors
depends on the replacement rate of the building materials (many decades) and consumer
products (years). For example, lifetimes of large appliances are ~15 years, those of TVs
and radios 5-15 years, but those of computers and mobile phones only 1-4 years
(Delgado et al., 2007). Thus, understanding the source—pathway-receptor relationships
and the time course between chemical releases and human exposure is complex, owing to
the interplay between: (a) emissions of POPs from their sources in materials and products
over product life cycles (i.e. from cradle-to-grave), (b) the lag time between release and
exposure (which can be lengthy in the case of the dietary pathway) and (c) the roles played
by the characteristics of POPs and the receiving environment.
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The importance of the issue of chemical repositories gains greater currency when noting
that the rate of production and use of materials and goods, and, as such, their content of
chemicals of potential concern, has been rising much faster than rates of population growth
in the developed world. To illustrate this growth, Matos and Wagner (1998) calculated that
per capita use of total materials increased five times, from 2 to 10 tonnes per year, in the US
during the 20th century. Construction materials accounted for the greatest mass of materials
used. However, plastics showed the greatest growth rate among materials, of over 25% since
1995 (Delgado et al., 2007). Note that the annual rate of population growth in Western
Europe and North America has been ~0.4% and worldwide is ~1% (http://www.census.
gov/ipc/www/idb/worldpopinfo.html, accessed 31 May 2009). By comparison, the pro-
duction of electrical and electronic goods in Western Europe has increased annually at4.3%,
to reach 6.7 million tonnes in 2000. The OECD has estimated a ~6% growth in synthetic
chemical production annually, which is twice the rate of population growth of 3% in OECD
countries (OECD, 2001).

The issue of rising stocks of materials and goods is most pronounced in cities. Brunner
and Rechberger (2001) commented that cities are larger repositories of hazardous chemicals
than hazardous chemical dumpsites. Large masses of chemicals are necessary to support the
myriad human activities that take place in the industrial, commercial and residential sectors
of cities (Diamond and Hodge, 2007). Vienna experienced a 78% increase in the use of
construction materials from 0.1 m*/c y in the early 1900s to 2.4, 3.3 and 4.3 m*/c y in 1970,
1980 and 1990, respectively (Brunner and Rechberger, 2004). Currently, Vienna imports
12-18t/c y in goods and products whereas solid waste removal is 3 t/c y. In Hong Kong,
the import of plastics rose 400% to 3390 t daily from 1971 to 1997 (Kennedy et al., 2007,
among others).

A dramatic illustration of the mass of the chemical repository is the catastrophic release of
a small proportion of this reservoir that occurred with the tragic destruction of the World
Trade Center in New York City on 11 September 2001. In addition to the dreadful loss of life
when the Twin Towers were destroyed, the destruction of these two towers resulted in the
dispersal of 1.2 million tons of building debris, along with some fraction of the ~130 000 gal
of PCB-contaminated transformer oil from the two transformers housed in the buildings,
and the dispersal of PBDEs contained in the estimated 50 000 personal and 300 main frame
computers (Butt et al., 2004).

On an on-going basis, < 1% of the total stock of POPs leaves a city annually. Although the
fraction is small, the mass is large enough for cities to act as point sources of emissions to the
surrounding environment (Offenberg and Baker, 1997; Simcik et al., 1997; Diamond and
Hodge, 2007) and hence act as a contaminant source to our food supply. As mentioned in
Chapter 6, evidence of the ‘leakage’ of POPs from cities comes from urban—rural
concentration gradients that range from 5 to 50 depending on the chemical, medium and
nature of the built environment. Marked ‘urban pulses’ of PCBs, PBDEs and PAH
have been measured in outdoor air, window films and soil whereby concentrations are
correlated negatively with the distance from urban centres of Birmingham, UK, and Toronto,
Canada (Gingrich and Diamond, 2001; Harner et al., 2006; Harrad and Hunter 2006;
Jamshidi ez al., 2007; Motelay-Massei et al., 2005). Figures 8.3(a) to (d) illustrate how as
one travels with the prevailing wind direction from the rural southwest (site 1 — 48km
upwind of the city centre) through the city centre of Birmingham, UK (site 7), to the rural



The Chemicals That Will Not Go Away 247

area north-east of Birmingham (site 11 — 31 km downwind of the centre); concentrations rise
and fall in relation to proximity to the city centre. Other examples are cited in Chapter 6.

We next discuss this conceptual model as it applies to PCBs and brominated flame
retardants (BFRs). PCBs have been discussed in Chapters 5, 6 and 7 and BFRs are the focus
of Chapter 2.
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Figure 8.3 Annually averaged concentrations (error bars denote + 1 standard deviation) at
outdoor sites along a rural-urban transect across Birmingham, UK: (a) SPBDEs in air (pg/m>);
(b) SPBDEs in soil (pg/g); (c) SPCBs in air (pg/m’) and (d) SPCBs in soils (ng/g). Soil
concentrations normalized to soil organic carbon content. ((a) and (b) Reprinted with permis-
sion from Environmental Science and Technology, Concentrations of Polybrominated Dipheny!
Ethers in Air and Soil on a Rural-Urban Transect Across a Major UK Conurbation, by Stuart
Harrad et al., 40(15), 4548-4553. Copyright (2006) American Chemical Society. (c) and (d)
Reprinted by permission from Environmental Science and Technology, Concentrations and
Chiral Signatures of Polychlorinated Biphenyls in Outdoor and Indoor Air and Soil in a Major UK
Conurbation, by Arsalan Jamshidi et al., 41(7), 2153-2158. Copyright (2007) American
Chemical Society)
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Figure 8.3 (Continued)

8.2.1 Case Study: PCBs

PCBs are the archetypal group of compounds for which our conceptual model applies. Large
reservoirs of PCBs remain in use and in storage, particularly in cities and industrial areas. As
well, large reservoirs of PCBs exist in the soils, sediments, water, vegetation and biota of the
world. PCBs permeate our food supply. Our exposure comes from multiple routes
and, because of their ubiquity, it is possible to reduce, but not eliminate, one’s exposure
to PCBs. Legislative action has reduced but not stopped releases of ‘fresh’ PCBs into the
environment.

Most PCBs were added to reduce the flammability and increase the stability in mineral
oils used as dielectric fluids in electrical transformers and capacitors, including the small
transformers in fluorescent light fixtures (see Diamond et al., 2009, among others). PCBs
also saw widespread use as plasticizers in sealants in about one quarter of the many buildings
built during the post-WWII construction boom in Europe and North America, as flame
retardants in electrical wiring, and as a preservative in exterior paints and interior floor
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finishes (Herrick et al., 2004; Kohler et al., 2005; Robson et al., 2009; Rudel et al., 2008).
Other uses, but in much lower amounts, include in carbonless copy paper, adhesives,
magnetic tapes, inks and coatings for wood. The uses in indoor and outdoor building
sealants, in small lighting transformers, etc., have led to higher indoor than outdoor
concentrations at ratios of 10 to up to 100000 times (Bennett, 1983; see summary in
Rudel and Perovich, 2009). Elevated indoor air concentrations are typically in buildings
constructed from 1945 to the 1980s, after which PCBs were banned from new uses in many
jurisdictions. It is suspected that older buildings from which PCBs have been removed still
contain their memory in elevated air concentrations (Harrad et al., 2009).

Ample evidence shows that cities are geographic ‘hot spots’ of PCBs (e.g. see
Du et al., 2008; Jaward et al., 2004; Hafner and Hites, 2005; Totten et al., 2006). A causal
link between indoor and outdoor contamination was made by the correspondence between
the chiral signatures of PCBs 95 and 149 in indoor and outdoor air, but not soil, in
Birmingham UK (Robson and Harrad, 2004; Jamshidi et al., 2007). Thus, it is not surprising
that concentrations of PCBs are ~tenfold higher in urban than rural air, window films,
soils and sediments (Gingrich et al, 2001; Shen et al, 2006; Jamshidi et al., 2007,
Wong et al., 2009).

Many countries have a substantial reservoir of PCBs still in use and in storage, mainly in
electrical transformers, capacitors and switches, but also as additives in wiring, sealants
and other building applications. Chapter 5 discusses the magnitude of the reservoir in
developing countries as a result of dumping from developed countries. Diamond et al. (2009)
estimated that the reservoir of PCBs in Toronto, Canada (population 2.5 million), in the early
2000s was 437 tonnes (282-796 tonnes) or 687 mg/m2 (444-1253 mg/mz). Most of the
reservoir was within in-use and in-storage electric transformers and capacitors. Only 3% of
the total reservoir was estimated to be in building sealants, but this is likely to be an
underestimate because of the limitations of the sampling campaign that accessed only
outdoor sealants at ground level (Robson et al., 2009).

Several studies have estimated PCB release rates from cities ranging from 0.14 to
7.3mg/m’y or 335 to 1600mg/c y (Diamond et al., 2009; Van Gerven et al., 2004;
Gasic et al., 2009). For Toronto, this release rate is the equivalent of ~0.01-0.3% annually
of the total documented stock. Thus, the reservoir is enormous relative to the release rate,
particularly since the reservoir mass is underestimated.

As discussed in more detail in Chapter 6, 90-99% of PCBs emitted into a city’s air is
blown downwind (Diamond et al., 2009). Most of the fraction that is not blown downwind
accumulates on impervious surfaces and from there is washed off into surface waters. For
Toronto, this loading to surface waters is estimated to be a maximum of ~10kg/y, but
measurements by Robson ez al. (2008) put the number at ~1kg due to treatment of
stormwater, which can remove 33-99% of PCBs (Pham and Proulx, 2007). Despite these
high removal rates, wastewater treatment plant effluents are a significant source of PCB to
surface waters (Ling, Diamond and Mackay, 1993).

After leaving the city, the PCBs travel regionally and globally (Hoff et al, 1992;
Simcik et al., 1997; Gioia et al., 2008) and have ample opportunity to enter into our
food supply. Since at least the 1970s, PCB concentrations in predatory fish from the Great
Lakes have exceeded the guideline for unlimited consumption of 105 ng/g ww (Bhavsar
et al., 2007). Fish worldwide have elevated PCB concentrations (Hites et al., 2004). Indeed,
PCBs are the test chemicals with which to examine food web bioaccumulation and
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biomagnification processes (e.g. Norstrom et al, 1988; Debruyn et al., 2004; Gewurtz
et al., 2005). Trophic magnification factors that quantify the factor by which a chemical
increases in concentration for each trophic transfer vary from 0.14 to 11 in aquatic food webs,
depending on the particular food web (Kucklick et al., 1996; Wu et al., 2009; Helm
et al., 2008; Kelly et al., 2008).

Numerous studies document PCBs in food supplies as seen from the perspective of human
exposure (Davies, 1988; Schecter and Piskac, 2001). Due to their hydrophobicity, PCB
concentrations track closely concentrations of fat and lipids, resulting in foods rich in animal
lipids, such as fatty fish, cheese and meats, having the highest concentrations, as seen in Figure 8.4
(e.g. Watanabe et al., 1979; Wilson et al., 2003; Schaeffer et al., 2006; Koizumi et al., 2005).

As noted above, PCBs were banned from new production in the 1970s and 1980s. In
response, we saw rapid declines of their concentrations in air, herbage, biota and foods
(Alcock et al., 1993; Sanders et al., 1992; Jones et al., 1992; DeVault et al., 1996;
Jeremiason et al., 1998). This most likely reflects the fact that following the production ban,
emissions dramatically declined from point sources of industrial manufacture and major
uses. These declines, however, levelled off by the late 1980s and 1990s (Gewurtz and
Diamond, 2003; DeVault et al., 1996; Hickey et al., 2006; Bhavsar et al., 2007).

In contrast, emissions worldwide have continued (Figure 8.5; see Breivik et al.2002b,
2007). In cities, contaminated industrial sites and buildings containing PCB-laden sealants
have contributed to these emissions (Bignert et al., 1998). Harrad and co-workers (2006)
reported that concentrations of PCBs in indoor air in Birmingham, UK, had not declined
significantly between 1997 and 1998 and 2003 and 2004. Instead, they had remained (at an
average of 9ng XPCB/m®) around 3040 times higher than concentrations in outdoor air
measured on the University of Birmingham campus, 3km from central Birmingham
(Currado and Harrad, 2000; Harrad and Mao, 2004; Jamshidi et al., 2007).

Human exposure to PCBs from the 1970s to 1990s was ascribed to dietary sources with
little attention paid to exposure indoors. The initial, high exposure estimates fell within a
decade after the major bans on production and have since remained relatively constant
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Figure 8.4 PCBs and PBDEs in selected foods analysed by Health Canada as part of its Total
Diet Study (http://www.hc-sc.gc.ca/fn-an/surveill/total-diet/concentration/index-eng.php).
PCBs and PBDEs were analysed in foods sampled in Vancouver, Canada, in 2002
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Figure 8.5 Temporal trends of global emissions of POPs: (a) PCBs estimated by Breivik
et al. (2007) and (b) and (c) estimates of production and emissions of BDE-47 in North
America and UK, respectively, by Alcock et al. (2003). ((a) Reproduced with permissions from
Breivik et al., © (2007) Elsevier. (b) and (c) Reproduced with permission from Alcock et al.,
© (2003) Elsevier)

(Figure 8.6). Bennett (1983) calculated a mean PCB exposure of 24 pug/day for a US adult
calculated from food concentrations and food intake rates measured in the US in the early to
mid-1970s. He compared this with exposures of 5-100 pg/day estimated by WHO in 1976.
About 10 years later, Davies (1988) estimated an adult PCB intake of 0.09 ug/day from a
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Figure 8.6 Temporal trends in adult dietary intake of PCBs and PBDEs. (a) Estimates were
compiled from the following references for PCBs: Bennett, 1983; Davies, 1988; Koizumi
etal., 2005; DEFRA, 2007; Harrad et al., 2004, 2009. PBDEs: Darnerud et al., 2001; Kiviranta
etal., 2004, Jones-Otazo et al., 2005; D’Silva et al., 2006; Akutsu et al., 2008. (b) PBDE intake
estimated by D’Silva et al. (2006)

composite sample of meat, eggs, fruit and vegetables from Ontario, Canada. Her intake
estimate did not include freshwater fish. Koizumi et al. (2005) reported that dietary intakes
declined in Japan from 522.8 to 165.0 ng/day between 1980 and 1995. Dougherty et al. (2000)
reported an adult intake rate in the US of 4.9-7 ng/day estimated from foods sampled in the
early 1990s. The clear initial decrease followed by a levelling off in PCB exposure is perhaps
best seen in the UK. Exposures to non-dioxin-like PCBs fell from 950 ng/day in 1982 to
340-500 ng/day between 1992 and 2001 (specifically the sum of congeners 18, 28, 31,47, 49,
51, 52,99, 101, 128, 138, 153, 170 and 180; DEFRA, 2007). Harrad ef al. (2009) reported
adult dietary exposure to PCBs from 1992 UK foods and 2002 Canadian foods as 340 and
112 ng/day, respectively. We note that this comparison of PCB exposures is based on different
numbers of congeners, analytical methods and assumptions about food intake rates.
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Fish, with the highest PCB concentrations of all foods (Figure 8.4), contribute signifi-
cantly to total exposure, depending on intake rates. Evidence for the latter came from several
studies in the 1980s and 1990s, which found that consumption of Great Lakes fish was
related to PCB concentrations in human milk and body burdens (e.g. Schaeffer et al., 2006).
Moreover, children born to mothers who were frequent consumers of fish from
Lakes Ontario and Michigan were found to have cognitive and behavioural impairments
(e.g. Johnson et al., 1998; Lonky et al., 1996; Jacobson and Jacobson, 1996).

As dietary exposure declined from the peak in the 1970s and early 1980s, the relative
importance of exposure from indoors increased. Harrad et al. (2009) estimated that PCBs in
indoor air, and to a much lesser extent dust, contributed ~100 ng/day or half of the total
exposure of a Canadian adult. The contribution from air was only 15% in UK, where indoor
air concentrations are significantly lower than those in Canada.

What do we conclude from these seemingly disparate data? First, PCBs are intimately
woven into the fabric of our cities constructed from 1945 to the 1980s — our homes, offices
and schools. The global reservoir is not well documented but evidence suggests that it is
large (Breivik et al., 2002a, 2007; Diamond et al., 2009). Second, leakage from a reservoir,
which is suggested to be very low but nonetheless significant, ‘buffers’ our exposure via
indoor air and our food supply.

What of temporal trends in the relative contribution to exposures portrayed in Figure 8.27?
We hypothesize that exposures in the 1940s and 1950s would have been dominated by
inhalation of indoor air (excluding occupational exposure). This is the first curve in
Figure 8.2. By the 1970s, exposure would have shifted to food due to the biomagnification
and persistence of PCBs. Exposure to the general population via inhalation and diet declined
after legislative controls banned new production of PCBs in the 1970s and 1980s. This is the
second curve in Figure 8.2. Our current situation suggests that both curves have the long tails
of a logarithmic distribution. The long tail of indoor exposure dominates in North America
with its higher indoor air concentrations whereas the long tail of diet dominates in the UK.
The position of the dietary curve on the temporal scale should follow that of emissions
constructed by Breivik ez al. (2002a, 2007; Figure 8.5), but with a temporal lag due to the
differing response times of air, water, sediment and soil (e.g. Mackay, 1989).

This analysis clearly points to the successes and weaknesses of legislative actions taken to
control the use and releases of PCBs, which is the final component of our conceptual model
(Figure 8.1). Legislative action taken by many developed countries in the 1970s and 1980s
translated into clear and rapid initial declines in PCB concentrations in their countries’
environment and our food supply (noting the increase in PCB stocks in some developing
countries that received the PCB waste from the developed world!). However, the relatively
constant or slowly declining PCB concentrations globally since the late 1980s is of concern
for highly exposed populations such as those in the Arctic and fish consumers, as well as
those who reside in ‘PCB buildings’ (e.g. Van Oostdam et al., 2005, Schaeffer et al., 2006).
Our deepening knowledge of ever more subtle health effects adds to our unease. The 166
countries that signed the Stockholm Convention are ‘committed’ to bringing their PCB
stocks under ‘environmentally sound management’ (ESM) by 2028. However, as an
international treaty, the Stockholm Convention is not legally binding on its signatory
parties. Of the 159 countries that have signed, 35 have documented progress towards
achieving this goal but 7 of these parties have reported challenges with sufficient capacity
to document PCB inventories, let alone control or destroy their stocks. On the side of
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optimism, PCB levels in the environment, which includes us, will continue to drop as
countries adopt legislation to control and destroy PCBs, in compliance with the goals of the
Stockholm Convention.

8.2.2 Case Study: Brominated Flame Retardants

As discussed in Chapter 2, BFRs have been used as additive and reactive flame retardants in
myriad materials and products for over 30 years because of their effectiveness and low cost
(Alcock and Busby, 2006). Similarly to PCBs, some BFRs, notably PBDEs, are widely
dispersed in our environment and food supplies (e.g. Lorber, 2008; Pozo et al., 2006;
Ross et al., 2009). Again, we use our conceptual model presented in Figure 8.1 to interpret
temporal trends in concentrations and exposure. We also use it to discuss the role and
effectiveness of policies and legislative controls. We focus our discussion on PBDEs for
which most is known, with some information on HBCD and TBBPA and ‘newer’ BFRs
such as bis(2,4,6-tribromophenoxy)ethane, or BTBPE, and (2-ethylhexyl)tetrabromophtha-
late, or TBPH (Stapleton et al, 2008; Kolic et al, 2009). We use the quotation
marks for ‘newer’ because at least some of these BFRs have been in the marketplace
for decades but have seen revived use as countries have banned penta- and octa-BDE
and, most recently, deca-BDE (e.g. Alcock and Busby, 2006; Hoh et al, 2006;
Stapleton et al., 2008).

BFRs such as PBDEs and HBCD have been used as additive flame retardants that are not
chemically bonded to the plastic polymer and are thus available for volatilization, in contrast
to TBBPA, which is used mostly as areactive flame retardant that is chemically bonded with
the polymer. The concentrations of BFRs associated with treated products such as electronic
goods are typically at the ppm to percent level (Schlummer ez al, 2006; Petreas and
Oros, 2009). In particular, BFRs can be added at up to 10% by weight to polystyrene (PS),
high impact polystyrene (HIPS) and acrylonitrile butadiene styrene (ABS), the polymers
most commonly used in TV, telephone and other visual display unit casings (Delgado et al.,
2007). The list of materials and products that may contain BFRs is long, e.g. upholstery
fabrics, carpets, furniture and car seating casings for TVs, photocopiers, computers and
other electronic and electrical goods. HBCD may be added to blown foam used for structural
insulation. TBBPA is used in epoxy resins, HIPS, ABS and terephthalate (PET) plastics
used in printed circuit boards, electronic casings and other uses (Morf et al., 2003).

The reservoir of materials and goods containing BFRs is enormous. Much of the reservoir
is in the plastics and circuit boards of electronic and electrical equipment (EEE). It is an
astounding business success and a potential WEEE (waste electronic and electrical
equipment or e-waste) disaster that Apple Inc. sold 1 million iPhones in less than three
months in 2007. In the same year, Apple Inc. sold its 100 millionth iPod (http://www.apple.
com/pr/library/2007/04/09ipod.html; accessed 30 March 2009). The magnitude of the EEE
reservoir is starkly illustrated by statistics on the generation of WEEE, which is, of course,
the outflow of the stock of EEE. WEEE from the US in 2001 was estimated at 2.26 million
tonnes, 6 million tonnes from the EU in 1998, 1.1 million tonnes from Germany in 2005,
6.77 million tonnes from Korea in 2004 and 1.5 million tonnes from France in 2004
(Nnorom and Osibanjo, 2008). Worldwide, UNEP has estimated that global generation of
WEEE is 20-50 million tonnes annually (Burke, 2007; Leung et al., 2007). Small products
or SWEEE comprised of household appliances (hair dryers, coffee makers, vacuum
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cleaners, telephones, mobile phones, TVs, screens, printers, radios, photocopy machines)
may be less in weight than large products how sWEEE typically contains higher levels of
Br and thus presumably brominated organics (Morf et al. 2007).

The devastating effects of the magnitude of WEEE and its burden of BFRs (and other
toxic compounds) are borne most acutely by developing nations who receive much of
the WEEE (see Chapter 5). Moreover, the problem may get worse before it gets better as
electronic products have an ever-shorter lifespan and global sales increase (Delgado
et al., 2007). In addition to WEEE, BFRs have been used extensively in the vehicle
industry. In 2005, an estimated 621 000 tonnes of autoshredder wastes (including
fridges, ovens, etc.) and 1200 million tonnes of discarded consumer electronics
containing high ppm to percent levels of PBDEs (mostly BDE-209 but also other
congeners including BDE-47 and -99) were generated in California alone (Petreas and
Oros, 2009).

Morf et al. (2003) conducted a detailed material flow analysis of PBDEs and TBBPA in
Switzerland as of the late 1990s. They calculated that over the past 20 years, a reservoir of
approximately 12 000 tonnes of BFRs has been amassed in Switzerland. In the late 1990s the
reservoirs of penta- and deca-BDE were decreasing but that of TBBPA was increasing
(Figure 8.7). We summarize their results for octa- and deca-BDE and TBBPA.

According to Morf and co-workers (2003), a total of 6000 tonnes of octa-BDE was
produced globally in 1991, then falling to 3800 tonnes in 1999. Its use was primarily as a
flame retardant in ABS plastic in electrical and electronic appliances, as well as in
thermoplastic polyesters, polyamides and latex textile coverings. Over two decades, the
stock of octa-BDE rose to ~680 tonnes in Switzerland, of which ~42% was in TVs, 21% in
cars, 10% in building materials and 16% in plugs and switches. Morf et al. (2003) estimated
that the stock is declining with inputs of 22 t/y and outputs of 62 t/y, which, in 13—18 years,
would shift the main reservoir of octa-BDE to waste management (e.g. landfills) rather than
products. The fastest decline was expected in TVs (36% of waste stream), electronic data
processing equipment and other office equipment (26%). They also estimated that electronic
and electrical goods and materials in private households accounted for the greatest source of
nonpoint source emissions to the environment. The nonpoint emissions were estimated at
0.4t/y or ~0.01% of the total stock annually.

Deca-BDE has had the largest market share of the three PBDE mixtures, particularly after
the restrictions on production and new uses of penta- and octa-BDE in the EU and North
America in 2004. Deca-BDE has been used in high impact polystyrene (HIPS) plastics for
the casings of electronic and electrical appliances and products. Morf et al. (2003) estimated
that the stock of deca-BDE in Switzerland was 5600 tonnes with 320 tonnes added (new
products) and 370 subtracted (disposal) from the stock annually in the late 1990s. The
largest percentage of this flow (45%) was in electronic and electrical finished products, of
which electronic data processing equipment and household electrical appliances accounted
for 17 and 11%, respectively. In contrast to the flows, the largest percentages of the stock of
deca-BDE were in building materials (30% plastic sheeting and insulating foams) and cars
(also 30%). In comparison, 20% of the stock was in the more rapidly replaced household
electronic and electrical household appliances, which they estimated comprised 44% of the
370t/y waste stream.

The stock of TBBPA of 5600 tonnes is similar to that of deca-BDE, with additions and
removals in the late 1990s of 1130 and 550t/y, respectively. Thus, the reservoir was
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estimated to be expanding at a rate of 180t/y. In the reservoir, 40% was in semi-finished
products such as building materials and 60% in finished goods such as appliances.
Consistent with its use, mostly as a reactive flame retardant, nonpoint emissions of TBBPA
were estimated at only 0.0005% of the reservoir annually.

As discussed in Chapter 7, BFRs are released from consumer products into the indoor
environment. The clear lines of evidence of emissions into the indoor environment are direct
emission measurements, modelled emission estimates and numerous studies documenting
higher indoor than outdoor air concentrations (e.g. Kemmlein et al., 2003; Wilford
et al., 2004; Stapleton et al., 2005; Harrad et al., 2008a; Zhang et al., 2009). Moreover,
we have clues that electronic goods are likely to be greater sources than other products and
materials (Hazrati and Harrad, 2006; Allen et «al., 2008). Using a fugacity-based mass
balance model, Zhang et al. (2009) estimated emission rates of £;BDE (BDE-28, 47, 66,
100, 99, 154, 153) from one computer in one room to be 5-35 ng/h or 25-175 ng/m?* day
(m? of office area), which is of similar magnitude to that reported by Kemmlein ez al. (2003)
of 10.7ng/m*h from a TV housing (m® of TV casing) or 21 ng/unit h from a printed
circuit board. Batterman et al. (2009) estimated a mean release rate of 480 ng/m2 day of
2,0PBDE from US houses including garages, based on measured concentrations in dust and
HVAC filters. Further, they estimated that the release rate was 0.1-0.7% annually of the total
stock.

Zhang et al. (2009) also estimated that for a particular room examined in a modelling case
study, from 30 to 50% of emissions were released outdoors by ventilation. In contrast,
30-60% was lost via dust removal (e.g. vacuuming). In many localities, dust removal
geographically relocates, but does not destroy, the chemical. In contrast, Batterman
et al. (2009) estimated releases to outside air of 4.6 mg/house y or ~13% of indoor
emissions of 35 mg/house y.

Outdoor air concentrations of BFRs are 10 to 100 times lower than those indoors (Harrad
et al., 2004; Shoeib et al., 2004; Wilford et al., 2004). We reasonably postulate that the
outdoor concentrations, especially those in cities, are maintained by a constant emission
from indoors. The other main sources of BFRs outdoors are industrial sites where BFRs are
synthesized and are used to make finished products and sites that handle wastes containing
BFRs (Hale et al., 2002; Hoh and Hites, 2005; Cahill et al., 2007). As with PCBs, the
signature shifts from the full range of halogenated congeners emitted from indoor sources to
less halogenated, more volatile and mobile congeners outdoors, with the notable exception
of the surprising abundance of deca-BDE (Butt et al., 2004; Venier and Hites, 2008).

Aggregate emissions of BFRs from cities are surprisingly similar to that estimated to be
released from the indoor environment. The estimate of indoor emissions by Zhang
et al. (2009) of 25-175 ng/m2 day for X,BDE (not including deca-BDE) was relatively
close to that estimated by Jones-Otazo et al. (2005) of 200-900 ng/m* day Z,,BDE (not
including BDE-209) coming from the City of Toronto (both rates are per m” of flat area). In
turn, the emission rate estimated by Jones-Otazo et al. (2005), expressed as 19-82 mg/c y,
was ~3-12 times greater than the 7 mg/c y for Denmark estimated by Palm (2001) and
100-300 times greater than ~0.3mg/c y for penta- and octa-BDE estimated by Morf
et al. (2003). That the emission estimates are within a factor of ~100 is surprising since they
were derived using different methods — Palm and Morf et al. based their emissions on
material flow analyses whereas Jones-Otazo et al. derived their estimates from a chemical
mass balance model for a city.
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Over 95% of penta- and octa-BDEs emissions to the air of cities are estimated to be blown
downwind from a city, with the remainder degrading or being transferred to soils and surface
waters (Jones-Otazo et al., 2005). Air measurements confirm both the importance of cities
as ‘hotspots’ or point sources to the surrounding environment and regional atmospheric
transport. Urban—rural gradients of PBDEs vary from 3 to 6 (Hoh and Hites, 2005) to up to
100-fold (Jaward et al., 2004). From populated centres, BFRs, including the very low
volatility deca-BDE, undergo regional and long-range transport (Wania and Dugani, 2003;
Breivik et al., 2006; de Wit et al., 2006).

In addition to the movement of BFRs via atmospheric transport, BFRs have ramified
through the global environment through the production, use and disposal of products
(see Chapter 5). Significant production of EEE (and hence the use of BFRs) takes place in
developing countries such as the Ukraine, Mexico and countries in Asia where minimal
waste management is practised. Unfortunately there is a dearth of information describing
the consequences of EEE production in these countries. More information has been
documented on WEEE. UNEP has quoted that 80% of computer waste has been exported
to China as illegal imports for ‘recycling’ (Burke, 2007). As China restricts imports of
electronic waste, other countries such as Nigeria and Ghana now host disposal sites
(Nnorom and Osibanjo, 2008; Schmidt, 2006). Recent reports suggest that waste electronics
disposal/recycling centres in developing countries are a major source of emissions and
exposure to BFRs and other chemicals to the workers, which include children, dismantling
the products with no protection (Qu et al., 2007; Huo et al.,2007). These ‘recycling’ centres
are also emission sources of POPs to the local environment and, consequently, others in
nearby communities (Bi et al., 2007; Wu et al., 2008).

In the environment, PBDEs bioaccumulate and biomagnify in food webs, although to a
lesser extent than PCBs due the metabolic debromination of higher brominated congeners
(Stapleton et al., 2004, 2006). Trophic biomagnification factors vary from 0.26 to 4.47 for
YPBDEs (Wu et al., 2009; Wan et al., 2008; Kelly et al., 2008). While the metabolic
debromination of PBDEs in aquatic biota reduces trophic transfer of the higher brominated
congeners, it produces lower brominated congeners that are available for uptake and
biomagnification (Gandhi et al., 2006; Shaw et al., 2009).

We next turn to examine exposure to BFRs and particularly PBDEs. This examination is
complicated by the year and geographic location of the analysis because of the rapid changes
in environmental concentrations and differing usage rates of BFRs according to country.
However, it is this complication that led us to hypothesize that the route of exposure can shift
over time as a persistent chemical is released from its point of use (and early exposure) to
outdoors and from there to our food supply.

Early exposure assessments focused on diet and in particular fish that had elevated
concentrations relative to other animal products (Kiviranta et al., 2004; Ohta et al., 2002).
These assessments were informed by our experience with PCBs and PCDD/F for which
diet was clearly the main exposure route. The exposure assessments pointed to a missing
source since dietary intake of PBDEs did not seem to account for some elevated levels
being measured in breast milk or blood serum. A particular puzzle was the source of
PBDEs to the few women with up to 1000 times higher concentrations in their breast
milk relative to others. For example, Ryan (2004) reported that concentrations from
98 Canadian women ranged from 23 to 38 240 ng/kg whole milk with an arithmetic
mean and median of 2400 and 880 ng/kg whole milk. Another puzzle was the ~tenfold
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higher breast milk concentrations in North American than in European women
(e.g. Betts, 2002).

Stapleton et al. (2005) were the first to find elevated levels of PBDEs in house dust and to
posit that exposure to dust could be an important exposure route. This was followed by
confirmation of dust as the dominant exposure route to PBDEs and that diet was secondary
for North Americans (Jones-Otazo et al., 2005; Lorber, 2008). Dust, as the main exposure
route, was able to account for those women with much higher PBDE concentrations and
some of the geographic differences seen among continents (Harrad et al., 2008b).
Wu et al. (2007) confirmed the dust exposure hypothesis by finding a clear relationship
between PBDE concentrations in the breast milk and household dust for 46 mothers in the
Northeast US. Further, Zota et al. (2008) found that blood serum levels of residents of
several counties in California were twofold higher than that in the US as a whole, and
concluded that this was consistent with 4—10 times higher dust concentrations. Betts (2008)
provides an excellent overview of the subject.

Another aspect of dust being the main exposure route is that toddlers have greater
exposure than adults. Jones-Otazo et al. (2005) estimated that the mean exposure of toddlers
(0.5-2 years) was 10 times greater than that of adults because of toddlers’ higher dust
ingestion rates. Similarly, Lorber (2008) estimated that children (1-5 years) had exposures 6
times greater than that of adults, again due to dust ingestion. Support of this relationship was
provided by Fischer et al. (2006), who measured PBDE concentrations 25 times higherin a
toddler than adults in a family from California.

Complications with understanding exposure also arise due to geographic and lifestyle
differences. Higher PBDE dust concentrations in the UK and California and potentially
higher exposures have been related to the high standards of flame retardancy in these
jurisdictions (Harrad et al., 2008b; Zota et al., 2008), although commodities manufactured
to meet the Californian standard are marketed throughout North America. Those with
lifestyles involving greater usage of PBDE-containing products may have higher body
burdens than those that do not (LaKind et al., 2008).

Diet is also an important route of exposure to PBDEs, particularly for individuals for
which indoor exposures are low and/or fish is an important food. For adults, dietary
contributions vary from 44 ng/day in Finland (2002 food samples analysed for BDE-47, 99,
100, 153, 154; Kiviranta et al., 2004) and 21-46 ng/day in Japan (2000 food samples
analysed for penta- and deca-BDE; Akutsu ef al., 2008) to 90 ng/day in the UK (1999 food
samples for BDE-47, 99, 100, 153, 154; Harrad et al., 2004) and 155 ng/day in Canada (2002
food samples for 18 congeners not including deca-BDE; Jones-Otazo et al., 2005). Of
particular concern is the estimated high exposure to breast-fed infants of a mean of 1965
(24-28 680) ng/day (Jones-Otazo et al., 2005).

If we look at dietary exposure more closely, we see that indoor levels could play a role
there too. Fish often have the highest concentrations of PBDEs in food baskets (e.g. Jones-
Otazo et al., 2005; Schecter et al., 2008). However, when we compare levels of PBDEs and
PCBs in a market basket, we find that processed foods, such as ready-made pizza, cooking
oils, sweets, beverages and spices, have relatively higher concentrations than foods that
undergo limited processing (e.g. fruit) (Kiviranta et al., 2004; Jones-Otazo et al., 2005;
Akutsu et al., 2008). This is illustrated in Figure 8.4, which shows that foods sampled in
Vancouver, Canada, by Health Canada in 2002 had higher concentrations of PCBs in milk,
eggs and meat due to, presumably, food chain transfer, versus pizza and salad oils that were
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higher in PBDEs, which we suggest is due to direct transfer from indoor sources during
processing.

The final component of the conceptual model is the temporal dimension whereby we shift
from exposure near the point of chemical use and release to exposure through our food
supply via environmental pathways. We postulated this for PCBs but lacked data on human
exposure during peak usage. However, we are now in the midst of this shifting temporal
trend for PBDEs. The temporal trends for PBDEs are discussed in Chapter 2.

Sweden first took action to limit PBDEs in 1997 and shortly thereafter saw decreases in
concentrations in breast milk (Betts, 2002). Meanwhile, concentrations continued to rise in
the breast milk and biota of other countries with concentrations about tenfold higher in
North America (Hites, 2004). There are now indications that the EU’s cessation of the
manufacturing and new use of the penta- and octa-BDE formulations in 2004 has resulted in
adecline in contemporary environmental concentrations and exposure. D’Silva et al. (2006)
monitored UK dietary exposure to XPBDEs (excluding BDE-209) between 1992 and 2003
(Figure 8.6(b)). They estimated that exposure peaked in 1995-1996, and by 2003 had fallen
to less than 1992 levels. Likewise, the recent decline in UK consumption of HBCD has been
mirrored in a fall in concentrations of HBCDs in marine mammals in UK waters (Law
et al., 2008). Continued monitoring of environmental concentrations is required if we are to
establish whether the encouraging pace of such initial improvements are reflected in the
long term, or whether — as appears to have occurred with PCBs — it slows substantially as
relatively more emissions originate from materials and products with long replacement
times than emissions from the de novo synthesis and the manufacturing of PBDE-containing
products. Moreover, we have yet to determine the importance of the enormous environ-
mental reservoir of PBDEs, notably BDE-209 (Ross et al., 2009). Thus, at this time we have
evidence that human exposures are declining in countries that have banned some PBDEs
and that do not have extensive recycling of PBDE-containing products. We cannot yet
compare rates of decline in our indoor exposures, over which we have some control, versus
diet and our food supply, over which we have minimal control.

As discussed above, a factor that complicates time trends with respect to PBDE:s is their
tendency to debrominate to lower brominated congeners. Thus, it is not unreasonable to
hypothesise that, over time, the current reservoir of deca-BDE, as well as octa- and
even penta-BDE will be transformed, with a resultant cascading enhancement of human
exposure to the more bioavailable and toxic lower brominated congeners (Ross et al., 2009).
Preliminary evidence to support this hypothesis is already emerging. Schenker et al. (2008)
have estimated that approximately 13 and 2% of penta- and tetra-BDE, respectively, in the
environment is attributable to the degradation of deca-BDE. Shaw et al. (2009) have
documented the contribution of degradation products of BDE-209 to the body burdens
in Northwest Atlantic Harbour seals. Thomsen et al. (2005) have reported a rise in the
relative contribution of the hexabrominated congener BDE-153 to human body burdens.
In the future, we hypothesize that further such changes in the congener pattern of human
exposure may emerge, driven by progressive debromination of the higher brominated octa-
and deca-BDE commercial formulations released into the environment.

As discussed in Chapter 2, several jurisdictions have passed legislation to restrict or ban
PBDEs. However, the devil is in the details of the legislation. Passed in 2004, the EU has the
tightest restrictions on penta- and octa-BDEs, which were banned from production and
consumer products. Several large corporations have complied with this ruling although
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compliance is not independently monitored. The US EPA brokered a voluntary agreement in
2004 with two manufacturers of penta- and octa-BDE to discontinue their production. It is
not clear what provisions exist for controlling penta- and octa-BDE in goods imported into
the US. Several US states (e.g. California, Illinois, Minnesota, New York, Hawaii) have
banned these two mixtures (CELA and Lowell Center for Sustainable Production, 2009).
Canada banned the production, importation and use of tetra- to hexa-BDEs in 2006, but the
legislation did not provide for a ban on imported finished goods containing these congeners.
In July 2008 the EU upheld the ban on the use of deca-BDE in electrical and electronic
goods. Canada followed suit in 2009 by banning deca-BDE in electronics and electrical
equipment by 2011, based on the finding that deca-BDE can degrade to lower brominated
congeners.

Hopefully the tide will soon ebb of WEEE, including the stock that still contains PBDEs
and newer BFRs from Europe and North America, which reaches the shores of developing
countries for ‘recycling’. The EU introduced WEEE legislation in July 2007 to promote the
sustainable disposal of such goods and thus minimize associated POPs emissions. Compa-
rable legislative initiatives are slow to emerge in North America and other parts of the globe.
Canada has refused to take action nationally, leaving the individual provinces to enact their
own legislation. Ontario, the most populous province in Canada, has taken such action in
2009. A similar situation exists in the US where several US states, including Illinois,
Minnesota, Pennsylvania and New York, have enacted legislation providing for the
management of obsolete electronics (CELA and Lowell Center for Sustainable
Production, 2009).

8.3 Discussion

Figure 8.2 illustrates what Aas happened with PCBs and what we hypothesize will occur
with recent and current-use POPs such as PBDEs, HBCD and potentially the latest
emerging flame retardants, such as bis(2,4,6-tribromophenoxy)ethane, or BTBPE, and
decabromodiphenylethane, or DBDPE (Hoh and Hites, 2005; Stapleton et al., 2008; Kolic
et al.,2009; Ismail et al., 2009). At the present time, it appears that we are somewhere on
the left of the graph for PBDEs, which began major production some time in the 1970s,
and further to the right for PCBs, where the corresponding date is 1945 (e.g. Koizumi
et al., 2005). Moreover, for PBDEs it is likely that Europe is further to the right and
North America further to the left, due to the earlier legislative restrictions of the penta- and
octa-BDEs in Europe and greater use of these mixtures in North America (Alcock
and Busby, 20006).

We noted in the introduction to this chapter that the current policy paradigm has
successfully reduced direct emissions of several POPs to the outdoor environment from
industry, thereby producing initial rapid decreases in nearby outdoor concentrations. The
Stockholm Convention strives to implement international controls over 12 POPs
(see Chapter 1) among the 166 countries that signed in 2001. The EU and North America
have legislative frameworks that screen for chemicals in commerce according to their
persistence, bioaccumulative potential and toxicity. However, there are loopholes in
policies and legislation, including REACH, that are now being implemented in the EU.
Current legislation in the EU and North America does not address POPs in imported goods
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and nor does it address the reservoir of goods in our built environment that contain banned or
controlled chemicals.

At the same time, we note the magnitude of the challenge to control the worldwide
dispersal into ecosystems of POPs that are in storage (e.g. PCBs) and in use (DDT, lindane,
PCBs, PBDEs, HBCD), not to mention those already circulating in the environment. Some
countries continued to produce POPs after production bans have been enacted in other
jurisdictions (e.g. the case of Russia producing PCBs well into the 1990s; Breivik
et al., 2002a). In other cases we do not know production rates or inventories of banned
POPs (Breivik and Alcock, 2002).

For PCBs and PBDEs, the masses produced are sobering given the longevity of the
chemicals. A total of 1.325 million tonnes of PCBs were produced globally over 60 years
from the early 1930s to the 1990s (Breivik et al., 2007). US production by Monsanto
increased 57% from 1960-1964 to 1965-1970 (Voldner et al., 1986). We do not know the
total global reservoir of PBDEs. Global production of BFRs in 2001 was > 200 000 tonnes.
Of this, PBDE production was 67 440 tonnes plus 119 700 and 16 700 tonnes of TBBPA
and HBCD, respectively, with production increasing at 4-8% annually (Birnbaum and
Staskal, 2004; Morf et al, 2005, among others). Alcock et al. (2003) estimated
global production of 100 000 tonnes of penta-BDE between 1970 to the early 2000s
(Figure 8.5(b)). Even if less than 0.1% of the reservoir is released, this seems sufficient to
result in our exposure ‘today’ through indoor sources and ‘tomorrow’ through our food
supply.

Can further legislation be enacted to control the flow of POPs in materials and goods?
Even if legislation is enacted to control POPs in existing reservoirs, do we have the know-
how, resources and capacity to quantify, collect and dispose of the reservoir and to replace
the materials and products with ‘safe’ alternatives? Perhaps not, given our long list of
pressing societal priorities. Rather, we should turn the end of the telescope towards
ourselves to ask how we can reduce our rapacious appetite for the materials and products
that populate the technosphere, with the co-benefits of reducing POPs in our homes, schools
and workplaces and moving towards a more sustainable future!
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